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GLOSSARY
Acrotelm. The surface layer of an active peat-forming mire, composed of the most
recently deposited material, within which the water table fluctuates and where
water moves more freely than in lower peat layers. See also Catotelm (Bruneau &
Johnson 2014).
Active peat-forming. Peatlands subject to ongoing peat formation, often inferred
from the presence of peat-forming vegetation (Bruneau & Johnson 2014).
Assemblage. Phylogenetically related groups within a community (Fauth et al. 1996).
It is more loosely applied than community, referring in general to "arthropod
assemblages", a collection of taxa that were not identified to species in most cases,
but are phylogenetically related.
Assembly rules. Rules defining the composition of communities and determining
which subset of species existing in a given geographical region can be found existing
together in a given habitat (Garnier et al. 2016).
Attribute. The value or state of a trait determined in a given location at a given time
(Garnier et al. 2016).
Blanket bog. Bog habitats which deposits expanses of peat that blanket the
landscape. It includes both active and degraded versions of this type of habitat with
semi-natural vegetation (Bruneau & Johnson 2014).
Block. A conifer plantation stand within a plot, which may have a boundary with the
same treatment type in a contiguous block, or a boundary with a different treatment
due to the position of the block within the plot. In the experimental design, the
largest unit is a plot, that contains several blocks of the same or different treatments.
Brash. Above-ground parts of the tree not normally removed from site for sale after
thinning or clearfelling, normally branches, tree crowns and small dead trees
unacceptable for conventional timber processing. Conifer brash will normally include
needles (Moffat et al. 2006).
Catotelm. The lower layer of an active peat-forming mire which remains
permanently waterlogged, and through which water usually moves less freely
(Bruneau & Johnson 2014). See also Acrotelm.
Centre of the Functional Space. In the context of functional measures, it refers to the
centre of the volume occupied by the species traits according to species distribution,
and it follows Cartesian coordinates (0,0). The Centre of Gravity refers to the volume
as well, but treating the volume as an object, therefore the centre of gravity is the
average location of the weight of an object.
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Climax Community. Biological community (fauna or flora) that has reached a steady
state through the process of ecological succession over time (Clements 1936).
Community. A collection of species occurring in the same place at the same time
with a common boundary (Fauth et al. 1996). This term could be applied at different
spatial levels, but instead of being applied at the reserve level (Forsinard Flows), it
has been narrow down to treatment, so it refers to a collection of species within a
particular treatment. For a more loose conception of community that accounts for
phylogenetic relatedness we have used the term assemblage instead.
Disturbance. The relatively abrupt loss of biomass or structure from an ecosystem
that creates opportunities for establishment through alteration of resources or the
physical environment. Disturbances both initiate and modify succession and
organisms have complex responses to disturbance that impact biodiversity (Garnier
et al. 2016).
Environmental Filtering. Originally defined for the study of plant communities, it
refers to the habitat/environment conditions that select "filter" species with
particular traits or phenotypes to establish themselves and persist, excluding all
others. This concept is nowadays applied in a wider context, particularly in studies
regarding community assembly, succession, biological invasions and biogeography
(Kraft et al. 2015).
Eurytopic. Ecological synonym to generalist, euryhaline or polyphagous (Futuyma &
Moreno 1988).
Fen. Fens are minerotrophic peatlands that receive some water and nutrients from
the mineral groundwater table of the surrounding landscape (Lindsay 1995).
Function. A specific activity carried out by part of a whole (organism) or by the whole
itself (Garnier et al. 2016).
Functional diversity. The variation in the degree of expression of functions between
the different individuals of a population, between populations of the same species,
between species, or between ecosystems. It was initially defined as being the value,
the range, and the relative abundance of the traits measured in a given community;
however, when it refers to the distribution of trait values the term ‘functional
structure’ should be preferred, as the term ‘diversity’ is often used as being
synonymous with ‘divergence’ (Garnier et al. 2016).
Functional trait. Any species trait that directly influences the fitness of an individual
via its effects on growth, reproduction or survival (Garnier et al. 2016).
Functional turnover. Change in functional composition of the species community,
e.g. Robroek et al. 2017.

23

Generalist. Broad range of physiological tolerances or resource use (Futuyma 2001).
Habitat template theory. Habitat provides the templet on which evolution forges
characteristic life-history strategies. The habitat is defined along two axes: one for
the frequency of disturbances and one for general adversity scenarios. Its scaling in
space and time is based upon temporal and spatial scales appropriate for the
organism under study. Trade-offs will be dictated by genetic variability as a reflection
of phylogenetic history, which may lead to more than one stable strategy for a
particular environment (Southwood 1988).
Legacy Effects. normally used to describe impacts of a species on abiotic or biotic
features of ecosystems that persist for a long time after the species has been
extirpated or ceased activity and which have an effect on other species. In the
context of ecological inheritance, it refers to a physical or biological change in
ecosystem state that is caused by one species, where this change persists after the
extirpation of the causal species and alters selection pressure of another species
much later in time (Cuddington 2011).
Macrotope. Complex mosaic of peatland systems in which peatlands are either
adjacent or hydrologically linked with each other in a landscape (Lindsay et al. 2010).
Mesotope. Individual peatland unit, often described in terms of their landscape
position, e.g. saddle mire, watershed mire (Lindsay et al. 2010).
Microtope. Small-scale surface pattern that occurs across the peatland unit. The
simplest pattern described is hummock-hollow (Lindsay et al. 2010).
Microform/Nanotope. Microforms are individual features making up the surface
pattern of the bog at the nanotope level (Lindsay et al. 2010). Different bog types can
have different combinations of these elements, but usually no more than three are
found. There are several types: peat mounds, erosion haggs, hummocks, high and
low ridges, Sphagnum hollows, erosion gullies, mud-bottom hollows, flushes,
drought-sensitive pools and permanent pools. Ridges and hummocks allow slow
water movement and more common for bog surfaces where little rain falls and needs
to be retained in situ. Flushes are widespread features that channel water over the
bog surface into distinct lines of water collection and transport (Lindsay 1995).
Mire. Wetland that supports peat-forming vegetation (Lindsay 1995).Wetlands can
occur both with and without peat and, therefore, may or may not be peatlands. A
mire is always a peatland. Peatlands where peat accumulation has stopped as a
result of drainage, for example, are no longer mires. When drainage has been
particularly severe they are no longer wetlands (Bonn et al. 2016).
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Nanotope. The small-scale structural elements which create the microtope patterns,
called nanotopes or microforms. They are the smallest structural component of a
bog, e.g. hummock, low ridge (Lindsay et al. 2010).
Nurse crop. A tree species in a mixture that is planted to protect, or enhance the
growth of, a more sensitive species intended to form the final crop, e.g. pine nursing
oak. The nurse crop is usually removed during the early thinning stage (Forest
Research). https://www.forestry.gov.uk/fr/infd-5v8ebw
Ombrotrophic mire/Bog. (greek ombros = a storm of rain, trophos = feeder, nurse).
A peatland where the nutrient supply is derived from direct atmospheric
precipitation alone (Lindsay 1995).
Peatland Degradation. It usually refers to negative impacts recorded in peatland
habitats as a result of anthropogenic land uses such as afforestation, mining,
agriculture, etc. These impacts come in many forms, from large patches of bare peat
or high levels of dissolved organic carbon in the water to drainage and lowering of
the water table through gullies and drains. Different categories for peat degradation
were proposed by (Lindsay & Immirzi 1996) and (Bruneau & Johnson 2014).
Plot. Each individual site considered in the experiment that comprises a treatment,
including forest controls (e.g. DK2 brash, DK2 fine brash, DK2 enhanced, DK2 forest).
In the experimental design, the largest unit is a plot, that contains several blocks of
the same or different treatments.
Raised bog. Bog habitat which is characterised by an accumulation of peat that rises
above the surrounding landscape often in lowlanad wet floodplains and/or often
over surface of existing fen peat. It includes both active and degraded versions of this
type of habitat (Bruneau & Johnson 2014).
Stenotopic. Ecological synonym to specialist, stenohaline or oligophagous (Futuyma
& Moreno 1988).
Specialist. Species with a narrow range of physiological tolerances of resource use
(Futuyma 2001).
Species pool. Species occurring in part of a region comprise a subset of the fauna, or
flora, of that region and so can be predicted from the regional species list, given
certain provisos. The regional species pool is used to generate predicted species lists
for sites, for comparison with lists of observed species derived from the same sites,
and the databased biological information is used to compare attributes of the
predicted and observed lists. The unit of biodiversity is the species and the unit of
biodiversity maintenance is the habitat (as defined in European classification
systems, i.e. CORINE (Speight & Castella 2001).
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Taxonomic turnover. Change in species composition or species replacement (e.g.
Robroek et al. 2017).
Trait. Any morphological, physiological, or phenological heritable feature measurable
at the individual level, from the cell to the whole organism, without reference to the
environment or any other level of organization (Garnier et al. 2016).
Trait syndrome. Suite of traits correlating within an ensemble of species, genotypes
or individuals (Garnier et al. 2016).
Tyrphobiontic. Species obligatory associated to peat bog. Highly stenotopic, narrow
tolerances and confined obligatorily to peat bog habitats in temperate zones, but
more widely distributed in boreal and subarctic zones (Spitzer et al. 1999). Taxa
included in this category are often considered relict (Bezděk et al. 2006; Spitzer &
Danks 2006).
Tyrphophilous. Species characteristic from peat bogs but not restricted to them;
better represented and abundant in bogs than in other habitats such as conifer
forests, heathlands and other types of wetlands (Spitzer et al. 1999; Bezděk et al.
2006; Spitzer & Danks 2006).
Tyrphoneutral. Eurytopic species, widely distributed without specific preference for
peat bog habitats (Spitzer et al. 1999). Usually distributed in various habitats around
the bog locality (Bezděk et al. 2006; Spitzer & Danks 2006).
Wetland. Area inundated or saturated by water for all or part of the year to the
extent that it supports soil microbes and rooted plants adapted for life in saturated
soil conditions. The Ramsar Convention also includes all open fresh waters of
unlimited depth, and marine water of a depth of up to six meters at low tide (Bonn et
al. 2016).
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NOMENCLATURE & CODING OF CARABID SPECIES
(Luff 2007)
Subfamily
Carabinae
Carabinae
Carabinae
Elaphrinae
Loricerinae
Nebriinae
Nebriinae
Nebriinae
Nebriinae
Platyninae
Platyninae
Pterostichinae
Pterostichinae
Pterostichinae
Pterostichinae
Pterostichinae
Pterostichinae
Scaritinae
Trechinae
Trechinae
Trechinae
Trechinae

Tribe
Carabini
Carabini
Cychrini
Elaphrini
Loricerini
Notiophilini
Notiophilini
Nebriini
Nebriini
Platynini
Platynini
Pterostichini
Pterostichini
Pterostichini
Pterostichini
Pterostichini
Zabrini
Dyschiriini
Patrobini
Trechini
Trechini
Bembidiini

Species Name
Carabus glabratus Paykull, 1790
Carabus problematicus Herbst, 1786
Cychrus caraboides Linne, 1748
Elaphrus cupreus Duftschmid, 1812
Loricera pilicornis Fabricius, 1775
Notiophilus biguttatus Fabricius, 1779
Notiophilus germinyi Fauvel in Grenier, 1863
Leistus terminatus Panzer, 1793
Nebria salina Fairmaire & Laboulbene, 1854
Agonum fuliginosum Panzer, 1809
Agonum ericeti Panzer, 1809
Pterostichus adstrictus Eschscholtz, 1823
Pterostichus niger Schaller, 1783
Pterostichus diligens Sturm, 1824
Pterostichus nigrita Paykull, 1790
Pterostichus rhaeticus Heer, 1837
Amara lunicollis Schiødte, 1837
Dyschirius globosus Herbst, 1784
Patrobus assimilis Chaudoir, 1844
Trechus obtusus Erichson, 1837
Trechus rubens Fabricius, 1792
Bembidion quadrimaculatum Linnaeus 1761

Code
CGLA
CPRO
CYCA
ECU
LPIL
NBIG
NGER
LTER
NSAL
AFU
AER
PAD
PNIGE
PDIL
PNIGR
PNIGR
ALU
DGLO
PASS
TOB
TRU
BQU
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NOMENCLATURE & CODING OF MOTH SPECIES
(Agassiz et al. 2015)

Family

Subfamily

Common Name

Noctuidae

Noctuinae

Gothic

Geometridae

Larentiinae

Yellow Shell

Geometridae

Larentiinae

Twin-spot Carpet

Noctuidae

Noctuinae

True Lover's Knot

Geometridae

Larentiinae

Treble-bar

Geometridae

Ennominae

Tawny-barred
Angle

Noctuidae

Noctuinae

Square-spot Rustic

Noctuidae

Hadeninae

Smoky Wainscot

Noctuidae

Noctuinae

Small Square-spot

Geometridae

Larentiinae

Small Rivulet

Noctuidae

Xyleninae

Small Dotted Buff

Noctuidae

Noctuinae

Six-striped Rustic

Geometridae

Larentiinae

Silver-ground
Carpet

Noctuidae

Plusiinae

Silver Y

Geometridae

Ennominae

Scalloped Oak

Geometridae

Ennominae

Satin Beauty

Geometridae

Larentiinae

Red Carpet

Geometridae

Larentiinae

Purple Bar

Geometridae

Larentiinae

Pretty Pinion

Erebidae

Hypenodinae

Pinion-streaked
Snout

Latin Name
Naenia typica Linnaeus,
1758
Camptogramma
bilineata Linnaeus, 1758
Mesotype didymata
didymata Linnaeus,
1758
Lycophotia porphyrea
Denis & Schiffermüller,
1775
Aplocera plagiata
plagiata Linnaeus, 1758
Macaria liturata Clerck,
1759
Xestia xanthographa
Denis & Schiffermüller,
1775
Mythimna impura
Hübner, 1808
Diarsia rubi Vieweg,
1790
Perizoma alchemillata
Linnaeus, 1758
Photedes minima
Haworth, 1809
Xestia sexstrigata
Haworth, 1809
Xanthorhoe montanata
Denis & Schiffermüller,
1775
Autographa gamma
Linnaeus, 1758
Crocallis elinguaria
Linnaeus, 1758
Deileptenia ribeata
Clerck, 1759
Xanthorhoe decoloraria
Esper, 1806
Cosmorhoe ocellata
Linnaeus, 1758
Perizoma blandiata
Denis & Schiffermüller,
1775
Schrankia costaestrigalis
Stephens, 1834

Code
NTY
CBI
MDI

LPO
APL
MLI
XXA
MIM
DRU
PAL
PMI
XSE
XMO
AGA
CEL
DRI
XDE
COC
PBL
SCO
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Geometridae

Larentiinae

Pine Carpet

Geometridae

Larentiinae

Northern Spinach

Noctuidae

Xyleninae

Northern Arches

Noctuidae

Noctuinae

Neglected Rustic

Geometridae

Ennominae

Mottled Beauty

Noctuidae

Xyleninae

Middle-barred
Minor

Hepialidae

Map-winged Swift

Geometridae

Larentiinae

Manchester
Treble-bar

Geometridae

Ennominae

Magpie

Geometridae

Ennominae

Light Emerald

Noctuidae

Noctuinae

Noctuidae

Plusiinae

Noctuidae

Noctuinae

Noctuidae

Xyleninae

Large Ear

Geometridae

Larentiinae

July Highflyer

Noctuidae

Noctuinae

Ingrailed Clay

Noctuidae

Xyleninae

Haworth's Minor

Geometridae

Larentiinae

Grey Pine Carpet

Geometridae

Larentiinae

Grey Mountain
Carpet

Geometridae

Larentiinae

Green Carpet

Noctuidae

Plusiinae

Gold Spot

Noctuidae

Noctuinae

Flame Shoulder

Geometridae

Larentiinae

Flame Carpet

Noctuidae

Xyleninae

Dusky Brocade

Lesser Yellow
Underwing
Lempke's Gold
Spot
Large Yellow
Underwing

Pennithera firmata
Hübner, 1822
Eulithis populata
Linnaeus, 1758
Apamea exulis Lefebvre,
1836
Xestia castanea Esper,
1798
Alcis repandata
Linnaeus, 1758
Oligia fasciuncula
Haworth, 1809
Korscheltellus
fusconebulosa De Geer,
1778
Carsia sororiata Prout,
1937
Abraxas grossulariata
Linnaeus, 1758
Campaea margaritaria
Linnaeus, 1761
Noctua comes Hübner,
1813
Plusia putnami Lempke,
1966
Noctua pronuba
Linnaeus, 1758
Amphipoea lucens
Freyer, 1845
Hydriomena furcata
Thunberg, 1784
Diarsia mendica
Fabricius, 1775
Celaena haworthii
Curtis, 1829
Thera obeliscata
Hübner, 1787
Entephria caesiata
Denis & Schiffermüller,
1775
Colostygia pectinataria
Knoch, 1781
Plusia festucae
Linnaeus, 1758
Ochropleura plecta
Linnaeus, 1761
Xanthorhoe designata
Hufnagel, 1767
Apamea remissa
Hübner, 1809

PFI
EPO
AEX
XCA
ARE
OFA
KFU
CSO
AGR
CMA
NCO
PPU
NPR
ALU
HFU
DME
CHA
TOB
ECA
CPE
PFE
OPL
XDES
AREM
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Lasiocampidae Pinarinae

Drinker

Noctuidae

Noctuinae

Dotted Clay

Geometridae

Larentiinae

Dark Marbled
Carpet

Noctuidae

Noctuinae

Dark Brocade

Noctuidae

Xyleninae

Dark Arches

Geometridae

Ennominae

Geometridae

Larentiinae

Geometridae

Larentiinae

Common Carpet

Noctuidae

Xyleninae

Clouded-bordered
Brindle

Geometridae

Larentiinae

Chevron

Noctuidae

Hadeninae

Broom Moth

Geometridae

Ennominae

Brimstone Moth

Geometridae

Ennominae

Bordered White

Noctuidae

Hadeninae

Beautiful Yellow
Underwing

Noctuidae

Plusiinae

Beautiful Golden Y

Geometridae

Larentiinae

Barred Straw

Geometridae

Ennominae

Barred Red

Noctuidae

Noctuinae

Autumnal Rustic

Noctuidae

Noctuinae

Archer's Dart

Noctuidae

Hadeninae

Antler Moth

Common White
Wave
Common Marbled
Carpet

Euthrix potatoria
Linnaeus, 1758
Xestia baja Denis &
Schiffermüller, 1775
Dysstroma citrata
Linnaeus, 1761
Mniotype adusta Esper,
1790
Apamea monoglypha
Hufnagel, 1766
Cabera pusaria
Linnaeus, 1758
Dysstroma truncata
Hufnagel, 1767
Epirrhoe alternata
Müller, 1764
Apamea crenata
Hufnagel, 1766
Eulithis testata
Linnaeus, 1761
Ceramica pisi Linnaeus,
1758
Opisthograptis luteolata
Linnaeus, 1758
Bupalus piniaria
Linnaeus, 1758
Anarta myrtilli Linnaeus,
1761
Autographa pulchrina
Haworth, 1809
Gandaritis pyraliata
Denis & Schiffermüller,
1775
Hylaea fasciaria
Linnaeus, 1758
Eugnorisma glareosa
Esper, 1788
Agrotis vestigialis
Hufnagel, 1766
Cerapteryx graminis
Linnaeus, 1758

EPOT
XBA
DCI
MAD
AMO
CPU
DTR
EAL
ACR
ETE
CPI
OLU
BPI
AMY
APU
GPY
HFA
EGL
AVE
CGR
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"It is not what you look at that matters, it is what you see"
Henry David Thoreau

" Species are prisoners of their evolutionary history"
Edward O. Wilson

"En Macondo comprendí que al lugar donde has sido feliz no debieras tratar de
volver"
Joaquín Sabina, Peces de Ciudad

"Ni un paso atrás. Ni para tomar impulso"
Fidel Castro
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ABSTRACT
The restoration of drained afforested blanket bogs is a cost-effective management approach
in peatland conservation that aims to restore key ecosystem functions such as biodiversity
and carbon storage and sequestration. Although arthropods are one of the most abundant
and widespread animal groups in peatlands, little research has been carried out to assess
their response to the variety of restoration management techniques that have been applied
in afforested blanket bogs.
We assessed the effectiveness of restoration by investigating the restoration trajectory of
arthropod assemblages in formerly afforested blanket bog. We first looked at the long-term
trajectory of arthropod assemblages, as well as carabid and moth taxa, in a chronosequence
of tree-felled/drain-blocked treatments. Then, we looked at the short-term response of
arthropod and carabid assemblages in treatments under varying regimes of brash
management. General arthropod assemblages, and the functional traits of carabids and
moths, were used to further investigate what type of biotic and abiotic parameters might be
of importance during restoration. Lastly, we looked at potential biondicators of restoration
progress to be used in restoration monitoring.
The long-term restoration trajectory showed that typical bog assemblages are yet to be
achieved due to persistence of generalists, as well as absence of bog specialists. Divergence
in assembly trajectory was found at 18 years since onset of restoration, suggesting the
emergence of an alternative state. Short-term restoration shows that brash might act as
temporary habitat at early stages, where carabids favour lower structurally complex habitats
than arthropods. Broad patterns of moth distribution revealed trait syndromes associated
with blanket bog, whilst abiotic components such as vegetation structure, temperature, plot
perimeter and blanket bog connectivity were found to be key for arthropod assemblages.
The latter suggests potential legacy and edge effects associated with the restoration process.
Arthropods and carabids showed high habitat specificity and fidelity, providing high
bioindicator potential for restoration progress.
This thesis shows that typical bog arthropod assemblages largely rely on habitat
microstructure, particularly Sphagnum mosses, and associated microclimates for survival.
Management can provide temporary refuge for arthropods, but the re-establishment of
peat-forming vegetation and water table depth is essential for the return of typical bog
assemblages. Though trade-offs might be encountered in the long-term restoration of
peatland functions, a restoration framework is provided for the monitoring of arthropod
assemblages.
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INTRODUCTION
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1.1 GENERAL INTRODUCTION: PEATLAND HABITATS
Peatlands are the most widespread wetland type in the world (50-70% of known
surface cover) (Joosten & Clarke 2002). They are characterised by the accumulation
of peat, which is partially decomposed plant material and soil organisms that
accumulate at the surface of the soil profile, facilitated by the almost permanent
anoxic waterlogged conditions (Clymo 1984; Čivić & Jones-Walters 2010). These
habitats cover 4 million km2 or 3% of the world’s land (Bain et al. 2011; Brooks et al.
2014), of which 515,000 km2 or 12.5% are foundin Europe(JNCC 2011). Peatlands can
be defined in numerous ways (Joosten 1997), holding a different meaning depending
on the basis and context in which the definition is used (Lindsay 2010). The Ramsar
Convention (1971) defined peatlands as both active (peat-forming) and inactive
habitats because peatland habitats can go through active and inactive periods during
their development (Joosten & Clarke 2002; Lindsay 2010), but excluded those
peatlands were peat deposits were lost as a result of human activities (JNCC 2011).
Active periods are characterised by an extremely slow accumulation process that can
be up to one mm a year, resulting in peat deposits that are meters in depth after
thousands of years of accumulation (Charman 2002). Thus, one of the key criteria for
defining peatlands is the minimum peat depth benchmark, which is arbitrary (Holden
et al. 2004) and differs between countries. In Scotland, 50 cm is the minimum
benchmark differentiating between shallow and deep peat (Bruneau & Johnson
2014).
The classification of peat-forming peatlands, also known as mires, is complex
because it can be based on a variety of physical categories or habitat properties,
from soil to vegetation and geological features (Andriesse 1988; JNCC 2011; Bruneau
& Johnson 2014). Additionally, different types of peatlands can be adjacent to each
other or hydrologically linked in the landscape at the macrotope level (Glossary)
(Lindsay et al. 2010). In this study, classifying peatlands as ecosystems allows
investigation of individual peatland units (mesotope level, Glossary), and shows the
contrast between ombrotrophic bog peatlands, which receive water exclusively from
precipitation (e.g. blanket bog, raised bog); and minerotrophic peatlands, which
receive water from the ground and/or surface sources where peat accumulates in
gentle slopes (e.g. fens) (Lindsay 2016). However, climate also has a great influence
in the genesis of peatland habitats, leading to a wide range of peatland types from
tropical peat swamp forests in Indonesia to large marshes in South America and cool
oceanic blanket bog in Europe (Andriesse 1988; Lindsay 1995).
In the UK, bogs are the predominant type of peatland, representing 2.3 million ha or
9.5% of UK land (Lindsay 2010; JNCC 2011; Artz et al. 2012). Scottish bogs though
represent over 85% of the known extent of bogs in the UK (Bruneau & Johnson
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2014). They are characterised by a two-layered soil structure (Ingram 1978): the
acrotelm, the aerobic top thin layer comprised of peat-forming vegetation
(Sphagnum mosses primarily); and the inert lower layer or catotelm, a thick layer of
decomposed organic material where rainwater is stored, but flows through slowly
(Bruneau & Johnson 2014, Glossary). The acrotelm is affected by the natural
fluctuation of the water table, whereby the lowest water table depth is the base of
the acrotelm layer (Holden & Burt 2003). The catotelm is largely anaerobic and
almost permanently waterlogged, composed of older peat material that is slowly
decomposing (Bruneau & Johnson 2014). Two types of bogs are further distinguished
in the UK: blanket bog, where peat is deposited as a blanket covering the landscape;
and raised bog, where peat accumulation rises above the surrounding landscape
(Bruneau & Johnson 2014). Both types of habitats are able to hold great amounts of
water within dead Sphagnum moss fragments. Peaty pools are also common features
of bog habitats, where excess rainfall water can be stored (SNH 2001).
Scotland supports 60% of UK's peatlands, of which raised bog is restricted to lowland
raised bog habitats, whereas blanket bog is widely distributed in northern Scotland
due to its wet and cool oceanic climate (Lindsay et al. 1988; SNH 2001). Blanket bog
is the most extensive semi-natural habitat in Scotland, covering 23% of the land or
1.8 million hectares (Bruneau & Johnson 2014). The peatlands of Caithness and
Sutherland in northern Scotland ("The Flow Country"), constitute the largest extent
of blanket bog in Europe, 400,000 ha with a peat thickness ranging from 50 cm to 78 m (Lindsay et al. 1988; Eccles 2015), and they form a unique habitat for biodiversity
(Lindsay et al. 1988) (Figure 1.1A). Blanket bogs are characterised by a patterning of
microforms (Glossary) spatially distributed across the bog surface, which present
differences in terms of water table depth, plant composition, pH and CO 2 dynamics
(Doyle 1982; Doyle 1990; Tallis & Livett 1994; Macdonald et al. 1998; Laine et al.
2007), and frequently also in terms of biodiversity assemblages (Bezděk et al. 2006;
Spitzer & Danks 2006).

1.2 IMPORTANCE OF PEATLANDS: ECOSYSTEM FUNCTIONS & SERVICES
Peatland functioning is sustained by the strong relationship between three
components of the peatland: vegetation, peat and water. Disturbance of a natural
peatland will have cascading effects for each of these components, which respond at
different speeds. For example, vegetation tends to be more easily disturbed than
hydrology, and this in turn is faster to respond to change than peat itself (Bonn et al.
2016). A rapid decline in the number and habitat quality of pristine European
peatlands has been observed since the 1800s due to climate change and human
activities (Joosten & Clarke 2002). This has led to recognition of the value of peatland
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Figure 1.1A. The peatlands of Caithness and Sutherland in northern Scotland. Dark purple indicates primarily blanket bog habitat with some wet
heath; light purple indicates primarily heath habitat with some blanket bog. Adapted from Eccles 2005. Reproduced with permission from SNH.

functions and services at the local and global scale, as well as the importance of
peatlands for biodiversity and global climate (Parish et al. 2008).
Peatlands have been traditionally used as a natural resource of energy (World Energy
Council 2001); or used as a growing substrate, particularly for agriculture and
forestry (Čivić & Jones-Walters 2010). They have also been a source of construction
materials and biomass (Bonn et al. 2016). Nowadays, with the adoption of the
ecosystem services (ES) framework, peatlands can provide a wide range of ES (Eccles
2015, Bonn et al. 2016), although these can be difficult to accurately evaluate and
quantify (Evans et al. 2014; Reed et al. 2014). Unfortunately, many of the
anthropogenic land uses carried out on to peatlands can lead to significant carbon
emissions and impoverishment of biodiversity (Minayeva et al. 2008; Danielsen et al.
2009; Marsden & Ebmeier 2012).

1.2.1 Biodiversity
Natural peatlands host a rich biological diversity (Minayeva et al. 2017), including
rare plant, bird and invertebrate assemblages (Littlewood et al. 2010; Minayeva &
Sirin 2012) for which they are considered habitats of high conservation value (Avery
& Leslie 1990; Joosten 2001). In an ES framework though, biodiversity can work as a
regulator of ecosystem processes or as a final ecosystem good (Mace et al. 2012).
Further consideration of peatland biodiversity is given in section 1.3.

1.2.2 Carbon Storage and Sequestration
It has been estimated that healthy peatlands would store the equivalent to one third
of the world’s soil carbon storage (Joosten & Clarke 2002). Thus, although occupying
only 3% of the world's soils, they would globally hold more than two times the
carbon pool of world’s forests, which occupy 20% of the land surface (Brooks et al.
2014). In the UK alone, peatlands contain over half of the UK’s soil carbon storage
(Defra 2009; Billett et al. 2010), with the Flow Country being the UK's single largest
area for soil carbon storage (Milne & Brown 1997; Chapman et al. 2009). Scotland
alone, where 60% of UK's peatlands are found, contains 4% of Europe's peat carbon
storage (UK CCC 2011).
Bogs have intricate carbon budgets, as their carbon sink or carbon source nature can
vary seasonally (Hargreaves et al. 2003; Hambley 2016). In general, natural
peatlands are CH4 emitters but overall carbon reservoirs (Cannell et al. 1993; Roulet
et al. 2007).
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1.2.3 Other Ecosystem Services
In a healthy peatland, the water table never drops below the acrotelm/catotelm
boundary, and even though minor fluctuations can be observed both daily and
seasonally, the water table tends to be mostly within a few centimetres of the
surface even during extended drought periods (Labadz et al. 2010). Due to this
incredible water storage capacity, provisioning services include maintenance of
water quality and water supply for nearby localities (Holden et al. 2007; MartinOrtega et al. 2014). Regulating services include flood alleviation (Zedler & Kercher
2005; Keddy 2010), and the maintenance of natural physico-chemical and biological
conditions connected with climate change mitigation (Marsden & Ebmeier 2012).
Peatlands also offer cultural services, as they are a traditional component of the
landscape (Anderson 2001), as well as places of enjoyment, artistic inspiration,
recreation and contemplation (MEA 2005; Glenk et al. 2013). They are also an
important source of palaeoecological and archaeological records (Barber 1993;
Langdon et al. 2003; Whitehouse et al. 2008; Gearey et al. 2010; Langdon et al. 2012;
Menotti & O’Sullivan 2012).

1.2.4 Ecosystem Services in the Context of Ecological Restoration,
Conservation and Policy
The concept of ES, coined by Ehrlich & Ehrlich (1981), evolved from the concept of
ecosystem function (the compendium of ecosystem processes that occur within an
ecological system (Loreau et al. 2002)) by accounting for how useful such processes
are for human societies. Hence, the ES framework rests in the interface of ecology
and economics, considering ecosystems as capital assets (Costanza et al. 1997,
Turner & Daily 2008). The idea of ES was popularised by the Millennium Ecosystem
Assessment (MEA 2005), and monetisation was conveniently incorporated into
practical conservation via ES markets or payment schemes (Daily & Matson 2008,
Pagiola 2008), and soon after also into conservation policy (EC 2008). However,
several authors (e.g. Peterson et al. 2010, Büscher et al. 2012) have noted that the
popularisation of the ES concept has led to misinterpretations of its original
conception and purpose. Thus, the understanding of ES has seen a shift from a
utilitarian perspective reflecting the role that ecosystems play in human societies, to
a pragmatic valuation and market approaches that fit the short-term policy cycle
found in most political societies (Gómez-Baggethun et al. 2009).
Nowadays, western market economies often base environmental decisions on cost
benefit analyses (Gómez-Baggethun et al. 2009), where ES frameworks are
commonly applied in conservation policy within a neoliberal economic framework
often linked to ideological positions. In practice, this means that ES frameworks are
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usually affected by the interests of stakeholders, often instilled by subjective
ideological beliefs, and largely determined by existing institutional economic
structures and historical contingencies (Büscher et al. 2012).
This monetising view of ES has been suggested to stimulate large-scale ecological
crises because of the nature of capitalistic approaches (Büscher et al. 2012). First of
all, a capitalistic approach alienates key aspects of ecosystems that are inherently
based on connectivity and togetherness (everything is connected to everything else),
because this commoditisation of nature seeks separation and marketisation of
natural goods. Then, the dynamic nature of capital (Marx 1906) means that the
aforementioned ES framework is inherently expansionist, always trying to bring more
aspects of nature into its market. Thus, certain suggested avenues for anthropogenic
ES, such as payments based on a value that sustains and conserves ES, depend not
only on the price of the commodity but also on the continuous circulation of capital
(Büscher 2012).

1.3 STATUS OF UK PEATLANDS
The extent and quality of peatland habitats has been declining since the 1800s
(Raeymaekers et al. 1999; Joosten & Clarke 2002; Holden et al. 2004; Čivić & JonesWalters 2010; Evans et al. 2014) due to global threats primarily in the form of land
use intensification (e.g. afforestation, crops, mining) and climate change (Roulet
2000; Charman 2002; Huttunen et al. 2003; Vasander et al. 2003; Holden et al. 2004).
In Europe, for instance, high population density, agriculture, horticulture and other
uses have led to 44% of Europe's current peatlands to be inactive (no longer
accumulating peat) (Bonn et al. 2016). Accordingly, the European Commission
published a report highlighting the "particularly bad [status] in the Atlantic and
Continental bio-geographic regions" of peatland habitats (EC 2009). Under the EC
Habitats Directive, the UK and other member states are required to regularly report
on the conservation status of priority habitats such as peatlands. A complex
framework of national and international policies, some of which require similar
commitments to EU legislation, such as the Ramsar Convention (Ramsar Convention
2013), the Convention on Biological Diversity (CBD 2008), the Kyoto protocol (Bain et
al. 2012) or the UK Biodiversity Action Plan (BAP) for blanket bog habitats (JNCC
2016), cover aspects of biodiversity conservation, climate change and sustainable
development in peatlands. These policies potentially affect peatland conservation
and management, although there is limited information as how some of these
policies affect peatland habitats specifically (Reed et al. 2010).
The status of UK peatlands was assessed in 2011 by the Joint Nature Conservation
Committee. Peatland classification has traditionally been based on soil, vegetation

39

and geological definitions; but external factors, such as land management and
environmental pressures, can also affect peatland functions (JNCC 2011; Bruneau &
Johnson 2014). Hence, peatlands categories can also be described based on the
degree of degradation: 1) active peatland, likely with peat-forming vegetation
present and largely unmodified hydrology; 2) bare peat, peatlands that have been
affected by erosion or other drivers that resulted in the removal of all vegetation, but
unaffected by land use change; 3) archaic peat, similar to bare peat but has been
subject to land use change such as cultivation; 4) wasted peat, a habitat that has lost
its peat-forming vegetation and peat soil depth; and 5) degraded peat, which
describes all intermediate stages between active and bare peat characterised by a
semi-natural vegetation cover dominated by graminoids or ericoids (JNCC 2011).
Such classification allows not only the recognisition of the extent of degradation of a
site, but also the identification of patterns of degradation. For instance, erosion can
sometimes be a natural process in blanket bog, but it is often observed to extend
over large areas removing vegetation and leading to additional impacts regarding
changes in peat geomorphology and gas fluxes (JNCC 2011).
Overall, the quality of most UK peatland habitats is declining or likely to be declining
(JNCC 2011). The state of Scottish semi-natural peatlands is monitored by Scottish
Natural Heritage (SNH). For blanket bog, 1.8 million ha were shown to be declining or
slowing in their peat accumulation rate (JNCC 2007), and a similar trend was
observed for the 13,000 ha of lowland raised bog. SNH has shown that the
proportion of blanket bog with designated features (nature or historic conservation
designations) in favourable condition and unfavourable recovering condition is 61.7%
and 9.6% respectively. The blanket bogs in the north of Scotland, though, tend to be
generally in worse condition that those found on the west. In the Flow Country, for
example, most of the habitats and species monitored by SNH were found to be in
favourable condition in 2012, although some parts of blanket bog were in
unfavourable declining condition (Eccles 2015). This shows how current land uses
may be compatible with protected and designated areas, but active management
might be required in some areas to maintain this delicate balance.

1.4 PEATLAND BIODIVERSITY
Peatlands display varying degrees of species richness and biodiversity, with bogs
generally considered less species-rich than other types of peatlands (Batzer & Boix
2016). However, the lochs and pool systems, hummocks, hollows and other peatland
features provide a rich selection of microhabitats for biodiversity. Long-term studies
of a wide range of taxa are available for European peat bogs (Spitzer et al. 1999;
Dapkus 2000). Species-poor assemblages may be found in British bogs, but they are
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characterised by highly specialised species (Littlewood et al. 2010) of high
conservation value (Wieder & Vitt 2006). These species are often adapted to the
edaphic bog microtopography created by Sphagnum mosses, providing specific
temperature and moisture micro-gradients that form microclimatic pockets (Lindsay
et al. 1988); as well as other plant species such as cotton-grasses (Eriophorum spp.),
dwarf shrubs (Calluna vulgaris), and purple moor-grass (Molinia caerulea). Such can
be the degree of habitat specialisation that some species can be exclusively found in
peatlands (tyrphobiont species, Peus 1928). Many other species display strong
affinity for bogs, but can also be found in other type of habitats (tyrphophile species);
whilst other species are found in bog but are widely eurytopic, showing no
preference for peatlands (tyrphoneutral species). Overall, these species form
distinctive and diverse assemblages of terrestrial and aquatic wildlife. Among these
are birds such as black-throated diver (Gavia arctica), Eurasian golden plover
(Pluvialis apricaria) and greenshank (Tringa nebularia); raptors such as hen harrier
(Circus cyaneus) and short-eared owl (Asio flammeus); reptiles such as adder (Vipera
berus); amphibians such as palmate newt (Lissotriton helveticus); aquatic insects such
as the diving beetle Oreodites alpinus; and flying insects such as azure hawker
(Aeshna caerulea), large heath (Coenonympha tullia) and emperor moth (Saturnia
pavonia) (JNCC 2015). As the southern boundary of the temperate region is
approached, the number of tyrphophile and tyrphoneutral species seems to grow in
detriment of tyrphobiontic species (Spitzer & Danks 2006).
Studies of British peatland fauna by and large seem to be biased towards birds, likely
due to the frequent protection of bird assemblages under natural heritage
designations awarded by the Wildlife and Countryside Act (1981) (Great Britain
1981), and European legislation such as de Habitats Directive and Birds Directive
(European Commission 1979; European Commission 1992). Although some
arthropods are also protected by legislation, there are fewer studies looking at their
populations, even though they are significantly more important in terms of biomass
in many type of peatlands (Coulson et al. 1995). In general, biodiversity in most types
of habitats shows declining trends worldwide (Butchart et al. 2010), which includes
arthropods as important components in food webs. It thus then becomes
increasingly important to study their populations when such alarming declining
trends are reported (State of Nature 2013; State of Nature 2016; Hallmann et al.
2017). Their relationship with ecosystem function and the provision of ES remains a
hot topic of discussion because the extent to which they contribute to it is still
unclear (Srivastava & Vellend 2005). In the particular case of peatlands, arthropods
have been studied especially in central and eastern Europe (e.g. Brigić et al. 2017),
where the affinity of species with peatland habitats has been widely explored. In
British peat bogs, the main research focus of arthropods has been as key
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components of bird diets (e.g. Buchanan et al. 2006; Carroll et al. 2011), whilst their
response to restoration has been sparsely studied (Hannigan et al. 2011).
Arthropods are an ideal group for use in the study of peatland biodiversity due to
their relatively small size, high diversity, ease of sampling in large numbers, and their
sensitivity to environmental variability (Rosenberg et al. 1986; Gerlach et al. 2013;
Pryke & Samways 2014). Within arthropods, insects are generally good dispersers
and exploiters of all types of organic matter (Samways 2006), and the most diverse
and abundant group in the animal world (Stork 1988; Labandeira & Sepkoski 1993).
Under the mass ratio hypothesis, which predicts the extent by which a species affects
ecosystem function subject to total biomass (Grime 1998), the high arthropod/insect
biomass implies that they might inherently be of ecological and conservation
importance for ecosystem functioning (Lavelle et al. 2006; Barrios 2007).
Habitat modification, in the form of habitat fragmentation and/or habitat loss (Fahrig
2003), is one of the main drivers of biodiversity loss worldwide (Krauss et al. 2010;
Martinson & Fagan 2014). A variety of recommendations have been made for the
inclusion of arthropod communities into restoration projects, as insect conservation
could improve overall restoration results (Samways 2006). Even though some
authors suggest that arthropod taxa could take up to 40 years to recover from
habitat loss (Dunn 2004), communities can also recover much more rapidly from
severe habitat disturbance with moderate to no restoration effort (Watts & Didham
2006; Samu et al. 2010; Podgaiski et al. 2013). Dispersal and recolonisation are the
main barriers for the full restoration of arthropod assemblages in habitats where
recolonisation sources are scarce or too far away, thus arthropod assemblages are
often less species-rich in restored sites (Brady et al. 2002) or display colonisation
delay (Woodcock et al. 2012a).

1.5 DRIVERS OF PEATLAND DEGRADATION
Peatland functioning relies on a water table fluctuating around the acrotelm, and
peat-forming vegetation (Pellerin & Lavoie 2000; Blodau 2002; Belyea & Malmer
2004; Frolking et al. 2006; Timmermann et al. 2006; Labadz et al. 2010; Dieleman et
al. 2014). Although vegetation composition varies according to climate, for instance,
oceanic peatlands are predominantly composed of Sphagnaceous mosses (Bonn et
al. 2016), and Sphagnum mosses are considered a key peatland species (Rochefort
2000).
UK blanket peatlands are already considered semi-natural environments, rather than
truly natural, due to anthropogenic burning and forest clearance in the early
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Holocene (Parry et al. 2014; Bruneau & Johnson 2014). In recent decades, peatland
drainage for agriculture, horticulture and the establishment of conifer plantations for
timber harvesting, have become some of the main drivers of peatland degradation
and subsequent loss of ecosystem functioning (Cannell et al. 1993; Fowler et al.
1995; Alexander et al. 2008; Davies et al. 2016). Livestock grazing, burning and
agriculture seem to be two of the primary land uses of UK peatlands (SNH 2001; Clay
et al. 2009; JNCC 2011). Overgrazing leads to graminoid dominance of vegetation
assemblages and to erosion. In upland peatlands, late winter burning (often linked to
grouse management) encourages grass growth in spring. However, burning also
damages typical peat-forming vegetation, particularly Eriophorum spp. (JNCC 2011).
Agricultural activities, including grazing, often include initial peatland drainage via
shallow drains, also known as grips. Grips drain the upper part of the catotelm,
diverting the water flow away from areas downslope to the grip. Drainage can lead
to peat erosion, drying and cracking, hydrological changes and loss of biodiversity
(Coulson et al. 1990; Anderson 2001; Holden et al. 2006; JNCC 2011; Carroll 2012; Elo
et al. 2015).
Climate change and associated effects can also become drivers of peatland
degradation. Global degraded peatlands (0.3% of the global land area) contribute 5%
of global anthropogenic CO2 emissions (Joosten 2009). Future impacts of climate
change are not well understood, but it is believed that rising temperatures in
summer might lead to peat drying out, increasing risk of moorland fires, and heavier
rainfall that would lead to surface erosion (Marsden & Ebmeier 2012). Overall, when
normal ecosystem functioning is disrupted by peatland degradation (Turetsky & Louis
2006), it leads to wider impacts similar to those of land use, such as loss of
biodiversity, changes in hydrology and water quality, drying out of peat, peat erosion
and the alteration of the carbon cycle and greenhouse gases (Hargreaves et al. 2003;
Holden et al. 2004; Byrne & Farrell 2005; Worrall et al. 2009; Dorrepaal et al. 2009).
In the last decade, the generation of renewable wind energy has been suggested as a
land use that could maintain more peatland integrity than other uses such as forestry
or agriculture. However, they can have significantly negative effects on wildlife
(Pearce-Higgins et al. 2012), aesthetics and archaeological records (Clarke 2009). The
logistics of bringing wind farm infrastructure to remote peatland sites are also likely
to cause direct loss of peatland habitat and long-term degradation by changing the
geomorphology of the site (Evans & Warburton 2007), and it is unlikely renewable
activities will reduce future carbon emissions (Smith et al. 2014).
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1.5.1 Impacts of Peatland Afforestation
Shallow peatlands have often been used for commercial forestry, but in the mid- to
late 20th century, about 1.7 million hectares of deep peatlands in the UK were
afforested (Patterson & Anderson 2000). New developments in drainage and
ploughing techniques, as well as the use of fertilisers, allowed tree planting on deep
peat of low agricultural value (Patterson & Anderson 2000). Unfortunately, the
ecological effects of peatland drainage for afforestation are varied and widespread.
Together with the impact on the conservation value of peatlands (Stroud et al. 1987),
planting changes not only the immediate physical, chemical and biological
characteristics of peatland, but it also impacts on surrounding habitats. For example,
peat structure and chemistry, hydrology and water chemistry, vegetation
composition and breeding performance of birds and invertebrate populations can be
affected by forest edge effects (Lindsay et al. 1988; Wilson et al. 2014; Eccles 2015).
Although initial research was largely conducted in Scandinavian countries, the
impacts of peat bog afforestation began to be studied in the UK in the 1980s as a
result of large scale afforestation in the Scottish Highlands (Stroud et al. 1987),
followed by a comprehensive review of the impacts of peatland afforestation by
Anderson (2001). Since the 1990s, the focus quickly turned to restoration as a costeffective technique to reverse such effects. The tree felling process can be carried
out in different ways (e.g. manually or mechanically), and produce considerable
amounts of logging residue or brash (Palviainen & Finér 2012) that can remain onsite
or be removed to be used in the biofuel industry (Thiffault et al. 2015). Of the
physical and chemical parameters in peat bogs, hydrology is particularly altered
during afforestation through establishment of drainage channels of at least a metre
in depth (RSPB 2011b; Anderson & Peace 2017), which lowers the water table
relative to the ground surface and causes subsidence by peat compression and
oxidation (Anderson et al. 2000). Ploughing also creates a micro-relief of ridgesfurrows that exhibit a dry-wet gradient (R. Anderson 2001). Once the forest canopy is
established, interception of rainfall, together with tree transpiration, reduces the
amount of water reaching the bog surface by up to 40% (Lindsay et al. 2014) and
increases peat subsidence (Shotbolt et al. 1998). Reduction of water availability and
shading results in further disappearance of bog vegetation, particularly Sphagnum
mosses, and thus the loss of peat-forming capacity (Lindsay et al. 2014).
Furthermore, subsidence also leads to peat shrinkage and cracking, which can cause
the formation of a network of larger cracks (Pyatt & John 1989) that sustains and
adds to the original drainage effect.
All these changes in the physical properties of peat and the chemical parameters of
peat bogs have a great effect on its biological components. Ultimately, the alteration
of microbial community activity (via nutrient availability) will also interfere with the
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rate of peat accumulation (Bragazza et al. 2006). We can expect a decrease in typical
bog plants as the canopy closes (Anderson 2001), which can also lead to changes in
decomposition rate (Coulson & Butterfield 1978).
Afforestation also involves the application of fertiliser to aid tree growth (Holden et
al. 2007), which favours the growth of grasses and sedges in detriment to the typical
bog vegetation, which is well-adapted to natural waterlogged and nutrient-poor
conditions (Anderson 2001). The modification of vegetation composition and
structure (thus temperature, moisture, etc.) translates into changes for faunal
communities due to their close relationship with habitat structure, and this is
particularly the case for above-ground arthropods. Taxa-specific responses can be
expected, as Coleoptera, Lepidoptera, Hemiptera and Opiliones can increase in
numbers with disturbance, whereas Hymenoptera and Araneae tend to decrease
(Anderson 2001). For certain moorland wading birds (e.g. golden plover Pluvialis
apricaria, greenshank Tringa nebularia), afforestation leads to displacement or
substantial reduction of population numbers in the initial years of restoration; whilst
other bird species might increase in abundance, especially those species relying on
open scrub and sparse woodland cover (e.g. hen harrier Circus cyaneus, carrion and
hooded crow Corvus corone) (Ratcliffe 1986).
Once canopy has been established, there is a sharp decrease in overall species
richness compared to open bog (Anderson 2001). For small mammals such as voles
and shrews (and their predators foxes and martens), afforestation is a positive
change that provides more food and shelter (Ratcliffe 1986); but for larger species
such as mountain hare (Lepus timidus), afforestation seems to cause a negative
effect, especially once canopy closes (Anderson 2001). Presumably roe deer benefits
from afforestation, which provides food and shelter, but it also consequently
increases the risk of pest disease (e.g. from ticks) in afforested peatlands (Gilbert
2013). Lastly, some of the peat afforestation impacts beyond the peat bog itself
include peat drying and subsidence edge effects (Anderson et al. 2000). It is possible
that bog afforestation affects the behaviour of breeding bird populations to some
extent, as some species might avoid not just afforested peatland but also adjacent
peat bog (Ratcliffe 1985; Parr 1992); whilst forestry plantations replace open habitat
raptors such as hen harrier (Circus cyaneus) with forest raptors such as sparrowhawk
(Accipiter nisus)(Anderson 2001). It also affects runoff and water quality, potentially
reducing the capacity of the peatland to hold water and causing subsidence of the
peat (Holden et al. 2006).
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1.6 PEATLAND RESTORATION
1.6.1 Habitat Restoration
Ecological restoration is the "process of assisting the recovery of an ecosystem that
has been degraded, damaged, or destroyed" (SER 2002). Habitat restoration is a
major tool in conservation management (Bullock et al. 2011), and it is regarded as a
generally cost-effective biodiversity conservation and climate change mitigation tool
for damaged peatlands (Moxey & Moran 2014; Kareksela et al. 2015). The close
relationship between plants, water and peat and the speed at which each
component reacts to disturbance have important implications for restoration (Bonn
et al. 2016). The different stages of peatland degradation aforementioned though
can be used to inform what components should be prioritised throughout the
restoration process.
Initial peatland restoration projects in the UK applied restoration techniques that
were relatively cheap and non-invasive, such as grazing exclusion (Anderson et al.
1997), or ditch blocking with peat, heather bales or other materials (Holden et al.
2008; Armstrong et al. 2009; Armstrong et al. 2010). As knowledge behind peatland
restoration has increased, an integrated approach combining different techniques
has been favoured, since the type of impacts caused by peatland disturbance are
varied and often cannot be addressed by a single measure alone. For example, ditch
blocking can be used in conjunction with surface reprofiling to reduce peat erosion
(Parry et al. 2014), whilst use of seeding, mulching or geotextiles aims to stabilise
bare peat (Moors for the Future Partnership 2012).
As in any other type of habitat restoration, the restoration goals and objectives are
the cornerstone of management planning and should be clearly defined from the
beginning, to be used for steering and implementing different phases of restoration
and monitoring (Similä et al. 2014). Despite this, the goal of re-establishing reference
biodiversity assemblages and ecosystem functioning levels often achieves partial
success (Rey Benayas et al. 2009). Under future scenarios of climate change, it is
generally recommended that habitat resilience is considered as one of the major
restoration objectives (Wortley et al. 2013; Iftekhar et al. 2017), for which
monitoring strategies should include different trophic levels and ecosystem
functioning (Ruiz-Jaen & Aide 2005; González & Rochefort 2014; Minayeva et al.
2017). However, peatland monitoring has sometimes been biased towards certain
habitat functions or wildlife groups. In British afforested bogs, for instance, peatland
restoration monitoring has focused on detecting changes in vegetation and
hydrology, recovery of water table level, gas fluxes and peat subsidence (Anderson et
al. 2000; Anderson 2010; Anderson & Peace 2017). Within biodiversity, more
attention has been paid to birds (e.g. Hancock et al. 2009; Wilson et al. 2012; Wilson
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et al. 2014), than to aquatic arthropods (e.g. Beadle et al. 2015) or terrestrial
arthropods (e.g. Gilbert 2013). Monitoring is an important step in peatland
restoration, as it is used to assess whether restoration is evolving in the desired
direction; as well as to reassess the extent of damage caused by degradation.
Depending on the degree and extent of damage, peatland degradation often results
in a decrease in habitat quality and eventual habitat loss (Rochefort & Lode 2006;
Parry et al. 2014); species loss (Elo et al. 2015; Watts & Mason 2015); and ecosystem
function loss (Vasander et al. 2003; Lindsay et al. 2010; Artz et al. 2012), all of which
are necessary functions for the provisioning of key ecosystem services (Bussell et al.
2010; Kimmel & Mander 2010; Carroll et al. 2011; Ramchunder et al. 2012; Gilbert
2013).
The first step in peatland restoration is the removal of the damaging agent and the
repair of hydrological functions that are key for normal ecosystem functioning (Siegel
1988; Shantz & Price 2006; McCarter & Price 2013). In drained peatlands, for
example, blocking drains raises the water table level so they can be naturally filled
with Sphagnum or other peat-forming vegetation that will be able to retain water
without the help of artificial dams (Bragg 2002; Anderson 2010; Wilson et al. 2010). It
also stops carbon release through peat oxidation. In general, the heterogeneity of
land use conversion options on former peatland has led to rapid development of
management techniques tailored to particular types of peatland and degradation
agents (Andersen et al. 2017; Rochefort & Andersen 2017). In addition, the Habitats
Directive (European Union 1992) and the commitments under the Kyoto Protocol
(Bain et al. 2012) have led to many British blanket bog restoration projects that have
improved the techniques available to reverse drivers of degradation (Parry et al.
2014).

1.6.2 Habitat Monitoring
Following the initial restoration intervention, restoration monitoring often involves
the study of plant succession for a number of years (Young 2000; González et al.
2013). For the ecosystem fauna, it is sometimes naively assumed that "if we build it,
they will come" (also known as the field of dreams hypothesis, e.g. Hilderbrand et al.
2005), thus that the restoration of faunal biodiversity will be achieved once
vegetation has been re-established (Majer 2009). The disruption of trophic structure
in the community can be restored to some extent, as most taxa will recolonise with
time following restoration efforts (Brady et al. 2002; Grimbacher & Catterall 2007;
Taillefer & Wheeler 2012; Cristescu et al. 2012; Noreika et al. 2015; Watts & Mason
2015). The overall recovery of the assemblage can be difficult to assess due to a
number of factors such as differences in dispersal capability displayed by taxa (Baur
2014), logistic sampling difficulties, or taxonomical challenges (e.g. species biology
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and ecology is not well-known, or requires a high degree of taxonomic skills for
accurate identification) (Gerlach et al. 2013).
Peatlands are complex habitats and even with a coherent and well-thought out
restoration plan, the goals and objectives stated beforehand might not always be
achieved. This is illustrated by two recent meta-analyses of both peatlands and
wetlands across the world, which found that biodiversity function only partially
recovered in restored peatlands (80-86% of the reference biodiversity function) (Rey
Benayas et al. 2009), with wetland biological structure and biogeochemical
functioning remaining circa 23% and 26% lower, respectively, than reference sites
even 100 years after restoration (Moreno-Mateos et al. 2012). These studies
highlight the importance of a robust management plan that takes into account the
heterogeneity of peatland habitats, particularly the type and extent of damage, the
restoration timescale for the desired reference state, and the need for continuous
monitoring to steer the process if necessary. In addition, management should also
consider the possibility that returning to pre-disturbance conditions is not possible in
terms of habitat structure and function, yet novel ecosystems (alternative stable
states) may be achieved instead (Suding et al. 2004; Hobbs et al. 2009).

1.6.3 Restoration of Afforested Peatlands State of Knowledge
At present, a number of studies in the UK are looking at the impacts that peatland
afforestation might have on a number of ecosystem functions and services, as well as
the efficacy of peatland restoration efforts. Although most policies emphasise the
restoration of afforested peatlands for climate change mitigation and biodiversity
(Section 1.7), there is a considerable lack of knowledge of how certain biodiversity
groups, particularly arthropods, are responding to both afforestation and subsequent
restoration. Because research on the efficacy of peatland restoration is relatively
new in the UK, several research organisations are currently looking at a wide range of
peatland ecosystem functions, with a great amount of work carried out in parallel in
the Flow Country. Many of these studies are unpublished or still in progress,
although preliminary results for certain ecosystem functions such as bird diversity
and some arthropod groups seem to suggest that there might be an improvement on
the condition or the supply of the functions or services studied, and that restoration
can revert, at least partially, the impacts caused by tree planting on undamaged
peatlands (Table 1.6A).

48

Ecosystem Function/Service

Biodiversity

Climate
Change
Mitigation

Open Habitat Bird Species
Diversity1
Typical Bog Vegetation
Microbial Community Diversity
Aquatic Macroinvertebrates
Fungal Communities
Terrestrial Arthropods
- Auchenorrhyncha Diversity2
- Tick Density3
Testate Amoebae
Carbon Storage &
Sequestration
Water Chemistry
Greenhouse Emissions

Afforestation

Restoration





ongoing
ongoing
ongoing
ongoing
?

ongoing
ongoing
ongoing
ongoing
?







ongoing
ongoing

ongoing
ongoing

ongoing
ongoing

ongoing
ongoing

Table 1.6A. State of knowledge in 2014 of the impact of peatland afforestation on different
ecosystem functions and services. Arrows indicate the general trend observed for the
function considered, by which most functions are negatively affected by afforestation ( ),
but resemble bog values after restoration (). Ongoing indicates studies that are currently
in progress or unpublished and for which final results are not available yet. The table is
based on (1) Anderson 2001, (2) Artz & Chapman 2016, and (3) Gilbert (2013).

1.7 FIELD STUDY SITE
The peatlands of Caithness and Sutherland, more widely known as the Flow Country,
is the largest extent of blanket bog habitat in the UK and possibly in the world (Eccles
2005; Eccles 2015, Figure 1.1A). Before extensive afforestation, the blanket bog in
the Flow Country (Figure 1.1A) was largely characterised by open landscapes
dominated by low growth vegetation such as mosses, small sedges and dwarf shrubs
under 50cm in height, which created a smooth ground microclimate (Lindsay 1995).
Such a dense layer of vegetation limited the interception of precipitation at the
ground level, creating nutrient-poor acidic conditions, and a characteristic
phosphorus-nitrogen balance (Lindsay 1995). Waterlogged areas tend to be
dominated by bog habitats, but less wet areas display other types of peatland
habitats such as wet heath, dry heath or acid grasslands (Figure 1.1A, Eccles 2015).
The Flow Country holds a number of conservation designations covered by the EU's
Habitat (92/43/EEC) and Birds Directive (79/409/EEC) as part of the Natura 2000
network, and Ramsar Convention, and is protected under the Wildlife and Natural
Environment (Scotland) Act 2011 (Scottish Government, 2011). This is due to its
unique floristic and bird assemblages, and as a habitat, to the patterned mire that
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alternates pool and hummock systems, rare in other British bogs elsewhere. Some
areas of blanket bog together with associated moorland and open water habitats are
nationally recognised as SSSI (Acronyms) under the Wildlife and Countryside Act
(1981), a total of 39 sites covering 145,000 ha (Eccles 2015). Most SSSIs were later
classified as a Special Protection Area (SPA, Acronyms) under the Birds Directive in
1999, and a Wetland of International Importance under the Ramsar Convention. In
2005, 143,000 ha of the SPA area were designated as a Special Area of Conservation
(SAC, Acronyms) under the Habitats Directive due to blanket bog and wet heath
habitats, as well as the presence of otter (Lutra lutra) populations. Areas of peatland
not covered by any of the designations aforementioned are still of high conservation
interest under the wildlife and environment act, they receive non-statutory
protection through being on nature reserves by non-profit wildlife charities such as
RSPB and Plantlife, and might benefit from locally implemented actions via Local
Biodiversity Action Plans (LBAPs) (Eccles 2015).
Historically, the blanket bog habitat in the Flow Country had been seen as an
unproductive barren land from a cropping perspective, due to the difficulty of
accessing wet parts and the extreme acidity of its soils. In the 1950s and 1960s,
financial incentives led to drainage of more accessible areas for agricultural crops,
although they were not always successful (Eccles 2005). With the development of
mechanised methods for establishing forestry on bogs (Anderson 2001), it was then
suggested that around 100,000 ha could be used to yield forest crops. Subsequently,
large scale drainage, cultivation and fertilisation took place in the Flow Country and
other British peat bogs (Anderson 2001). However, a clear trade-off was also
identified as the potential for productive forest declines with increasing peat depth,
whilst conservation interests tend to be higher in deep peat areas with pool systems
(Warren 2000). Avery & Leslie (1990) argue that the true biodiversity conservation
value of the Flow Country, particularly for birds, was not realised until recent
decades, and certainly not before 1984. There seems to be consensus with regards to
the conservation value of wildlife peat bog assemblages, but the specific contribution
of certain taxa, particularly arthropods, likely requires more research.
The Forestry Commission started establishing commercial plantations in the Flow
Country in the 1940s, by using shallow ploughing in some of the drier areas in a
largely manual process (Warren 2000). In the late 1970s, the Highlands and Islands
Development Board gave landowners, such as Forsinard Estate, grants for draining
the bog to grow barley, although the crops failed shortly after (Haggith 2008). In the
early 1980s, the decrease in timber imports was used as a justification for the
expansion of forestry in Scotland (Oosthoek 2003), and thus private investors were
encouraged by tax incentives and grants provided by the UK Treasury and
administered by the Forestry Commission, to establish afforestation schemes
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(Oosthoek 2003; Haggith 2008; Oosthoek 2013). This was encouraged by the
discovery that lodgepole pine (Pinus contorta) could act as a nurse crop for Sitka
spruce (Picea sitchensis), that is, to protect and enhance the growth of sitka spruce
(Taylor 1984). As a result, 67,000 ha (17%) of total peatlands in the Flow Country
were ploughed and planted with conifer plantations (Stroud et al. 1987; Warren
2000). Although some of the forestry plantations that had been planted in the 1970s
were decimated by insect pests such as pine beauty moth (Panolis flammea) and
pine sawfly (Neodiprion spp.) (Avery & Leslie 1990), afforestation continued aided by
cheap land prices and fiscal incentives. In the 1980s conservationists began to
criticise massive planting operations in the ecologically unique blanket bog system
that the Flow Country was (UK Parliament 1988). The Royal Society for the Protection
of Birds (RSPB), the Scottish Wildlife Trust and other wildlife organisations began a
campaign against the continuation of forestry in such an iconic habitat (Oosthoek
2003). This opposition lead to clashes between locals and conservationists, which
culminated in the publication of a new report on blanket bogs (Lindsay et al. 1988), a
management handbook for peatlands (Rowell 1988), and the eventual removal in the
1980s of tax incentives for planting by the British government, halting large scale
planting in the Flow Country (Warren 2000).
In the mid-1990s, RSPB bought the Forsinard Estate from the forestry company
Fountain International. RSPB has continued to expand the protected area for wildlife
and conservation, currently known as Forsinard Flows, which now covers more than
21,000 ha (210 km2) (Figure 1.7.1A). An EU-LIFE funded project (1994-1998) began
restoration of afforested peatland largely undertaken in RSPB Forsinard reserve and
Forestry Commission Scotland land in the Flow Country. This was a partnership
between RSPB, Scottish Natural Heritage (SNH), the Scottish Government, Forestry
Commission Scotland, Plantlife and Highlands and Islands Enterprise.
The first tranche of EU LIFE funding was followed by a second stream of funding from
2000-2006. At earlier stages some of the tree felling was done manually (e.g. using
chainsaws), but special forwarders with low-pressure treads were used in following
initiatives, machines that take the felled tree trunks to a roadside landing causing
minimal damage to the ground, likely by using brash mats (Figure 1.7.1B). Most of
the trees were used to fill up the ditches, and dams were constructed to block the
main drainage channels (Wilkie & Mayhew 2003; Haggith 2008). In order to address
the drainage effect of tree planting, 18,000 dams have been put in, aimed at raising
the water table depth and reverse damaging effects such as carbon emissions from
dry and eroded peat (Eccles 2015).
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THURSO

INVERNESS

ABERDEEN

Figure 1.7.1A. Location of RSPB Forsinard Flows Nature Reserve (purple) in the Scottish
Highlands, UK. Dark green shaded areas represent the extent of the Flow Country
(Caithness and Sutherland). Adapted from RSPB 2011b.

Figure 1.7.1B. The effects of peatland forestry in Scotland (RSPB Forsinard Flows). In the
restoration of afforested peatlands, forestry machinery strips tree stems to be harvested in
a recently felled area surrounded by other forestry plantations. Photo taken by Ainoa
Pravia.
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The restoration of afforested portions of the Flow Country, particularly in Forsinard
Flows, took place as new practical handbooks for bog restoration were being
published (Brooks & Stoneman 1997; Foss & O’Connell 1998; Anderson 2001),
perhaps also prompted by a shift in Scottish forestry, from timber production for
local and international markets, to forestry for recreation, biodiversity conservation
and the support of local economies (Forestry Commission 2002; Oosthoek 2003). The
Forestry Commission published policy guidelines for peat bog restoration
underpinning the priority habitat status afforded under the UK Biodiversity Action
Plan (1994) legislation (Patterson & Anderson 2000; JNCC 2016), and published an
extensive review of habitat impacts and benefits of peat bog restoration based on
several study sites in the UK (Anderson 2001).
At present, the conservation value of the Flow Country is balanced with a number of
land uses summarised in the current management strategy plan (Eccles 2015). Rough
grazing is a key agricultural use of the land, dominated by sheep and low presence of
cattle, coexisting with some crofting (farming) activities, which are regulated by the
EU's Common Agricultural Policy (CAP) (EC 2017). A great proportion of open ground
is managed for sport hunting (deer and grouse), and this entails muirburn and the
use of recreational vehicles. There are also high densities of deer populations that
are actively managed under Scotland's Wild Deer National Approach (SNH 2014).
Water catchment and fisheries management are regulated by the EU Water
Framework Directive, implemented by the Water Environmental and Water Services
(Scotland) Act 2003, as well as by appropriate initiatives under site designation rules.
In recent years, the Forestry Commission Scotland has revised its policies after the
controversial afforestation of the Flow Country. Current policy is not to support new
afforestation on deep peat (at least 50 cm in depth), and to try to balance different
restoration targets (FCS 2015; FCS 2016). For instance, the forestry management of
tree crops currently in deep peat can be assessed in order to decide if wider societal
and economic benefits are obtained by harvesting and replanting, or harvesting and
restoring. In the context of the new Land Use Strategy developed by the Scottish
Government (Scottish Government 2016), peatland conservation and restoration
policies such as Scotland's National Peatland Plan (SNH 2015b) have been developed
in the particular context of the Climate Change (Scotland) Act 2009 (Scottish
Government 2009), and the United Nations Convention on Biological Diversity
(United Nations 1992). In the particular case of Forsinard Flows, the field study site of
this thesis, the new management strategy for the peatlands of Caithness and
Sutherland considers peatland restoration as a key policy priority for the mitigation
of adverse climate change effects in Scotland (SNH 2015b; Eccles 2015). A new
project has been created by the Peatland Partnership (Flows to the Future project),
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aimed to enact public engagement and further restoration of afforested peatlands in
the Flow Country (Eccles 2015).

1.8 TAXONOMIC & FUNCTIONAL DIVERSITY MEASURES
Biodiversity has traditionally been divided into three components: genetic diversity,
species diversity and ecological diversity (Norse et al. 1986), with diversity measures
commonly aiming to incorporate information about species identity and ecological
similarity among the species in a community (Izsák & Papp 2000). Taxonomic
diversity indices (e.g. Shannon, Pielou), for example, usually differ in the relative
weighting they give to species richness and species evenness (Magurran 2013), but in
general they all rely on three assumptions: 1) all species are equal, with relative
abundance establishing their relative importance if required; 2) all individuals are
equal, regardless of taxa; and 3) species abundances have been correctly sampled in
similar units (Magurran 2005). These assumptions, however, might not always be
met (e.g. a lack of information on the ecosystem processes supported by species in
their habitats violates the assumption that all species are equal, as some species
might be more important for certain ecosystem functions than other) (Mouchet et al.
2010). Thus, since it is generally accepted that biodiversity is a concept with multiple
meanings (Garnier et al. 2016), a growing interest in understanding the connection
between biodiversity and ecosystem functioning has led to a new functional
approach to the study of biodiversity on the basis of its functional characteristics
(Garnier et al. 2016). In the context of restoration, a functional approach based on
the use of functional traits and functional diversity can be used to help identify biotic
and abiotic factors determining the reassembly of species (McGill et al. 2006).
A functional trait (FT/FTs, Glossary) is any species trait that directly influences the
fitness of an individual via its effects on growth, reproduction or survival (Garnier et
al. 2016), such as species size, breeding season or habitat preference. FTs can
influence ecosystem processes (effect traits) and/or ecosystem stability (response
traits) (Lavorel & Garnier 2002), which illustrates how species FTs are intimately
linked to habitat features and can be used to inform how to achieve restoration
targets. In an ecosystem, the services rendered by a community can often be better
identified by using both the diversity of species FTs and species diversity, rather than
by using taxonomic diversity alone (Chapin et al. 2000; Dı ́az & Cabido 2001; Hooper
et al. 2005; Cardinale et al. 2012). Functional diversity (FD, Glossary) is the variation
in the degree of expression of functions between the different individuals of a
population, between populations of the same species, between species, or between
ecosystems (Garnier et al. 2016). FD is believed to be an important component of
ecosystem processes together with taxonomic and ecological diversity (Grime 1997;
Tilman et al. 1997), and can be calculated by combining species functional traits and
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relative abundances. Trait-based functional approaches have been criticised for lack
of transparency in the way they are reported (Luck et al. 2012), such as how traits are
chosen or measured, or lack of standardisation of the trait selection process (McGill
et al. 2006). Thus, recommendations and guidelines have been made available in
recent years for specific taxa, such as the use of a mixture of morphological,
physiological, phenological and ecological performance traits or M-P-P-E framework
(e.g. Pey et al. 2014; Fountain-Jones et al. 2014; Moretti et al. 2017).
Functional diversity measures incorporate the role of species in their habitats in
order to quantify the distribution of functional units in a multidimensional space
(Villéger et al. 2008). Due to lack of standardisation of functional measures (Dı ́az &
Cabido 2001; Tilman 2001), different metrics have been proposed (Mason et al.
2005; Petchey & Gaston 2006; Villéger et al. 2008; Laliberté & Legendre 2010), but it
seems that the relationship between environment and functional diversity requires
the use of all facets of FD (Villéger et al. 2008). Hence, it is recommended to measure
the four facets of functional diversity: functional richness, functional divergence,
functional evenness (Villéger et al. 2008) and functional dispersion (Laliberté &
Legendre 2010). These measures are complementary aspects of FD that help
describe the distribution of species, and their abundances, within functional space
(Mouchet et al. 2010). Because each of these indices describes an independent
aspect of FD, at least one index measuring each facet must be used for a complete
account of FD (Mouchet et al. 2010). FD measures can be highly correlated with
species richness (Petchey & Gaston 2002), and thus particular statistical methods are
suited for their interpretation (Swenson 2014).
The use of functional diversity (FD) it is by no means a substitute of taxonomic
diversity. These are complementary aspects of biodiversity which provide a more
comprehensive perspective on the role of biodiversity in ecosystems, becoming
useful in instances where there is limited knowledge of biodiversity-ecosystem
functioning (BEF) relationships (Petchey & Gaston 2006; Laughlin 2014; Cadotte et al.
2015). FD has been used to understand how species adapt to changing
environmental conditions (de Bello et al. 2010), recolonisation processes (assembly
rules) (Cadotte & Tucker 2017), and how species use their habitats (Woodcock et al.
2010). In that context, FD can describe forces behind community assembly such as
environmental filtering (Glossary) and assembly rules (Glossary) (Zirbel et al. 2017).
For example, FD has been used to predict the rates and patterns of establishment
during restoration in dung beetles (Audino et al. 2014), but it can also be used to
identify potential limiting factors of habitat restoration altogether (Woodcock et al.
2012b). FD can also inform restoration management to aid in the achievement of
goals such as resilience, as a functionally diverse assemblage is believed to offer a
wide range of responses that can help buffer environmental changes (Cadotte et al.
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2011). Additionally, the functional approach could enable bridging of the gap
between related fields of study in which there are various approaches to the study of
community structure and composition. Combining outputs from fields such as
restoration ecology, community ecology, landscape ecology, and species ecology,
could enable the application of more integrative conservation strategies, improving
the policies adopted in conservation biology (Petchey & Gaston 2002; Devictor et al.
2010).

1.9 STUDY TAXA
Two main arthropod taxa were chosen for this thesis to investigate the effect of
peatland restoration at the species level, whilst other above-ground arthropods were
also studied at the family level. Since arthropods can display both species-specific
and/or taxon-specific responses to disturbance with potentially different bioindicator
value (McGeoch 1998), we aimed to study arthropod taxa that would offer
complementary responses to the restoration of afforested blanket bog. Firstly,
carabid ground beetles (O. Coleoptera, F. Carabidae) were chosen because we
believed them to be fairly diverse and abundant above-ground arthropods within the
species-poor nature of blanket bog assemblages (Pozsgai et al. 2016), and their
richness and abundance seems to display a strong relationship with habitat
heterogeneity, especially through vegetation structure (Brose 2003). Due to the
waterlogged conditions of the bog, in which trampling can cause great disturbance,
current sampling methodologies allow carabids to be sampled in large numbers, in
an easy, inexpensive and fairly low-effort way (Woodcock 2005). The tyrpho- nature
of many species has been studied in central and eastern Europe (Spitzer & Danks
2006), but there is a remarkable lack of studies addressing their response to the wide
range of peatland restoration taking place in Britain in recent years. With most
studies focusing on forest and agricultural habitats, they have become a well-known
group in the UK regarding taxonomy, ecology and distribution (Luff 1998; Luff 2007).
Carabids are ecologically diverse (Lövei & Sunderland 1996) and display speciesspecific responses that allow the use of the group as ecological indicators of
environmental quality and change (Luff et al. 1992; Niemelä et al. 2000; Rainio &
Niemelä 2003; Eyre et al. 2003; Avgin et al. 2010). For instance, changes observed in
Pterostichus oblongopunctatus morphological features have been used as indicators
of habitat quality and response to heavy metal pollution (Lagisz 2008).
The ecosystem function and services provided by carabid beetles in peatlands are not
well understood, but they may be an important prey source for higher taxonomic
groups (Buchanan et al. 2006), they can be significant pollinators via zoochory
(Honek et al. 2007), they behave as key predators within arthropod assemblages
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(Lövei & Sunderland 1996), and they are an inherent element of nutrient cycling and
decomposition (Brooks et al. 2012a). Significant declining trends in species richness
and abundance have been observed for this taxa worldwide (Brooks et al. 2012b),
probably linked to land use changes, habitat homogenisation and climate change
(Kotze & O ’hara 2003; Purtauf et al. 2005). In Scotland, an increase of generalist
species has highlighted the vulnerability of specialist carabids, as well as the great
effect that temperature and precipitation have in long-term monitored populations
(Pozsgai et al. 2016).
For the second arthropod taxa, we looked for species with different ecological
requirements to carabids, particularly in terms of dispersal, feeding and mobility, as
we expected their response to restoration to be different. Thus, moths (O.
Lepidoptera) were chosen to be studied because they were also believed to be a
sufficiently diverse and abundant community in open blanket bog to enable the
carrying out of meaningful analyses (Nick Littlewood pers. comms.). As in the case of
carabids, moth assemblages have been largely studied in eastern European peat bogs
(Spitzer & Danks 2006), but we were unable to find any studies regarding moth
assemblages in British blanket bogs. Due to larval feeding preferences during early
stages of their life cycle, moth species tend to be strongly associated with vegetation
composition (Kremen et al. 1993; New et al. 1995). Feeding in adult moths is not well
documented and, whilst some do not feed at this stage (e.g. ghost moth), it is
believed that adults in most species do. Caterpillars show a wide range of degrees of
feeding specialisms, from monophagous to polyphagous species (Robinson et al.
2010). This often leads to a range of habitat preference specificities (BC 2016) that
allows them to be used as indicator taxa in ecological studies (Coulson et al. 2002;
Bachand et al.2014; Nakamura et al. 2016), such as in the evaluation of restoration
techniques (Pöyry et al. 2004; Alison et al. 2017).
Although the ecosystem functions and services that are provided by moths in
peatlands are not well documented, Lepidoptera generally contribute to essential
ecosystem processes such as pollination (Waser & Ollerton 2006; Hahn 2015; Hahn &
Brühl 2016; van Gils et al. 2016), herbivory (Kaukonen et al. 2013; Tjiurutue et al.
2017), decomposition and nutrient cycling in terrestrial biomes (Lovett & Ruesink
1995; Hunter 2001; Arnold et al. 2016), as well as being prey items for higher trophic
groups (Vaughan 1997; Buchanan et al. 2006).
Declining abundance trends of moths have been observed in England, but that has
not been the case in Scotland, where populations seem to remain more stable by
counterbalancing species gains with species losses (Fox et al. 2013). Little
information is available for the drivers of decline of moth species in the UK, but using
butterfly and applicable moth studies as reference, moth populations seem to be
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affected by multiple drivers of change (Fox 2013; Fox et al. 2014) such as habitat
fragmentation (Summerville & Crist 2001; Hunter 2002), habitat loss and habitat
degradation (Thomas et al. 2001; Fahrig 2003; Summerville & Crist 2004), and
climate change (Hodgson et al. 2009; Fox 2013). Larger habitat patch size and higher
habitat connectivity might promote moth species richness, protecting less vagile and
vulnerable species (Öckinger et al. 2010).

1.10 RESEARCH OBJECTIVES & THESIS STRUCTURE
Assessing the progression of ecological restoration projects is essential for achieving
the goals and objectives set by the restoration plan, a tool that aims to ensure an
effective use of available resources to lead the restoration process in the direction
desired. Many studies have focused on the effect that peatland restoration has on
the carbon budget, gas fluxes, hydrology and other abotic parameters. Rather less
research has been carried out on the effects of restoration on peatland biodiversity,
a key ecosystem function. When studied, biodiversity has been largely biased
towards plant assemblages and vertebrates, especially birds (Parr 1992; PearceHiggins & Yalden 2004). In the study of above-ground peatland arthropods, the
groups chosen were strongly correlated to certain bird species as a main component
of their diets (e.g. craneflies Carroll 2012). The overall aim of this thesis is, therefore,
to evaluate the response of above-ground arthropod assemblages to the restoration
of afforested blanket bog. This will be achieved by covering three main objectives:
OBJECTIVE I: use of different peatland restoration techniques to understand the
restoration trajectory of arthropod assemblages, and what blanket bog elements
might be of importance for community reassembly. Two different restoration
techniques will be studied:
I.I Fell-to-waste - aims to understand the restoration trajectory of arthropod
assemblages and what broad structural elements might be of importance for
these assemblages. There will be a particular focus on carabids and moths,
but general arthropod assemblages will also be studied (Chapter 3).
I.II Brash management - aims to understand the role of habitat structure,
especially microstructure, in arthropod reassembly. It will use carabids as a
model taxon (Chapter 6).
OBJECTIVE II: use of taxa with complementary responses to understand what biotic
and abiotic parameters are key in the reassembly of arthropods assemblages in
blanket bog restoration. The taxa used will be:
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II.I Arthropods - identified to order/family mainly, species when possible.
Abiotic parameters (environmental, habitat and vegetation variables) will be
assessed (Chapter 3).
II.II Carabids - identified to species. Biotic parameters (inter-specific
competition, nestedness) and abiotic parameters (environmental, habitat and
vegetation variables) will be assessed (Chapter 3). In addition, species
functional traits will be used to look for mechanistic links between carabids
and peatland ecosystem functions that might help understand their response
to the restoration process (Chapter 4).
II.III Moths - identified to species. Abiotic parameters (Julian day, distance to
forest stands) will be assessed. In addition, species functional traits will be
used to look for mechanistic links between moths and peatland ecosystem
functions that might help understand their response to the restoration
process (Chapter 5).
OBJECTIVE III: use of arthropod taxa as bioindicators of restoration progress and/or
potential proxy for other biodiversity taxa. Arthropods, carabids and moths will be
used in species Indicator analyses (Chapter 3, Chapter 5).
These objectives can help to inform peatland restoration policy for multiple
ecosystem services, as well as the monitoring of biodiversity and other functions of
interest in the light of restoration targets and objectives. In addressing these goals,
the four elements of arthropod responses to peatland restoration that were studied
in detail were:

1.10.1 Chapter 3 - Restoration Trajectory of Arthropod Assemblages
and Carabid Communities
The recolonisation of available niches by wildlife, including arthropod and carabid
communities, is a major component in ecological restoration and a necessary step
towards ecosystem recovery. Changes in arthropod assemblage structure are likely
to have implications for recovery of a functional blanket bog, especially those
functions mediated by the role of above-ground arthropods as consumers, predators,
decomposers, seed dispersers, and prey. They can also be useful boindicators of
habitat quality and environmental gradients. This chapter examines:
1) whether arthropod and carabid assemblage change throughout the restoration
chronosequence;
2) whether biotic variables filter carabid community composition across
treatments;
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3) whether abiotic variables have more influence on arthropod communities than
biotic variables;
4) whether potential bioindicators (carabid species or arthropod taxa) of
restoration progress can be identified.

1.10.2 Chapter 4 - Restoration Trajectory of Carabid Functional
Traits
Carabid functional traits largely determine the relationship of carabids with blanket
bog, defining their role in ecosystem functioning and the provision of supporting and
regulating ecosystem services. Changes in the composition of carabid communities
and the trait syndromes linked to them can affect the provisioning of key ecosystem
services, and these effects might not be easily detected under traditional restoration
monitoring schemes. By using a functional approach, which complements traditional
taxonomic approaches, a better understanding of the relationship between carabids
and their environment, as well as the mechanistic links involved in community
assembly rules, can be gained. This chapter examines:
1) whether carabid functional traits change throughout the restoration gradient;
2) whether there is variation in taxonomic and functional diversity trends across
treatments;
3) whether changes in functional community structure in forest-to-bog restoration
can be detected.

1.10.3 Chapter 5 - Moth Responses to Bog Restoration
Moth taxa often display a strong affinity to habitat types, but unlike carabids, they
are characterised by their use of vegetation composition rather than habitat
structure, as food plants are essential at the larval stages of most species. They are
important pollinators and prey for other invertebrates and birds, and are commonly
used as bioindicators of habitat quality and environmental conditions. A functional
trait-based approach complements the inherent limitations of traditional taxonomic
approaches, thus providing more insight into moth diversity patterns and biodiversity
processes. This chapter examines:
1) whether moth assemblages change across the restoration gradient;
2) whether restoration filters moth communities;
3) what trait syndromes can be identified for blanket bog moths.
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1.10.4 Chapter 6 - Effect of Brash Management on Arthropod
Assemblages and Carabid Communities
Numerous factors can affect the restoration trajectory of afforested blanket bog,
primarily by influencing habitat microstructure and thus the recovery of peat-forming
vegetation and associated fauna. Previous chapters examined the response of
arthropod communities to standard felling to waste of trees, whilst this chapter looks
at the short-term response of arthropod assemblages and carabid communities to
different restoration techniques by assessing use of microhabitat structure. The
chapter examines:
1) whether arthropod and carabid community re-assembly differs after initial
intervention under different restoration techniques;
2) whether there are any significant differences in arthropod and carabid
communities between treatments;
3) what environmental variables determine arthropod/carabid distribution and
how they might be influenced by different restoration techniques.
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CHAPTER TWO

METHODOLOGY
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This chapter will outline the methods common to two or more of the data chapters
(Chapter 3 to Chapter 6). Chapter-specific methods and details of statistical analyses
will be provided in each individual chapters.

2.1 STUDY SITE
This research took place at RSPB (Royal Society for the Protection of Birds) Forsinard
Flows, a 154 km2national nature reserve located in the northern part of the Scottish
highlands (Visitor Centre's National Grid Reference: NC891425) (Figure 2.1.1). The
reserve sits within the peatlands of Caithness and Sutherland, part of the Flow
Country, the largest extent of patterned blanket mire in Europe. With over 400,000
hectares (Lindsay et al. 1988) and a peat deposit of over five meters in depth in some
areas (RSPB 2011a), it is a habitat of prime importance in the UK and internationally
(SNH 2015b). Forsinard Flows comprises 19,263 hectares with 10% of it designated as
Natura 2000 network, Special Area of Conservation (SAC), Special Protection Area
(SPA), Ramsar and Site of Special Scientific Interest (SSSI). Thus, the area is managed
primarily for biodiversity conservation (Stroud et al. 1987; Hancock et al. 2009;
Wilson et al. 2014), environmental education, scientific research (SNH 2006), and
more recently carbon storage and sequestration (Ausden 2013).

Figure 2.1.1. Location of RSPB Forsinard Flows Nature Reserve in Scotland, in purple. Dark
green shaded areas represent the extent of the Flow Country covering Caithness and
Sutherland. Adapted from RSPB 2011a.

Around 67,000 hectares of blanket bog were controversially ploughed and planted
with non-native conifer plantations (mostly Sitka spruce, Picea sitchensis and
Lodgepole pine, Pinus contorta) in the 1970s and 1980s (Stroud et al. 1987; Warren
2000). In the mid-1990s, EU-LIFE funded restoration began in different parts of
Forsinard Flows, with 1,774 ha of conifer plantation felled-to-waste, 158km of hill
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drains and 42 km of forest drains being blocked (RSPB-IUCN 2011). In the early
2000s, a restoration partnership between Scottish Natural Heritage, Forestry
Commission Scotland, Plantlife and RSPB that was awarded almost £3 million in
European Union LIFE Nature grants to continue restoration; one of the largest
peatland restoration projects in the UK to the time (RSPB 2011a). In the restoration
management used, first trees were felled-to-waste and drains blocked; posterior
efforts included additional brash crushing and furrow damming in order to further
raise the water table level (SNH 2015a). At present the RSPB Forsinard Flows NNR is
thus a matrix of open blanket bog, restoration areas (forest-to-bog and drainedblocked open areas) and forestry plantation on peat (Figure 2.1.2).
As restoration is still ongoing and has been carried out over time as additional
funding was secured, a series of restoration sites of different age classes and
restoration management techniques has been created. Early restoration methods
involved tree felling, including hand (chainsaw) felling, drain blocking (peat and pile
dams), control of seedling regeneration and re-growth on felled areas, and
controlling deer grazing pressure (RSPB 2009; SNH 2015a). Initially trees were young
and small enough to be rolled into furrows during restoration, as it was believed it
would help to raise the water table, with the oldest site being Talaheel (Hancock et
al. 2018) (Figure 2.1.2b). With the development of forestry equipment, low ground
pressure machinery has been used recently to fell, harvest or mulch trees. Thus,
more recent restoration campaigns include the extraction of harvested trees to be
sold as biomass fuel (Figure 2.1.2d).As more funding becomes available, RSPB has
plans to go back to some of the earlier restoration sites to undertake additional
measures such as furrow-blocking and the recreation of bog micro-topography by
removing plough ridges by crushing old stumps (SNH 2015a).
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Figure 2.1.2. a) Plantation forestry; b) forest-to-bog restoration; c) low ground pressure
machine designed to harvest and mulch trees; d) open blanket bog. All pictures taken by
Ainoa Pravia.

2.2 RESTORATION IN FORSINARD FLOWS
2.2.1 Site Description
The research discussed here has taken place in several locations of the reserve. A
chronosequence of 6 different age classes ranging from 1998 to 2014/2015 was
sampled (Figure 2.2.2A), together with forestry plantation and open blanket bog
controls. Most plantations were relatively homogeneous in the way they were
planted and felled, albeit differences were found in the tree mix used. When
restoration commenced in the 1990s, plantations were 8-25 years old (RSPB 2009).
Sites across the felled-to-waste chronosequence were sampled for Chapter 3,
Chapter 4, Chapter 5 (Table 3.2.1A, sites R18 to R10, and R2); whereas only sites
felled in 2014/2015 as part of RSPB's forest-to-bog restoration project were used for
Chapter 6 brash, where standard and enhanced felling techniques were being trialled
(Table 3.2.1A, R2).
In all cases, blanket bog and forestry controls were also used, referred as B and F,
respectively, in data analyses. At the time of arthropod sampling, restoration
management had been completed for 18, 13, 12, 11, 10 and 2 years and thus
hereafter these sites are referred as R18, R13, R12, R11, R10 and R2.
Open bog controls (B) were spatially replicated throughout the reserve. These bogs
are characterised by the presence of bog pools of different sizes and the typical bog
microforms of hummocks and hollows (Lindsay et al. 1988). Their plant communities
are dominated by Sphagnum mosses (e.g. S. papillosum, S. capillifolium, S.
cuspidatum), that contribute to water-logged acidic conditions; other mosses
(Racomitrium lanuginosum); dwarf shrubs (e.g. Erica tetralix); grasses and sedges
(e.g. Eriophorum vaginatum, E. angustifolium, Trichophorum germanicum); and small
plants such as sundew (Drosera spp.). Dwarf shrubs, sedges and Sphagnum mosses
can account for 60-75% of open blanket bog vegetation (Hancock et al. 2018).
In contrast, restoration vegetation (R2-R18) frequently comprises grasses
(Deschampsia flexuosa), mosses other than Sphagnum (e.g. Polytrichum spp.,
Rhytidiadelphus spp., Hypnum spp.), and lichens (e.g. Peltigera spp.) as well as
smaller proportions of dwarf shrubs (Erica tetralix), sedges (E. angustifolium) and
Sphagnum mosses (S. cuspidatum).
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In R18, a mix of Sitka spruce, Picea sitchensis and Lodgepole pine, Pinus contorta, was
planted in 1981. This is the oldest restoration treatment in Forsinard, felled in 1998
by hand (chainsaw) as trees grew poorly, and rolled over into furrows because of
their small size (Hancock et al. 2018).
In R11 and R10 (Leir), trees were planted in 1981 with the same mix of species than
that used in R18 (Hambley 2016); with blocks felled in 2005 and 2006. In common
with many other plantations on deep peat, trees did not grow very well, but by the
time felling took place these trees were older than in R18. In both treatments trees
were felled using a hydraulic tree shear on an excavator since the machine can fell
trees into the furrows and run over the tree to push it further into the furrow (Neil
Cowie, pers. comms.). This was a faster and cheaper felling method that was also
used in other treatments across the reserve (R10-R13). In recent years additional
management has been carried out in felled-to-waste blocks, mainly brash crushing
and furrow blocking with peat dams (Hambley 2016; Gaffney 2017); and re-profiling
the felled plantation by pushing ridge and brash material into the furrow, followed by
cross tracking to help re-create a more natural blanket bog topography (Neil Cowie,
pers. comms.). In this study only felled-to-waste blocks were sampled.
In R2 (Dyke), trees were planted between 1982 and 1990 (RSPB 2009) and felled in
2014/2015. After visiting the sites, and despite of different contractors undertaking
restoration, treatments were deemed to be equivalent and therefore comparable
between blocks. Restoration in R2 began in October 2014, being finalised in late
2015. Seven different forestry blocks were selected at random to be at least 1 km
apart (DK1-DK7, Figure 2.2.2B). Originally, each block was split into four contiguous
monitoring plots of circa 6 ha, each of which would have a different combination of
brash management and collector drain/furrow blocking. However, timescale
constrains allowed only for drain blocking in main collector drains, effectively giving
only two brash management treatments. In the standard treatment brash was
retained onsite after stem harvesting by laying brash mats across the peat surface for
the harvesting machinery to drive on. In the enhanced treatment, brash also formed
brash mats to protect the peat surface, but removed afterwards (Gaffney 2017).
Blocks were not restored simultaneously at R2, some were completed before others
started; furthermore different contractors, and different machinery, were used for
standard and enhanced felling. Whilst standard felling removed stems with a
forwarder, enhanced felling used a felling-bunching machine, brash stripper and
sorting machine (Figure 2.1.2). Stems were left on site for an average of three
months, depending on lorry availability, whilst brash was left on site for up to five
months after felling. Once removed, brash was chipped off site into HGVs and
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removed. In some blocks, circa 10-15% of the total restored area in Dyke, trees were
not commercially viable and therefore were mulched to waste in situ. Collector
drains were blocked in 2013/2014 with plastic pilling dams, three per drain, installed
on the main collector drains of each plot to help raise the water table. Silt traps were
also added to collector drains at the time of felling (Hytex Terrastop© geotextiles)
(Gaffney 2017).
Forestry plantation controls (F) were also spatially replicated, chosen for their
accessibility as felling operations were ongoing in the reserve at the time of
sampling. These were standard conifer plantations divided into blocks that display
lack of understory vegetation, aside from scattered patches of bryophytes (e.g.
Hypnum spp., Hylocomnium splendens and pine needle litter. The same mixture of
Sitka spruce and Lodgepole pine were spatially planted on ridges and separated by
furrows. Some clearings were present, either due to tree establishment failure or
ground wetness (and in that case they are filled with mosses such as Sphagnum or
Polytrichum). These clearings were not sampled. Some plantations were also crossed
by small streams.

2.2.2 Site Selection for Pitfall Trapping
All sampling sites selected for pitfall trapping in Chapter 3 and Chapter 4 were felledto-waste and drain blocked, i.e. trees were felled and rolled over into furrows in
order to block them; and only collector or main drains were blocked. However, some
further requirements were considered for the final selection of chronosequence
sites. The sites had to:
•
•
•

Provide a good spatial coverage of the reserve to reflect heterogeneity within
the reserve
Be in locations that minimise disruption of breeding birds or stalking operations
Be located within reasonable vehicular/foot distance from main forestry track
to avoid excessive habitat disturbance (e.g. trampling) due to site designations

The sites sampled in Chapter 6 were restored following two new techniques,
standard and enhanced. Standard was very similar to felled-to-waste and drain
blocking, whilst enhanced restoration removed all brash from the site and created
peat dams for faster recovery of the water table level.
A collection of sites of six different age classes (n=4 replicates per age class) were
chosen for the chronosequence experiment in Chapter 3 and Chapter 4, alongside
five open blanket bog controls and five forestry plantation controls (Figure 2.2.2A).
Of the seven blocks available from RSPB's Forest-to-bog design, only four were
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sampled for Chapter 6 (DK1, DK2, DK4 and DK7), including a forest plantation control
for each block (DKF3, DKF2, DKF4 and DKF7, Figure 2.2.2B). In general, blocks and
forestry plantation controls were chosen to minimise travel between blocks, but also
following safety notes according to forestry operations resuming half way
throughout sampling. Further details on the blocks selected are provided in Chapter
6.
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Figure 2.2.2A. Chronosequence map (main road works as reference on both layouts). TOP. Location of pitfall traps on the East side of the reserve.
BOTTOM. Location of pitfall traps on the West side of the reserve. Legend: coloured circles indicate restoration treatments: orange - R18
(Talaheel), aquamarine - R13 (Sleach & Bhaird), bordeaux red - R12 (Cross Lochs, Bhaird & Crubag), light green - R11 (Cross Lochs, Crubag & Leir),
dark blue - R10 (Sleach& Leir), brown - R2 (Dyke); diamonds represent forest treatments; stars represent open blanket bog.
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NORTH

Figure 2.2.2B. Location of seven forest-to-bog restoration sites at Dyke plantation,
northwest of the reserve, and matched forestry controls (will remain as forestry). Filled
standard (SS, orange) and enhanced (EE, yellow) sites used in this experiment, with black
dots representing the centre of subplots. Only restoration sites DK1SS/EE, DK2SS/EE,
DK4SS/EE, DK6SS/EE and DK7SS/EE were sampled, both enhanced and standard
treatments, and associated forestry plots DKF3, DKF2, DKF4, DKF6 and DKF7. The matching
control for DK1SS/EE was replaced by DKF3 for logistic reasons.

NORTH
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2.3 SAMPLING METHODS
This section covers the methods used to sample above-ground peatland arthropods
in this study, namely pitfall trapping for above-ground terrestrial arthropods (Chapter
3 & 4, Chapter 6 brash), and moth trapping for flying arthropods (Chapter 5). Specific
differences in sampling design are addressed on each respective data chapter.

2.3.1 Pitfall Trapping & Arthropod Identification
Different sampling methods can be used to estimate above-ground terrestrial
arthropod density or abundance, and no single sampling method can be used in all
circumstances (Uetz & Unzicker 1979; Sunderland et al. 1995; Mommertz et al.
1996). Pitfall trapping (Hertz 1927; Barber 1931) is one of the most widely methods
used for its simplicity: digging a hole in the ground and placing a container that will
collect individuals (Figure 2.4.1A). Carabid beetles and other soil invertebrates tend
to be poorly sampled with other methods such as suction sampling (Mommertz et al.
1996), thus pitfall trapping has proven to be an effective technique for these
terrestrial taxa. Pitfalls do not discriminate between species and solely rely on
individual activity, considering catches a reflection of species activity-density (Thiele
2012), even though in the specific chapters we often refer to it as "abundance".
Overall, pitfall trapping is a cheap (Woodcock 2005) and fairly non-time consuming
field method in relation to the amount of data that can be gathered from it (Clark &
Blom 1992; Topping & Sunderland 1992; Southwood & Henderson 2000). It allows
for continuous sampling with periodic emptying and minimal impact in sensitive
areas (Melbourne 1999), which is particularly useful in sensitive habitats such as
blanket bog.

Figure 2.4.1A. Pitfall trap. Plastic cups provide a cost-effective way to sample large areas.
Antifreeze or ethylene glycol are common killing and preservative agents, filling around 3
cm of the trap. Rainfall may dilute the agent without affecting catches (right). A mesh
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dome inside the trap (left) minimises the casualties of non-targeted taxa without affecting
trap catches of targeted taxa.

It is universally agreed that pitfall catches are an adequate sampling method to
measure the quantitative importance of species in communities (Baars 1979a; Loreau
1991), but there are inherent methodological biases related to trapping technique,
habitat and species-specific characteristics (Sunderland et al. 1995; Mommertz et al.
1996). Standardised methodologies and protocols are available sometimes for the
sake of comparability, e.g. the IG Protocol for carabids (e.g. UK Environmental
Change Network), Brown & Matthews 2016; Hoekman et al. 2017), but we have
conducted an extensive literature review in order to account for any potential biases
(Table 2.3.1A). Species-specific characteristics is one of the main biases that can be
difficult to incorporate into the experimental design, particularly in the sampling of
blanket bog where the specific behaviour of many species is unknown. In general,
insect activity is influenced by factors such has temperature, hunger or shelter
availability regardless of the type of habitat where they are found. Dispersal
behaviour is often seen as the result of two different types of movement through the
landscape: a by-product of routine movements associated with resource exploitation
(Dennis et al. 2003; van Dyck & Baguette 2005), or specific directed movement
designed for colonisation of new settlements (van Dyck & Baguette 2005).
Movement both within and between habitats has been observed in carabids (Baars
1979b), with habitat selection mediated by chemical stimuli, and orientation through
features in the landscape aided by visual stimuli (water bodies, macrovegetation,
Evans 1983); whilst dispersal is determined by the geometry of the habitat or the
distribution of resources in the landscape (van Dyck & Baguette 2005). These biotic
factors resulting from insect activity, together with abiotic factors such as the
material of the traps, and other factors such as experimental design and probability
of trappability were considered for the sampling of above-ground arthropods in
pitfall traps, and are summarised in Table 2.3.1A.
The pitfall traps used were always part of a four-trap transect, consisting of a plastic
cup (50cl, 95mm diameter, 115 mm depth) dug into the peat and flushed with the
soil surface (Figure 2.4.1A). Pitfall traps were filled with 20ml of a glycol-based
solution that works as a preservative to slow decomposition, and as a killing agent to
avoid in-trap predation. Propylene glycol, which has been shown to have a neutral
effect on carabid attraction (Weeks & McIntyre 1997; Knapp et al. 2016) and to be
generally considered non-toxic for mammals (Dorman & Haschek 1991; LaKind et al.
1999), was purposely used to minimise the incidence of small mammals, amphibians,
reptiles and other non-targeted species. In addition, wire mesh was also used to
reduce the number of casualties of non-targeted species in pitfall traps by placing a
mesh dome inside the trap, to aid their escape. Pitfall trap covers were not used
because precipitation is not an issue for pitfall traps as the main risk of trap flooding
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comes from underground water, which is minimised by setting the traps in the
original surface of the peat. However, the summer of 2016 was fairly wet in the
reserve, and some traps were affected by groundwater flooding, especially in
restoration areas where water table rise has resulted in the inundation of both
furrows and ridges. In spite of this, the loss of traps due to flooding was less than 5%
of the total sampled traps.
Preliminary sampling in 2015 showed that three weeks was an adequate interval for
sample collections, with longer periods incurring high rates of predation/scavenging,
trap disturbance and specimen decomposition in warm weather. Thus, pitfall traps
were operated from May to September 2016, emptied every three weeks,
amounting to a total of six collections with traps replaced or refilled as needed. The
contents of each trap were strained through a small tea strainer and stored in
individually labelled plastic bags. Bags were placed in a -20 degree freezer at the end
of a collection, and sorted in the lab at a later day. Collections were subject to
activities in the reserve such as forestry activities (i.e. timber harvest, heavy
machinery operation), deer stalking, bird breeding and bird surveying, so trapping
nights were adjusted accordingly.
Although pitfall traps were targeting general arthropod assemblages, carabid beetles
were identified to species. This taxa was chosen because carabids are able to discern
between habitats assuming that habitat features are different enough from the
surrounding habitat floor (Koivula et al. 1999), because they are able to move
hundreds of meters by foot or by flight (Den Boer 1970; Baars 1979a). Identification
to species is also relatively straightforward with a fair knowledge of insect taxonomy
and the use of a taxonomic guide, i.e. (Luff 2007). Carabid beetles display a close
relationship to a number of environmental variables (Thiele 2012; Avgin & Luff 2010),
some of which have been measured for this experiment (Table 2.4A). Two carabid
species, Pterostichus nigrita and P. rhaeticus, are usually difficult to identify by
looking only at morphological characters. Luff (2007) points out that P. nigrita is only
separable from P. rhaeticus by male and female genitalia (Luff 1990), but further
studies have shown that even these do not guarantee complete distinction between
the two species (Angus et al. 2000). In fact, genetic studies have also shown that it
can be difficult to separate both species as well because they share various identical
haplotypes (Raupach et al. 2010). Luff (2007) describes P. nigrita as a lowland species
whereas P. rhaeticus favours upland habitats, with the possibility of habitat overlap
between both species. They both are hygrophilous, however P. rhaeticus has a more
tyrphophilous nature, even considered a true indicator species of peatlands in
Croatia (Brigić et al. 2014). Genital dissections were performed on 10 male
specimens drawn randomly from different samples, for which 70% were identified as
P. rhaeticus and 30% as P. nigrita (Table A3.3). The species was thus classified as a
pseudospecies under the name PNIGR.
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Trap

Level

Escapism

Trap
Material

Avoidance/Esca
pism

Catch numbers

Trap
Accessories,
i.e. roof,
mesh

Trap Habitat

Avoidance

Catch rate
Catch numbers
Taxa

Trap Design
(Shape &
Size,
including
diameter)

Trap Colour

Effect

Bias

Environmental conditions/taxa preferences (Baars
1979b; Baars 1982; Halsall & Wratten 1988; Honek
1988; Niemelä & Halme 1992; Butterfield et al.

Microhabitat preferences (Greenslade 1964a; Luff
1975)

Addressed by experimental
design and research question

Context specific, i.e. presence of
protected species that might be
adversely impacted by traps
Constrained by study objectives

Mesh might lower arthropod catches (Pearce et al.
2005)
The use of roofs and the material used might also
affect catches (Phillips & Cobb 2005)
Habitat complexity (Melbourne 1999; Phillips &
Cobb 2005; Lassau et al. 2005; Missa et al. 2009)

Use of transparent materials

Cost-effective choice
Potential trade-off with number
of traps/experimental design

Standardisation of trap design
for the experiment
Constrained by study objectives

Recommendation

Depending on group (Buchholz et al. 2010)

(Luff 1975)

Trap diameter & body size bias (Koivula & Niemelä
2003; Luff 2007; Hancock & Legg 2012) or not
(Work et al. 2002)

Taxa (Pearce et al. 2005; Knapp & Ruzicka 2012)

Catch rate (Halsall & Wratten 1988)

Empirical Evidence
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Experimental
Design

Pseudoreplicati
on
Depletion
effects

Spatial
autocorrelation
Catch numbers

Fluctuations in
capture rates
Total catch
Species
composition
Depletion

Number of
Traps

Intertrapping
Space

Spatial
arrangement

Sampling
Period

Avoidance
Predation
Catch numbers

Killing
&Preservativ
e Agent

Depletion (Jansen & Metz 1979; Digweed 1995)

Catch numbers (Magurran 2004)
Trap position might imply differences in catch size
(Luff 1975)
Species activity (Spence & Niemelä 1994)

Depletion (Luff 1975; Digweed 1995)

Leponce et al. 2004; Baker & Barmuta 2006)

Autocorrelation (Sanderson et al. 1995; Niemelä et
al. 1996;

Dependent on habitat (Vennila & Rajagopal 1999;
Cheli & Corley 2010b; Corti et al. 2013)

Chemical attraction - pheromones (Luff 1986)

Catch numbers (Weeks & McIntyre 1997; Pekár
2002; Koivula et al. 2003; Gerlach et al. 2009)

1995; Ekschmitt et al. 1997; Thomas et al. 1998;
Esch et al. 2007)
Type of preservative (Luff 1975; Holopainen 1992;
Lövei & Sunderland 1996)

Dictated by physical constraints
and research hypotheses
Lack of consensus. Whole
season if possible, otherwise
short periods to account for
species seasonal changes (Sapia

Spatial autocorrelation can be
statistically removed or
modelled (Legendre 1993;
Dalthorp 2004), or taken into
account in the design (Digweed
1995)

Often dictated by time and
funding constraints, should take
into account type of habitat.
Use preliminary rarefaction
curves.

Literature available on taxaspecific responses to different
agents
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Specific
behaviour

Trappability
Catch numbers

Species affinity to biotic/abiotic factors
(Greenslade 1964; Baars 1979a; Melbourneet al.
1997; Melbourne 1999; Southwood & Henderson
2000)

Species specific/gender specific (Mitchell 1963;
Baars 1979a; Halsall & Wratten 1988; Topping &
Sunderland 1992; Spence & Niemelä 1994; Wallin
& Ekbom 1994; Mommertz et al. 1996; Lang 2000;
Koivula et al. 2003; Gerlach et al. 2009)

Catch rate (Halsall & Wratten 1988)
Literature available on species
ecology (may be species
specific)
Relevant when comparing
groups with markedly different
behaviour

Shorter sampling intervals may
be disruptive. Longer ones incur
in higher decomposition rates.
Test for local conditions

Biweekly (Koivula & Vermeulen 2005)
Weekly (Larsen et al. 2003)
Monthly (Koivula. et al. 1999; Lassau et al. 2005)
Fortnightly (Cheli & Corley 2010a)
Trap design (Pekár 1996)

et al. 2006)

Total catch (Lövei 2008)

Table 2.3.1A. Summary of biases in the use of pitfall trapping for the sampling of terrestrial arthropods. The use of bait has been neglected
because it was deemed unnecessary for carabids.

Species

Sampling
Interval

effects
Predation/carrio
n losses
Habitat
disturbance
Taxa-biased
effects

Other invertebrates were identified to order or family level following "The AIDGAP
key to the families of British Coleoptera" (Unwin 1988), "The AIDGAP key to families
of British bugs" (Insecta, Hemiptera) (Unwin 2001), "The key to UK soil mites" (Crotty
& Shepherd 2014), "Beetles of Britain and Ireland" (Duff 2012), "How to know the
immature insects" (Chu 1949), and "A key to the major groups of British terrestrial
invertebrates" (Tilling 1987). In some cases, confirmation ID was sought from
colleagues at the James Hutton Institute. Once identified, specimens were stored in
70% ethanol and labelled accordingly.

2.3.2 Moth Trapping & Identification
As in the case of carabids, there are many different ways of sampling insects in flight
(Leather 2005), but the use of self-named moth traps is generally a well regarded
method for the study of this taxa, sampling relative moth activity rather than
abundance (Franzén & Johannesson 2007; Franzé et al. 2012; Fuentes-Montemayor
et al. 2011; Summerville et al. 2004; Merckx et al. 2009). Skinner traps (15 watt
actinic bulbs, powered by sealed led-acid 12 volt battery) were chosen because they
are light, affordable and convenient for transport, made of light wood and plexiglass
materials. Egg cardboard boxes were placed as resting places for moths, and a
battery was used to power the actinic light bulb in the field over night (Figure
2.3.2A). These traps attract all type of flying insects (e.g. caddisflies, beetles) but
predominantly moths.

Figure 2.3.2A. Skinner moth trap with an actinic light source on top. Egg carboard boxes
provide resting places for moths. To avoid moths leaving the trap, transparent plexiglass
sheets are set up under the light source leaving a narrow entry point for moths.

A number of factors should be taken into account when using this type of trap,
primarily light source, environmental conditions and species-specific behaviour. For
instance, there are several known biases associated with light sources (Young et al.
2005; Tikoca et al. 2016). The degree of contrast between light and surroundings
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affects catch numbers (Bowden 1982; Nag & Nath 1991), as it does light intensity
(Yela & Holyoak 1997), wavelength (van Langevelde et al. 2011) or range of
attraction (van Grunsven et al. 2014). Different type of bulbs can be used, with
varying attraction power according to taxa, with Lepidoptera favouring the
ultraviolet range offered by lights such as mercury vapour bulbs (Southwood &
Henderson 2000). Environmental conditions are also important in moth trapping
(Holyoak et al. 1997; Rich & Longcore 2006; Reardon et al. 2006), with catches
influenced by moon phase and moonlight intensity (Nag & Nath 1991; Yela &
Holyoak 1997; Nowinszky et al. 2009), as well as warm, windless and humid
conditions (Gaydecki 1984; Yela & Holyoak 1997), or time of year (Jonason et al.
2014). Trap location may not necessarily be a bias, but in general will attract "local"
individuals. Moths have been observed to travel variable distances towards light
sources (Merckx & Slade 2014), up to 15 meters (Roberts 1996) or even up to 60
metres (Graham et al. 1961). Other sources of artificial lighting, which have been
mainly observed in urban environments but not necessarily restricted to them, can
also affect moth movement (Gaston et al. 2013; Degen et al. 2016; Macgregor et al.
2017). Lastly, species behaviour might affect trappability, as in many species females
are less mobile (Young 2002), and different families may display different light
attraction radius (Beck et al. 2006; Truxa & Fiedler 2012; Merckx & Slade 2014) or
behaviour (Wolda et al. 1992; Wölfling et al. 2016), i.e. some species are primarily
diurnal (e.g. Burnet moths), some species have males and females flying at different
times (e.g. Emperor moth).
Overall, the trap design used, i.e. square as in Skinner traps or round as in Robinson
traps, should not affect attraction rate. It might however affect moth catch rate
because it poses differences in the trap entrance for moths, and that can potentially
affect the retention rate, i.e. the Robinson trap is usually considered better to retain
catch (Nick Littlewood, pers. comms.). Hence, trap design together with
environmental factors such as weather patterns, i.e. temperature, the type of light
source used and species-specific behaviour, would be the main factors expected to
affect catch numbers in moth trapping, but since we standardised the sampling
protocol by using the same type of trap and setting them on all treatments
simultaneously to look at broad patterns of moth distribution over four consecutive
years, none of these biases discussed should be an issue in our design.

2.4. ANCILLARY DATA
This section presents the environmental (soil and landscape) and vegetation
variables that were measured and used in different chapters. Table 2.4A summarises
how variables were measured and their hypothesised links with the assemblages
studied.
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Vegetation structure, soil temperature, soil moisture, soil pH, distance to bog,
distance to forestry track, distance to forest, distance to pools, plot perimeter and
plot area were used in Chapter 3 and Chapter 4. In Chapter 6, brash structure
(coverage, height and coarseness) was used as a way of measuring habitat structure.
The specific methodology employed for each variable is detailed below.

2.4.1Measurement of Soil Variables
Soil moisture was measured with an ML3 Theta Probe/HH2 Moisture Meter Delta-T
(Theta Probe) moisture meter, calibrated for organic soil, that measures either soil
water content (0-100%) or voltage range (0-1.5V). Both types of measures were
taken by inserting the sensors on the ground at a random point within 30 cm of the
pitfall trap. The procedure was repeated for each trap on each collection unless the
trap had been disturbed or ground flooding impeded measurements. Trap values
were averaged per transect. Only voltage range data (mV) were used for final
analyses.
Soil temperature was measured using a digital thermometer probe with an accuracy
of +/-1°C, by randomly inserting it in a radius within 30cm of the pitfall trap. This
procedure was repeated for each trap unless the trap had been disturbed, in which
case the measurement was unnecessary. A total of six measurements per trap were
taken, and values were averaged per transect when traps were pooled together.
Soil samples were collected using a trowel, resembling a soil core utensil, to a depth
of 12cm; samples were randomly collected from the bottom of one of the pitfall
traps from each replicate site in August 2016 and tested within hours of collection.
Soil pH was determined with a Hanna HI 99121 Direct Soil pH Meter by using a
standard test method on a 1:5 soil/deionised water suspension (10 grams of soil and
50ml of deionised water). The meter was calibrated using pH 4.01 and pH 7.01
Hannah buffer solutions. The electrode was rinsed with deionised water to avoid
cross contamination. The mix was thoroughly stirred and left to settle for 15 minutes,
measuring then the pH from the liquid solution sitting above the soil. Measurements
were repeated 3 times and an average was used as the final soil pH value for each of
the 34 sites.

2.4.2 Vegetation Sampling
During the fieldwork of this research, access to different sampling areas was
restricted due to breeding birds and overall peatland degradation, as well as other
activities taking place in the reserve such as plantation felling and deer stalking,
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which difficulted the collection of vegetation data. Thus, we were unable to collect
vegetation data for all moth traps; and the collection of vegetation data for the
chronosequence of pitfall traps was undertaken parallel to one of the pitfall trap
collections. At each pitfall trap in the chronosequence, pictures were taken at a
height of 50cm to cover an approximate 1m2 area of vegetation around each trap
(Figure 2.4.2A). Vegetation functional groups were identified as follows: dwarf
shrubs, i.e. Calluna spp., Erica spp.; grasses and sedges, i.e. Eriophorum spp.;
Sphagnum mosses; other mosses, i.e. Polytrichum spp., Rytidiodelphus spp.; and bare
peat. Coverage dominance of these functional groups was later identified from the
pictures taken in the field except for percentage moss coverage, which was
estimated in the field by separating Sphagnum spp. and other mosses, as they can be
difficult to distinguish or even see (i.e. under shrubs) in average quality photographs.
In both cases, cover classes were used (Table 2.4.2A) rather than absolute values.
Other habitat physical features were also recorded, i.e. tree stumps, fungi or
presence of open water. These features were not used in the final analysis because
tree stumps are a permanent feature and therefore shared by all restoration sites,
and the presence of water might indicate a temporal feature dependent on weather
conditions.

Figure 2.4.2A. Example of vegetation sampling for pitfall trap B2.3.
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Measurement of pH on soil:water dilution from soil
cores collected within 1m of a transect on each site

Soil pH

Distance to open
blanket bog

Measurement in Google Earth Pro

Measurement in Google Earth Pro

Measurement of soil moisture with a theta probe
within 30cm of each pitfall trap

Soil moisture

Distance to
forest

Measurement of soil temperature with a manual
meter within 30cm of each pitfall trap

Measurement of brash height with a measuring tape
in a 30cm quadrat around each pitfall trap; visual
estimation of percentage cover

Visual estimation of percentage cover in a 1m
quadrat around each pitfall trap; identification of
major structural groups (shrubs, grasses/sedges,
Sphagnum mosses, other mosses, bare peat, litter)

Method

Soil temperature

Brash structure

Vegetation
cover/ structure

Variable

Recolonisation sources, risk of extinction, dispersal
feasibility

Risk of species crossover between habitats,
recolonisation sources, dispersal ability

Species distribution, existence of
microclimates/microhabitats

Species distribution, existence of
microclimates/microhabitats, desiccation risk for larval
stages of different arthropods
Species distribution, existence of
microclimates/microhabitats, larval development for
carabids and other hygrophilous species/taxa

Microhabitat heterogeneity

Habitat complexity/heterogeneity

Indicator

83

Obtained from:
Potential differences in species activity/abundance
https://landweb.modaps.eosdis.nasa.gov/browse/ca
during sampling according to time of the year
lendar.html

Habitat suitability, availability of resources, extinction
risk

Table 2.4A. Summary of ancillary data collected for this study. Vegetation, brash and soil variables were measured per trap. Distance
to forest, blanket bog, bog pools and forestry track, connectivity index, plot perimeter and plot area were measured per plot
(corresponding to transect after pooling traps).

Julian Day

Measurement in Google Earth Pro

Plot Area

Edge effects, species spill-over to other habitats

Dispersal ability and recolonisation sources

Measurement in Google Earth Pro

Measurement in Google Earth Pro

Barriers to dispersal, changes in peatland hydrology

Barriers to dispersal, recolonisation sources, suitable
habitats for larval developmental stages

Measurement in Google Earth Pro

Measurement in Google Earth Pro

Plot Perimeter

Distance to
forest track
Connectivity
Index (for plot)

Distance to bog
pools

0
1
2
3

Other Vegetation/Features
Absent
Present, 1-2 individuals
<50% picture coverage
>50% picture coverage

0
1
2
3
4

Mosses
Absent
<10% coverage
10-50% coverage
50-75% coverage
>75% coverage

Table 2.4.2A. Categories used for the classification of vegetation. Other
vegetation/features encompasses shrubs, grasses/sedges, bare peat and litter; mosses
include Sphagnum mosses and non-Sphagnum mosses.

In order to account for brash structure at both type of standard and the enhanced
management sites (Chapter 6, Figure 6.2.1A), three different variables were
measured: brash percentage cover, brash coarseness and brash height. Percentage
cover and brash coarseness were visually estimated in the field and classified into
classes similarly to moss coverage (Table 2.4.2B). Brash height was measured by
choosing a random point within 30cm of the pitfall trap and measuring the highest
brash point with measuring tape.

1
2
3
4

Brash Coarseness
Mainly pine needles and cones
Light weight branches and debris
Branch length generally 1mm-20cm, diameter < 0.5cm
Medium size debris
Branches 20-40cm in length, diameter 0.5-2cm
Coarse debris
Branches longer than 40cm, diameter > 2cm

Brash Coverage
0 < 10% coverage
1 10-50% coverage
2 50-75% coverage
3 > 75% coverage

Table 2.4.2B. Classification of brash structure for Dyke plantation sites. Brash coarseness
covers the size of debris whilst brash coverage accounts for the percentage of debris found
on each restoration site.

2.4.3 Measurement of Landscape Variables
The connectivity index (CDEX) intends to measure the degree of connectivity
between open blanket bog habitat patches within the afforested-restoration matrix.
For that, each site was reduced to a square shape respecting the overall area of the
site in Google Earth Pro using the polygon feature, and classified according to the
type of habitat immediately surrounding it: 0 - 4:0 (blanket bog: disturbed); 1 - 3:1
(blanket bog: disturbed); 2 - 2:2 (blanket bog: disturbed); 3 - 1:3 (blanket bog:
disturbed); 4 - 0:4 (blanket bog: disturbed) (Figure 2.4.3A).
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1

2
4

3

Figure 2.4.3A. Measurement of connectivity index at each site. B8 (blanket bog) illustrates
how the site was reduced to a square shape (in purple), and each site was assigned blanket
bog or disturbed status. Following the classification in Table 2.4.2C, B8 is surrounded by: 1 forest, 2 - blanket bog, 3 - restoration, 4 - blanket bog (with forestry track in between), thus
it has a connectivity index of 2. Image taken from Google Earth Pro.

On average, open blanket bog sites were surrounded by at least two other blanket
bogs (CDEX ~ 2). Restoration sites were primarily surrounded by other disturbed
habitats, either restoration or forestry plantation (CDEX ~ 4), as were forest
plantations (CDEX ~ 4).
Plot perimeter (PPER) and plot area (PAR) were measured using Google Earth Pro
polygons, in metres (m) and square metres (m2) respectively. For forestry plantations
and restoration sites measurements followed the blocks created as a result of
planting that were also used for restoration (Figure 2.4.3B). If additional
management had been carried out in sub-blocks; only the felled-to-waste one was
considered. In open blanket bog, "natural barriers" for arthropods, physical features
that would be considered too big of an obstacle for dispersal, were used to delimit
the perimeter, i.e. lochs, burns, streams, etc. (Figure 2.4.3B).
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a) Forest

b) Restoration

c) Blanket Bog

Figure 2.4.3B. Measurement of plot perimeter and plot area in sampling sites. a) Forestry
plantation perimeter length follows forestry blocks. b) Restoration perimeter length
follows the former forestry blocks used for planting. c) Open blanket bog perimeter length
follows "natural barriers": restoration treatments at the top, forestry track and forestry
plantation on the left, burns and restoration habitat at the bottom, a loch and a burn on
the right.
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Open blanket bog sites ranged from 3181 m to 17,884m in perimeter, and 1605.91
m2 to 2,936,557.71 m2 in area; restoration sites ranged from 529.32 m to 1863 m in
perimeter, and 112.63 m2 to 71,329.54 m2 in area; and forestry plantations ranged
from 716.84 m to 1755.40 m in perimeter, and 30,705 m2 to 114,410.85 m2 in area.
Distance from a site to bog (DBOG), distance to forest (DFOR), distance to bog pools
(DPOOL) and distance to forestry track (DROAD) were measured also in metres in
Google Earth Pro. The distance to each particular feature was taken from the closest
point from the plot perimeter, to the closest point of the feature to the plot (Figure
2.4.3C).

Figure 2.4.3C. Measurement of distance to different features from each sampling plot. The
picture illustrates how to measure: a) the distance from the plot to a forestry track (yellow
line); b) the distance from the plot to bog pools (blue line); and c) the distance from the plot
to forest (green line). The plot perimeter is indicated in red. Capture taken from Google
Earth (Google Earth maps have not been updated, even though it shows as forestry, al land
surrounding the plot highlighted is restoration).

2.5 FUNCTIONAL TRAITS
Of the multiple frameworks available in the literature for the study of functional
aspects of organisms, the use of FTs avoids loss of information and the imposition of
a discrete structure on functional differences unlike, for example, a priori functional
groups (Fonseca & Ganade 2001). Furthermore, FTs have taken into account species
abundance, which sometimes determines the impact of a species on ecosystem
functioning (Dı ́az & Cabido 2001). Hence, we chose the Coleoptera FT framework
proposed by Fountain-Jones et al. (2014), which adapts the M-P-P plant trait
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framework (morphological, physiological and phenological traits, Violle et al. 2007)
by extending it to M-P-P-E (morphological, physiological, phenological and ecological
peformance traits). This new category, ecological performance, is a combination of
morphological and physiological traits that quantifies how well an individual survives
in an environment (Fountain-Jones et al. 2014).
A range of morphological, life-history, behavioural and feeding carabid functional
traits (Chapter 4, Table 4.2A) that may influence species in a peatland restoration
context were considered. We aimed to obtain carabid traits from publications
reflecting the ecology and behaviour of Scottish carabid beetles, although traits were
obtained elsewhere (UK, Britain, Europe) when Scottish traits were unavailable in the
literature. If the information required for the traits and the species were not
available for at least European specimens, the trait was discarded. Morphological
traits were selecting following Ribera et al. 1999, 2001, and measured on collected
specimens. Fountain-Jones et al. (2014) suggest that the measurement of six beetle
individuals is enough to take into account within-species variation. Throughout six
collections, at least 15 individuals for each species(or all specimens in good condition
if the species was not abundant) were randomly chosen for trait measurement. None
of the morphological measurements included setae or protuberances found on the
carabid body (Figure 2.5.3A). In total five functional traits were measured (head
width (HW) and head length (HL), pronotum length (PL), elytra length (EL) and hind
leg length (HLL) (Figure 2.5.3A), obtaining a sixth trait, average body size (ABS), as a
sum of head length, pronotum length and elytra length. All measures were taken
with an Olympus SZ40 dissecting microscope and a measuring device. For specimens
larger than 5mm, an electronic digital vernier caliper was used. For specimens
smaller than 5mm, an eyepiece (Wild Heerbrugg Switzerland 10x) was calibrated
against a stage ocular micrometer (1mm) at 4x (1 eyepiece unit = 243.90μm =
0.24390244mm), giving a total magnification of 40x.
Hind leg length was calculated by combining tibia, femur and tarsi measurements.
Total body size was calculated by combining head length, pronotum length and
elytron length measurements. For elytron length, because one elytron tends to be
longer than the other, measurements were taken for the longest elytron in the
specimen. For head width, the narrowest distance between specimen's eye was
used due to certain species showing uneven distances between both eyes' borders.
For total leg length, the right hind leg was taken for measurement. If missing, the left
one was used instead. Pictures of arthropods were taken with a Leica M125
microscope and a Leica MC170 HD camera attachment.
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Figure 2.5.3A. Morphological traits measured in carabids. TOP. The drawing illustrates
how measurements were taken on Notiophilus germinyi.S (scutellum), EL - Elytron length
was measured from scutellum to basal point of the largest elytra; PL - Pronotum length
was measured alongside the mid-line of the pronotum; HL - Head length was measured
from the closest point behind the eyes to the mandibles mid-point; HW - Head width was
measured at the narrowest head part from left eye to right eye; for those species with
irregular eye shape, the shortest distance between them was chosen. BOTTOM. Diagram of
a carabid leg (male). Total leg length was measured by breaking it down to its
components. Femur length was measured from the base of the trochanter to the apical
part of the tibia; tibia length was measured from apical part to spur; tarsi were measured
from spur to claws (excluding claws).

Moth functional traits were obtained from the available in the literature (Slade et al.
2013; Waring & Townsend 2013; Manley 2015), as well as the NHM's moth host
plant database (Robinson et al. 2010). The specific details for moth functional traits
are discussed in Chapter 5.
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2.6 STATISTICAL ANALYSES
All statistical analyses were performed with R version 3.4.1 (30th of June 2017),
primarily using the "vegan" package.
For chapters dealing with carabid beetles (Chapter 3, Chapter 4 and Chapter 6), small
vertebrates (lizards, shrews, voles), annelids (earthworms) and gastropods (slugs and
snails) were excluded from analyses since their diversity, distribution and ecological
response to habitat changes might greatly differ from that of arthropods, and the
latter were the actual group of interest in this thesis. For chapters dealing with moths
(Chapter 5), only macro-moth data were used. Other details about data manipulation
and statistical analyses will be provided in each individual chapter.
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CHAPTER THREE
RESTORATION TRAJECTORY OF ARTHROPOD
ASSEMBLAGES & CARABID COMMUNITIES
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3.1 INTRODUCTION
Ecological restoration is often described as one of the most cost-effective
management techniques for the accelerated recovery of damaged or degraded
habitats (Birch et al. 2010). It employs a series of adaptive intervention strategies to
improve ecosystem health, resilience, ecological integrity and sustainability (SER
2002), and post-intervention monitoring to assess if the goals of restoration have
been met. Since it would be impossible to measure every key aspect of an ecosystem
(Noss et al. 1997), indicators are often selected according to the restoration goals
and targets decided beforehand (Carignan & Villard 2002). When indicators are
selected at the species level, restoration approaches tend to focus on floral recovery
(Wortley et al. 2013), assuming that if the right habitat is in place ("if we build it"),
desired faunal assemblages will return ("they will come") (Palmer et al. 1997; Brady
et al. 2002). However, two recent meta-analyses of restoration interventions have
shown that the provision of biodiversity and other ecosystem functions in restored
habitats, including peatlands, often falls short in comparison to reference habitats
(Rey Benayas et al. 2009), in particular for peatland invertebrates (van Duinen et al.
2007), peatland vegetation (Haapalehto et al. 2011) and peatland belowground
microbial and chemical functioning (Andersen et al. 2013). Moreover, restoration
may lead to the appearance of alternative states, due to ecological factors such as
random species dispersal and colonisation (Moreno-Mateos et al. 2012), favouring
species that hamper the peatland restoration process (e.g. Hancock et al. 2018).
In blanket bogs, short-term restoration goals typically aim to bring back habitat
functionality via re-establishment of acidic water-logged conditions (water table
depth), and typical peat-forming vegetation such as Sphagnum sp. and sedges (Lunt
et al. 2010; Haapalehto et al. 2011; Parry et al. 2014; Maanavilja et al. 2014). In the
long-term however, targets have shifted in recent decades from restoring peatlands
for biodiversity (Stroud et al. 1987; Lindsay et al. 1988; Warren 2000; Littlewood et
al. 2010; Ramchunder et al. 2012; Carroll et al. 2011; Carroll 2012), to restoration for
other services such as carbon sequestration and storage, hydrological processes and
global climate regulation (Waddington & Warner 2001; Joosten & Clarke 2002;
Holden 2005; Joosten et al. 2012; Bonn et al. 2014; Joosten 2015). Indeed, current
European peatland restoration policies have incorporated these ecosystem functions
(Erwin 2009; RSPB 2011b; Marsden & Ebmeier 2012; Artz et al. 2014) due to their
importance in global climate change mitigation and general human well-being (Bonn
et al. 2016). In spite of how often peatland biodiversity conservation is stressed in
publications, little attention has been paid to terrestrial arthropod assemblages, a
key element in vertebrate food webs (Pearce-Higgins & Yalden 2004).
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Regardless of what goals are driving blanket bog restoration, one of the main
challenges in the restoration of arthropod communities is understanding the
assembly rules operating under the ecological context studied (Belyea & Lancaster
1999), as rules might differ between taxa and habitats (Magura & Lövei 2017).
Assembly rules often assume that species are niche assembled, the order of species
recolonisation affects the final ecosystem state, and communities are relatively
stable and not easily invaded by native or non-native species (Temperton et al.
2004). Knowing that dispersal constraints (MacArthur & Wilson 1963; Wilson &
MacArthur 1967), environmental constraints (Weiher & Keddy 1995) and internal
dynamics (Belyea & Lancaster 1999) play a key role in community assembly, both
functionally and phylogenetically (Webb et al. 2002), it is frequently the case that the
species characterising the final assemblage are not the same as those found at the
onset of restoration management (Belyea & Lancaster 1999). This suggests that
adaptive restoration (as in actively monitoring and correcting the course of
management, as informed by management goals and targets) might be necessary to
attain the desired ecosystem state. For instance, in the case of afforested blanket
bogs undergoing restoration (also termed forest-to-bog restoration), studies have
shown that, in some cases, the recovery of typical vegetation may be slowed by
legacy effects from forestry or even restoration, including altered hydrology and
physico-chemical conditions (Hambley 2016; Gaffney 2017; Hancock et al. 2018).
Despite the widely known importance of terrestrial arthropods for ecological
processes and ecosystem functioning (Weisser & Siemann 2007), their response in
Scottish peatland restoration has been barely addressed to date and remains largely
unquantified. Scottish blanket bogs exhibit habitat heterogeneity and variability of
natural conditions such as temperature, water table depth and nutrient availability
(Lindsay 1995). Such particular combinations of living conditions define the type of
arthropod assemblages hosted, viewed by some as "ecological and historical refuges"
(Spitzer & Danks 2006); their supporting role in food webs (i.e. Carroll et al. 2014;
Carroll et al. 2015), and the provision of other ecosystem functions such as carrion
recycling (Carter et al. 2006) and pollination (Corbet et al. 1991). As well as being
influenced by environmental conditions following restoration, arthropod recovery
can be slow for less vagile taxa (Cañedo-Argüelles & Rieradevall 2011; Taillefer &
Wheeler 2013) due to constraints in dispersal capability and availability of
recolonisation sources (remnant populations) (Nakamura et al. 2008).
Here, carabids (Coleoptera: Carabidae) were chosen as a focal taxa within terrestrial
arthropod assemblages because they are one of the best known peat bog terrestrial
predators (Spitzer & Danks 2006), relatively straightforward to identify to species and
display distinctive and diverse blanket bog assemblages (Buchholz et al. 2009; Sushko
2014). They are able to discern between habitats assuming that structural changes
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and ground cover, i.e. leaf litter, are different enough between habitat floors (Koivula
et al. 1999), and they can move hundreds of meters by foot or by flight (Den Boer
1970; Baars 1979a). They also display a close relationship to a number of
environmental variables (Avgin 2010; Thiele 2012) that can be used to assess
restoration gradients. In general, carabids form an ecologically diverse group (Lövei &
Sunderland 1996) that has been widely used as an ecological indicator of
environmental quality and change (Luff et al. 1992; Niemelä et al. 2000; Niemelä
2001; Rainio & Niemelä 2003; Eyre et al. 2003; Avgin & Luff 2010).
This research experiment examines how arthropod assemblages are changing
throughout the restoration gradient at two different levels: assemblage (all
terrestrial arthropod taxa, including carabids as a distinctive taxon within the group),
and species (carabid beetles). Specifically, we aimed to: 1) quantify changes
throughout the restoration chronosequence; 2) determine whether biotic variables
such as co-occurrence and nestedness filter carabid community composition; 3)
identify which abiotic variables have more influence on arthropod communities; and
4) identify potential bioindicators (carabid species or arthropod taxa) of restoration
progress. We hypothesised that: 1) a non-linear assemblage restoration trajectory
can be expected for both carabid and arthropod assemblages, with older restoration
assemblages resembling more those assemblages of open blanket bog; 2) abiotic
factors are often considered to be of greater importance for carabid community
distribution, but interspecific competition and competitive exclusion would be
expected to play a role in shaping the structure and composition of carabid
communities in changing (e.g. opening of new niches) physical environments
throughout restoration; 3) abiotic differences will be found between restoration
treatments due to habitat heterogeneity, and these will affect the assemblage
composition found on each treatment; and 4) certain arthropod taxa/carabid species
will display sufficiently strong affinity to open blanket bog habitat (tyrphobionts or
tyrphophiles) to be considered as indicators of restoration success.

3.2 MATERIALS & METHODS
3.2.1 Site Description & Study Design
Ongoing restoration efforts in the RSPB’s Forsinard Flows NNR have created a series
of restoration sites spanning from standing conifer forestry plantation to open
blanket bog, including a number of sites that form a restoration sequence (ages 2-18
years since onset of restoration management). For this study, sites were selected
according to restoration technique, felling year and location (to allow for replication),
as well as accessibility (to avoid damaging open blanket bog or disturbing breeding
birds) (Figure 2.2.2A). In all restoration areas, trees were felled and left on site, with
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the exception of the area felled in 2014. In this case, restoration began when trees
were larger and commercially viable as a crop. Therefore, timber was removed,
although substantial quantities of brash were left on site in a similar manner to those
areas felled in earlier years. The experimental design was a randomised block
representing a space-for-time substitution of six restoration age class (2 years, 10
years, 11 years, 12 years, 13 years and 18 years) along with open blanket bog and
conifer plantation. Trees were in general planted in the early 1980s, thus plantations
were felled at different stages of growth throughout the chronosequence (Table
3.2.1.A).
Year of
Treatment
Restoration No. of
Felling
Drain
Site Name
Tree
Code for
Age (Years)
Plots
Method Blocks
Felling
Analysis
Talaheel
1998
R18
18
4
FtW
No
Sleach

2003

R13

13

3

FtW

Yes

Bhaird

2003

R13

13

1

FtW

Yes

Bhaird

2004

R12

12

1

FtW

Yes

Crubag

2004

R12

12

1

FtW

Yes

Cross
Lochs
Cross
Lochs
Crubag

2004

R12

12

2

FtW

Yes

2005

R11

11

2

FtW

No

2005

R11

11

1

FtW

Yes

Leir

2005

R11

11

1

FtW

Yes

Sleach

2006

R10

10

3

FtW

Yes

Leir

2006

R10

10

1

FtW

Yes

Dyke

2014

R2

2

4

FtW

No

-

F

-

5

-

-

-

B

-

5

-

-

Plantation
Controls
Bog
Controls

Table 3.2.1A. List of chronosequence sampling sites. Drain blocking information adapted
from RSPB-IUCN 2011. FtW stands for felled to waste.

The purpose of a randomised block design was to allow for spatial replication across
the reserve, reducing the risk of pseudoreplication. The original open blanket bog
landscape matrix is interspersed with restoration areas and remaining conifer
plantations, with all restoration areas ranging from 1.2 ha to 12.4 ha, conifer
plantations ranging from 3 ha to 7.6 ha, and sampling blanket bog sites ranging from
47 ha to 524 ha. Originally, the size of conifer plantations was dependent on physicochemical characteristics of the bog, i.e. planting occurred in drier areas that were
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easier to access, often with fewer pools, although latter planting was located in
deeper peat of up to 1.5m (RSPB 2011a). Because of the matrix created by conifer
planting and restoration, blanket bog is not typically limited by measurable
boundaries, and is generally represented by larger extensions of land. For the
purpose of our study, all sites sampled were considered large enough to host a
characteristic carabid assemblage and distant enough to be considered independent
from each other (e.g. Digweed 1995; Magura et al. 2003).
There were four replicates of sampling plots per restoration age class, five in open
blanket bog and five in conifer plantation (TableA3.1). A transect of 4 pitfall traps, 5
metres apart, was set in the centre of each plot on the original surface of the peat
(Figure A3.3) following a random orientation, hence the location of pitfall traps
within selected blocks was standardised for all restoration areas and conifer
plantations. Thus, for this experiment, a total of 34 linear transects were established
across the field site. Pitfall traps were set following the protocol presented in Chapter
2. Across all sites, the sampling campaign resulted in a total of 816 pitfall trap catches
(136 pitfall traps x 6 collections).

3.2.2 Arthropod Sampling with Pitfall Traps
Pitfall traps consisted of a plastic cup (50 cl, 95 mm diameter, 115 mm depth) dug
into the peat and flush with the soil surface (Figure 2.4.1A). Pitfall traps were filled
with 20 ml of a glycol-based solution that works as a preservative, to slow
decomposition, and killing agent, to avoid in-trap predation. Propylene glycol, which
has been shown to have a neutral effect on carabid attraction (Weeks & McIntyre
1997; Knapp et al. 2016) and to be generally considered non-toxic for mammals
(LaKind et al. 1999), was purposely used to minimise the incidence of small
mammals, amphibians, reptiles and other non-targeted species. In addition, wire
mesh was also used to reduce the number of casualties of non-targeted species in
pitfall traps by placing a mesh dome inside the trap, to aid their escape.
Preliminary sampling in the area showed that three weeks was an adequate interval
for sample collections, with longer periods incurring in high rates of
predation/scavenging, trap disturbance and specimen decomposition in warm
weather. Thus, pitfall traps were operated from May to September 2016, emptied
every three weeks, amounting to a total of six collections with traps replaced or
refilled as needed. The contents of each trap were strained through a small tea
strainer and stored in individually labelled plastic bags. Bags were immediately
placed in a freezer and sorted in the lab afterwards. Collections were subject to
activities in the reserve such as forestry activities (i.e. timber harvest, heavy
machinery operation),deer stalking, bird breeding and bird surveying, so trapping
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nights were adjusted accordingly. Across all sites, the sampling campaign resulted in
a total of 816 pitfall traps (136 pitfall traps x 6 collections).
Arthropod taxa were identified in the laboratory to species when possible, but
generally they were counted and identified to order or family level (or equivalent for
their specific taxonomic classification) (Table A3.1; Pratt & Stojanovich 1966; Unwin
1988; Tilling 1987; Unwin 2001; Crotty & Shepherd 2014). All carabids were pooled
as family (CAR), and included in the arthropod assemblage analysis. All adult
specimens belonging to the Family Carabidae (O. Coleoptera) were identified to
species (Lindroth 1986; Luff 2007; Duff 2012). Two carabid species, Pterostichus
nigrita and P. rhaeticus, belong to the Pterostichus nigrita complex (Angus et al.
2008) and are usually difficult to identify by looking only at morphological characters,
requiring genital dissections looking at the male endophallus (Angus et al. 2000).
These were performed on 10 male specimens drawn randomly from different
samples, from which males were generally scarce. For these specimens, 70% were
identified as P. rhaeticus and 30% as P. nigrita (Table A3.2). Due to the difficulty to
accurately separate both species, the species was then classified as a pseudospecies
under the code PNIGR, as it has been previously done in other studies (e.g. Eyre
1994).

3.2.3 Ancillary Data
For this experiment 17 different variables were used, divided into three main types
(Table 3.2.3A) for which definitions and methods are described in Chapter 2.
Although these parameters are important for all above-ground arthropods identified
in pitfall traps (Dennis et al. 1998; Schweiger et al. 2005; Bokhorst et al. 2014), they
were specifically selected for their strong influence on carabid distribution and
dispersal, particularly regarding habitat structure and microclimatic factors (Thiele
2012). On the one hand at the micro-scale, soil variables such as temperature,
moisture and pH are important for carabid distribution and habitat specialists (Paje &
Mossakowski 1984; Sanderson et al. 1995; Rykken et al. 1997), and likely
determinants of optimal growth and survival for egg, larval and pupa stages (van Dijk
& den Boer 1992; Lövei & Sunderland 1996; Ernsting & Isaaks 1997). Furthermore,
habitat structure is recognised, together with soil characteristics, as a main
determinant of carabid distribution, influencing microhabitats via litter type,
vegetation type (Niemelä et al. 1992; Koivula et al. 1999; Pearce et al. 2003) and the
filtering of species traits (Fischer et al. 2013). On the other hand, at the macro-scale,
landscape variables based on structural and functional connectivity (Jordán et al.
2007; Kindlmann & Burel 2008), such as habitat patch size (Niemelä 2001), are
essential for the recolonisation of restored areas by less vagile taxa (Tischendorf et
al. 1998).
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Broader Category
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Vegetation
Vegetation
Vegetation
Vegetation
Vegetation
Vegetation

Variable Category
Soil
Soil
Soil
Landscape
Landscape
Landscape
Landscape
Landscape
Landscape
Landscape
Landscape
Habitat Structure
Habitat Structure
Habitat Structure
Habitat Structure
Habitat Structure
Habitat Structure

Variable Type
Temperature (ºC)
Moisture (mv)
pH
Plot perimeter (m)
Plot area (m2)
Distance to bog (m)
Distance to forest (m)
Distance to bog pools (m)
Connectivity Index
Easting coordinates
Northing coordinates
Shrubs (% cover)
Grasses/sedges (% cover)
Moss (% cover)
Sphagnum (% cover)
Bare peat (% cover)
Litter (% cover)

Code
TA
MOImv
PH
PER
PAR
DBOG
DFOR
DPOOL
CDEX1-4
EAST
NOR
SHB
GRSED
MOSS
SPH
BPEAT
LIT

Table 3.2.3A. List of variables used in the chronosequence experiment for arthropod and
carabid assemblages.

3.2.4 Data Analysis
All statistical analyses were performed with R version 3.4.1 (30th of June 2017).
Small vertebrates (lizards, shrews, voles), annelids (earthworms) and gastropods
(slugs and snails) were excluded from analyses since their diversity, distribution and
ecological response to habitat changes might greatly differ from that of arthropods.
Pitfall trap collections were standardised (loss of traps due to disturbance, flooding,
etc, amounted to 2% of all pitfall traps) by pooling species/taxa abundance in all 4
traps per transect and obtaining an average activity/density value for each
species/taxa. When handling count data, it is common practice to remove singleton
species (species that have appeared only once throughout sampling), or species with
low occurrences as they might skew results, i.e. Barbaro et al. 2007; Barbaro & Van
Halder 2009. In order to standardise and obtain meaningful comparisons between
taxonomic and functional indices, species/taxa occurring in less than 10 samples
were removed because they occurred in very low numbers. For arthropod
assemblages, unidentified Coleoptera and Coleoptera larvae were removed because
no meaningful ecological conclusions can be obtained at such broad levels; whilst
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Prostigmata mites, Formica fusca, Nicrophorus humator, Oiceoptoma thoracicum,
Entiminae, Hydraenidae, Gyridae, Ptilidae, Monotomidae, Homoptera, Ortheziidae,
Coccidelinae, Myriapoda, Gerridae, Pseudoscorpiones, Symphyta, Plecoptera,
Nitidulidae, Trichoptera, Dytiscidae and Apidae were removed because they occurred
in less than 10 samples. For carabid species, we excluded singleton species Amara
lunicollis (found in R12), Bembidion quadripustulatum (found in bog) and Trechus
rubens (found in R12), which were only found once throughout the sampling
campaign. In the case of bioindicators however, all species and taxa were considered
for analysis.
The standardisation procedure used for pitfall trap catches can be found in Chapter
2. Sampling efficiency was assessed by using species accumulation curves (Gotelli &
Colwell 2001) using "BiodiversityR" package in R (Kindt & Kindt 2007). For datasets
with large number of zeros, as it is the case in the count data from pitfall traps, it is
often advisable to transform them. In the final dataset after removing low abundant
species, zeros accounted for 82% of the carabid data and 74% of the arthropod data.
Hence prior to further analyses, average abundance values per transect were
Hellinger transformed (Legendre & Gallagher 2001), in order to down-weight the
effect of a high numbers of zeros.
To examine the restoration trajectory of arthropod assemblages and carabid
communities we used a space-for-time substitution approach implemented with
principal response curves (PRC, van den Brink & ter Braak 1999), using the "vegan"
package (Oksanen et al. 2007; Oksanen 2017). Space-for-time substitution assumes
that spatial and temporal variation are equivalent in cases where long-term studies
are not feasible; by using PRC, a special case of redundancy analysis (RDA), we can
focus on the treatment x time interaction (explanatory variable) since both
treatment and interaction terms are used against a baseline or control defined a
priori. In this case, the open bog sites were used as baseline, with forestry
(restoration time 0 years) and restoration age classes (restoration time 2, 10, 11, 12,
13 and 18 years) used as response treatments over time. Species scores (response
variable) can also be displayed, reflecting the influence of particular species on the
overall community response described by the PRC trend line. Species with high
positive scores are positively correlated to the PRC line, whereas negative scores
display a negative relationship. Species with near zero values show no preference for
the PRC trend line showed (ter Braak & Smilauer 2002). The significance of the PRC
was tested by Monte Carlo permutations (999 permutations) (ter Braak & Šmilauer
1998).
Null models (Gotelli & Graves 1996) were used to explore whether local conditions
influence carabid species composition sort carabid species. Co-occurrence null
models in the "EcoSimR" R package (Gotelli & Ellison 2013) use two metrics (C-score
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and V-ratio) to assess if the pattern of carabid species distribution in the community
matrix is a consequence of interspecific competition. Ten different algorithms are
available, depending on how row sums (species) and column sums (sites) are
weighted. The default null model in EcoSimR is SIM9, where both species
occurrences (row sums) and sites (column sums) are fixed. This is a conservative
model, but provides low Type I error (false positives). SIM10 is also recommended as
a more ecologically realistic model (Gotelli et al. 2015), using species occurrences
and sites as external weights. However, Gotelli 2000 recommends the use of the
SIM2 null model, where all species occurrences are fixed and sites are equiprobable,
as an appropriate null model for pitfall trap data. The first metric used, C-score,
measures the association between species pairs based on the number of
checkerboard pairs: C-score = 0 indicates a maximally aggregated community (more
co-occurrence), whereas a large C-score (maximum is the product of each pairwise
species comparison), indicates a maximally aggregated community with no shared
sites (lower levels of co-occurrence). A competitively structured community displays
a C-score a lot larger than by chance (e.g. Shibuya et al. 2011; Skalski et al. 2012). The
second metric used by null models, V-ratio, measures the average covariance
association between all possible species pairs. A random matrix shows V-ratio = 1
due to species being distributed independently; an aggregated matrix displays V-ratio
> 1; whereas a segregated matrix has a V-ratio < 1, and competitive exclusion is
indicated by strong negative covariance between pairs (Gotelli & Ellison 2013).
Nestedness null models in "bipartite" R package (Rodríguez-Gironés & Santamaría
2006; Dormann et al. 2008) help to describe patterns in the ecological webs of
carabid communities and evaluate if they had an effect in shaping the webs.
Additional null models check for statistical significance of the matrix temperature.
Nestedness is a measure of structure in an ecological system and species
vulnerability to environmental gradients within communities, whereby in a nested
community the species composition of small assemblages is a nested subset of the
species composition of large assemblages (Ulrich et al. 2009). BINMATNEST algorithm
within the "bipartite" R package is based on Atmar & Patterson (1993) matrix
temperature for communities, which measures the rate at which species' extinctions
would occur in the system (Atmar & Patterson 1993, Patterson & Atmar 2000); with
the algorithm providing the probability of each cell in the species-by-site matrix being
occupied as the average of row and column occupancy probabilities. Matrix
temperature ranges from perfectly nested (0°) to completely random (100°) (Atmar
& Patterson 1993, Weller & Ganzhorn 2004). The statistical significance of the
nestedness is examined by comparing the observed matrix temperature with the
three null models given after generating 1000 null models by randomisation, with
only the third model recommended for comparison (Rodríguez-Gironés & Santamaría
2006). BINMATNEST also provides values for species idiosyncrasy. A species is
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considered idiosyncratic if its temperature is higher than the temperature of the
system. These species usually have many unexpected presences and absences, and
increase the temperature of the maximally nested matrix (Atmar & Patterson 1993).
To determine which variables are most related to arthropod and carabid assemblage
distribution, redundancy analysis (RDA) implemented by vegan (Oksanen et al. 2007),
was applied in conjunction with forward selection and variation partitioning (Borcard
et al. 1992, Dray et al. 2012). Site x order (arthropods) or site x species (carabids)
matrices were used accordingly as the response matrix, whilst site x ancillary
variables was used as constraining matrix. Forward selection to obtain a
parsimonious model was performed with vegan, which uses the preselected
significance level alpha (α=0.05 by default) as the main stopping criterion, and R2adj
(Blanchet et al. 2008) as a second stopping criterion. For both arthropods and
carabids the most parsimonious model was chosen and those are the only results
displayed and discussed. Variation partitioning, also implemented by vegan, was
used on a reduced RDA model with forward selected variables in order to determine
the most relevant type of variables for each assemblage.
To determine which species/taxa can be used as indicators of restoration trajectory,
indicator species analysis (Dufrêne & Legendre 1997; Cáceres & Legendre 2009;
Legendre & Legendre 2012) implemented by package "indicspecies" in R (De Cáceres
2013) was used. It is based on the asymmetric indicator value index (IndVal) measure
(a priori partitioning of the sites for species analysis), that measures the association
between within-species abundance and site group, looking for the groups with the
highest association value (Legendre & Legendre 1998). The index is independent of
species abundance and based on two qualities: specificity (A), if the species/taxa is
relatively abundant in the site; and fidelity (B), if the species/taxa is predominantly
found in the site. Additionally, associations can be found not only for particular
groups of sites but also for combinations of those if required. Groups were defined
by habitat type (open blanket bog, forest-to-bog and forestry). IndVal values range
from 0 to 100, where the highest value indicates that individuals of a species/taxa are
observed at all sites belonging to a group (treatment). In this case, carabid
species/taxa groups with IndVal and fidelity (B) values greater than 50% and a pvalue lower than 0.001 were considered suitable bioindicator candidates for that
type of habitat.

3.3. RESULTS
The dataset contains a total of 69,602 specimens, belonging to 4 different phyla
(Table A3.1). Arthropods accounted for circa 99% of the assemblage (Table A3.3),
with the most abundant groups being Coleoptera (27%) and Acari (21.16%).
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A total of 5,516, or circa 6%, were ground beetles (Family Carabidae) from 21
different species and 11 tribes were identified. There were three species notably
abundant in number of individuals with a 30%-50% occurrence throughout all
treatments (Table A3.4): Carabus glabratus, Pterostichus niger and Carabus
problematicus. The majority of species were relatively frequent throughout
restoration and forest treatments, with two carabid species mainly found in open
blanket bog, Agonum ericeti, which had one individual occurring in a R11 restoration
treatment; and A. fuliginosum, which had five individuals occurring in R12 and R13
restoration treatments. Abundance-based species accumulation curves revealed that
sampling effort was adequate to characterise carabid communities (Figure A3.1).

3.3.1 Restoration Trajectory
The PRC (RDA 1 = 7.2%; F = 43.01; p-value = 0.001) for arthropod assemblages shows
significant differences between reference sites and restoration treatments even after
18 years since restoration, although certain convergence towards the reference line
is observed until 13 years post-restoration (Figure 3.3.1A). Carabids and Araneae
(small size spiders, i.e. crab/jumping spiders, personal observation) were more often
found in open blanket bog than in restoration sites (including forestry, which was
considered the first point of restoration t=0). On the other hand, restoration
treatments consistently host higher numbers of Opiliones than open blanket bogs.
The PRC for carabid assemblages shows significant differences between bog
reference and restoration treatments (RDA 1 = 22.1%; F = 64.84; p-value = 0.001),
with no evidence of convergence between restoration treatments and open blanket
bog reference sites (Figure 3.3.1A). There is a distinctive and relatively small set of
carabid species associated with open blanket bog habitats: Pterostichus nigrita,
Carabus problematicus and Agonum fuliginosum. These species are generally more
abundant in open bog than in restoration sites, with bog specialists such as A.
fuliginosum completely absent from early restoration treatments (Figure 3.3.1B).
Conversely, Carabus glabratus and Pterostichus niger are more abundant in
restoration treatments than in reference blanket bog sites. Furthermore, some
habitat generalists were absent from blanket bog, i.e. Trechus obtusus, Notiophilus
biguttatus, but did not score highly on the PRC axis.
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Figure 3.3.1A. PRC for the restoration trajectory of arthropod assemblages (left) and carabid
beetles (right). Only species/taxa with values >20 are illustrated for arthropod assemblages,
whereas values > 0.5 were included for the carabid species. The Y axis represents the
variability of PRC scores at each restoration age class. Open blanket bog (baseline) is
represented by the grey line; restoration is represented by the solid black line, with forest as
the first point of restoration (t=0).
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Figure 3.3.1B. Relative frequency of carabid species with relevant PRC scores. TOP. Carabid
species strongly associated with restoration. BOTTOM. Carabid species strongly associated
with bog. Abundances are relative to all species found in the same habitat.

3.3.2 Biotic variables
Co-occurrence null models provide C-scores and V-ratio values that are based on the
occurrence matrix of 20 carabid species on 34 sites across the field site. C-score and
V-ratio obtained with the SIM2 model showed no significant pattern, offering little
evidence that the small-scale co-occurrence of carabids in pitfall traps was nonrandom. When using the null model SIM9, a non-random distribution of species was
detected with the C-score (C-scoreobs= 26.76, C-scoresim= 25.93, p < 0.001), weakly
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indicating that carabid communities are competitively structured. This model cannot
be used to calculate the V-ratio metric and the SIM2 model was not statistically
significant (V-ratioobs= 1.63, V-ratiosim= 1, p < 0.991). SIM10 was used instead for Vratio, supporting C-score results of a non-competitively structured community(Vratioobs= 1.63, V-ratiosim= 4.30, p = 0.001).
The results obtained with the matrix nestedness temperature calculator
(BINMATNEST) have been shown to be similar to those obtained with Atmar &
Patterson's calculator (Atmar & Patterson 1995). Here only results for BINMATNEST
are shown. The nestedness null model displays an observed matrix temperature M T=
24.66°, whilst simulated null models ranged from 45.77° to 62.73° (model 3 MT=
45.77°, ±SD = 3.62, p = 0). The carabid community displays a matrix temperature
outside the null model range, indicating a certain degree of nestedness, less
stochasticity and more predictability in species extinction order. This is a guild
assembled community. However, of the 20 carabid species included in this analysis,
50% were found to be idiosyncratic, that is, species that do not follow a nested
pattern and increase matrix randomness (Table 3.3.2A). This high proportion of
idiosyncratic species contributes to weak nestedness in the assemblage (Gotelli &
McCabe 2002). Idiosyncratic species tend to be highly mobile, and if the nested
structure erodes, they could be spatially distributed more randomly than nested
taxa. The idiosyncratic character of carabid species (matrix temperature) does not
necessarily correspond with their ranked abundance in pitfall traps (Table 3.3.2A),
and might not be related to species activity-density.
Carabid Species
Pterostichus adstrictus
Pterostichus diligens
Notiophilus biguttatus
Nebria salina
Loricera pilicornis
Leistus terminatus
Cychrus caraboides
Pterostichus nigrita
Notiophilus germinyi
Carabus glabratus
Dyschirius globosus
Pterostichus niger
Bembidion quadripustulatum
Trechus obtusus
Carabus problematicus
Agonum ericeti
Trechus rubens
Amara lunicollis

MT
55.91
45.29
41.63
39.27
35.03
34.15
33.16
30.33
29.32
27.68
24.14
20.39
16.04
12.6
12.27
11.72
11.3
8.42

Ranked
Occurrence
15
4
6
12
13
8
7
10
11
1
5
2
20
9
3
17
18
19
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Patrobus assimilis
Agonum fuliginosum

6.08
1.96

14
16

Table 3.3.2A. Nestedness results for idiosyncratic temperature for rows (carabid species).
Species are considered idiosyncratic (in bold) if their matrix temperature is higher than the
observed matrix temperature (MT=24.66°). Species ranked occurrence is also shown for a
total of 20 carabid species.

3.3.3 Abiotic variables
The forward selection procedure selected five variables as being important in
shaping arthropod assemblages: grasses/sedges (adjR2 = 0.27, AIC = -62.58, p =
0.005), connectivity index (adjR2 = 0.35, AIC = -63.06, p = 0.015), temperature (adjR2 =
0.38, AIC = -64.44, p = 0.01), Sphagnum mosses (adjR2 = 0.40, AIC = -65.01, p = 0.035)
and dwarf shrubs (adjR2 = 0.43, AIC = -65.89, p = 0.02). Taxa were influenced in the
first axis of ordination (7.4%, p = 0.001) by one environmental variable, temperature;
and two vegetation/habitat structure variables, shrubs and grasses/sedges (Figure
3.3.3A). Open bog sites were strongly correlated to the presence of Sphagnum
vegetation and being surrounded by other bog habitats, as well as to Carabids and
Araneae taxa. There is slight overlap between forest and early restoration treatment
sites, with Opiliones, Staphylinids, Leiodidae and Brachycera being associated with
generally low temperatures and lack of understory. Mid- and late restoration
treatments show considerable overlap and variation within treatment, although in
general these treatments are characterised by high numbers of carrion beetle (N.
vespilloides), Aphidoidea, Auchenorrhyncha, Mesostigmata and Bdellidae mites and
are surrounded by other disturbed habitats, and associated with a higher cover of
dwarf shrubs and higher temperatures than forest (Figure 3.3.3A).
The six main variables selected in the carabid reduced model following forward
selection were: connectivity index (adjR2 = 0.22, AIC = -41.18, p = 0.005), shrubs
(adjR2 = 0.35, AIC = -46.42, p = 0.005), plot perimeter (adjR2 = 0.40, AIC = -48.04, p =
0.01), bare peat (adjR2 = 0.43, AIC = -49.73, P = 0.01), moss (adjR2 = 0.47, AIC = -50.8,
P = 0.01) and grasses/sedges (adjR2 = 0.49, AIC = -51.73, P = 0.035). Only statistically
significant variables are displayed in the ordination (Figure 3.3.3B, plot perimeter,
grasses/sedges, shrubs and connectivity index p = 0.001). Carabid species were found
in the first axis of the RDA (11.4%, p = 0.001) along a gradient of plot perimeter and a
connectivity index of at least 2 surrounding bogs. On the second RDA axis (4.7%, p =
0.001), the carabids were more influenced by shrubs, grasses/sedges, and
surrounded by at least two disturbed habitats (restoration or forest).
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Open bog is positioned on the top left quadrat of the ordination plot, associated with
larger plot perimeter and surrounded by mainly other bog habitats (CDEX scores),
supporting the carabids, Carabus problematicus, Pterostichus nigrita, Agonum
fuliginosum, and Agonum ericeti. Forest and early restoration stages were negatively
associated with dwarf shrubs, often surrounded by other disturbed habitats; these
stages showed a high association with Trechus obtusus, Patrobus assimilis, Leistus
terminatus, Loricera pilicornis and Cychrus caraboides. Mid-restoration stages were
associated with higher abundance of mosses and short vegetation (shrubs,
grasses/sedges), and were adjacent to other disturbed habitats, with Pterostichus
niger, Carabus glabratus, Patrobus assimilis, Notiophilus biguttatus, N. germinyi,
Pterostichus adstrictus, Dyschirius globosus found more frequently. The oldest
restoration treatment (R18) was highly correlated to the presence of short
vegetation and was not particularly influenced by the type of surrounding habitat,
with no clear carabid assemblage associated with it.
3.3.3.1 Variation Partitioning
For arthropod assemblages, environmental/habitat variables (connectivity index and
temperature) alone explained a considerably lower proportion of the variation (7.9%,
p = 0.001) than vegetation variables alone (shrubs, grasses/sedges and Sphagnum
mosses; 16.7%, p = 0.001); their joint effect (18.2%, p = 0.001), was higher than their
respective independent effect (Figure 3.3.3.B). In contrast, for carabids,
environmental/habitat variables (connectivity index and plot perimeter) alone
explained the highest proportion of the variation (21.2%, p = 0.001) compared to
vegetation variables (shrubs, moss, bare peat and grasses/sedges; 20.6%, p = 0.001)
alone or their joint effect (3.3%, p = 0.001) (Figure 3.3.3.B).
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R13
R2
R18
R12
R11
R10

Figure 3.3.3A. RDA triplot for forward selected environmental variables in whole arthropod
assemblages. Taxa/species are shown in black labels (left). Continuous forward selected
variables are represented by black arrows (right), whilst factors are represented by their
centroid levels (right). Some species are represented by a circle to avoid label overlapping,
but species scores can be found in Table A3.5. Codes for ancillary data are shown in Table
3.2.3A. Permutation test by axis shows first 4 axes are significant. Scaling = 2.

108

F
B
R2

R12
R13
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R18

Figure 3.3.3B. RDA triplot for forward selected environmental variables in carabid
communities. Species are shown in black labels. Species are shown in black labels (left).
Continuous forward selected variables are represented by black arrows (right), whilst
factors are represented by their centroid levels (right). Some species are represented by a
circle to avoid label overlapping, but species scores can be found in Table A3.6. Codes for
ancillary data are shown in Table 3.2.3A.Permutation test by axis shows first 4 axes are
significant. Scaling = 2.
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Figure 3.3.3C. Venn diagram for variance partitioning of total variance explained by all
variables in invertebrate assemblages (top) and carabid species (bottom). The figures given
are adjusted R2 values, not affected by the number of variables used. Circles are not drawn
to scale.
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3.3.4 Bioindicators
Indicator species analyses were carried out to identify which species/taxa, among the
61 arthropod taxa and 21 carabid species, would be good indicators of restoration
progress. Only one arthropod group was identified as a blanket bog indicator,
Araneae, whilst five were identified as forest indicators: Staphylinidae, Cantharidae,
Nemastoma bimaculatum, Brachycera and Damaeidae; and ten as restoration
indicators: Elateridae, Mesostigmata mites, Nicrophorus vespilloides carrion beetle,
Ixodidae mites, Hydrophilidae, Ichneumonidae, Myrmica ruginodis wood ants,
Nematocera, Aphidoidea and Auchenorrhyncha (Table 3.3.4A). When breaking down
the IndVal index values into their two main components, specificity (A) and fidelity
(B), Araneae were abundantly found in all treatments (A = 47%) but also in all blanket
bogs (B = 100%). Of the restoration arthropods identified, only Elateridae were
mostly found in restoration (A = 95%), with Mesostigmata mites, N. vespilloides,
Ixodidae, Ichneumonidae, M. ruginodis and Nematocera found in all restoration
replicates (B = 100%). In forests, all indicators were found in other habitats, as well as
in all forests sampled (B = 100%).
Habitat

Taxa

Blanket Bog
Restoration
Restoration
Restoration

Araneae
Elateridae
Mesostigmata
Silphidae
(N.vespilloides)
Ixodidae
Hydrophilidae
Incheumonidae
Formicidae
(M.ruginodis)
Nematocera
Aphidoidea
Auchenorrhyncha
Staphylinidae
Cantharidae
Opiliones
(N.bimaculatum)
Brachycera
Oribatida
(Damaeidae)

Restoration
Restoration
Restoration
Restoration
Restoration
Restoration
Restoration
Forestry
Forestry
Forestry
Forestry
Forestry

IndVal
Index (%)
68.7
91.5
88.9
87.5

Specificity
(A) (%)
47.2
95.8
79.0
76.4

Fidelity
(B) (%)
100
87.5
100
100

87.2
84.7
82.4
82.1

76.0
75.0
67.9
67.3

100
95.8
100
100

0.002
0.009
0.001
0.004

80.5
77.7
76.5
93.3
91.5
91.3

64.7
72.4
66.9
87.0
83.6
83.3

100
83.3
87.5
100
100
100

0.001
0.026
0.030
0.004
0.001
0.001

80
75

64.0
56.3

100
100

0.005
0.023

p-value
0.004
0.001
0.001
0.001

Table 3.3.4A. Arthropod indicators selected by indicator species analysis (IndVal method).
Treatment type was used as a clustering group (open blanket bog, restoration, forestry).
Specificity (A), if the species/taxa is relatively abundant in the site, whilst fidelity (B), if the
species/taxa is predominantly found in the site.
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For carabid beetles, analyses revealed four indicators corresponding to blanket bog:
Pterostichus nigrita/rhaeticus, Carabus problematicus, Agonum fuliginosum and
Agonum ericeti; and five indicator species for restoration sites: Pterostichus niger,
Carabus glabratus, Notiophilus biguttatus, Dyschirius globosus and Notiophilus
germinyi (Table 3.3.4B). All blanket bog specialist species are largely restricted to bog
(A > 95%), whereas C. problematicus, a forest species, can be found in other
treatments as well (A = 83.3%). In contrast, both P. nigrita/rhaeticus and C.
problematicus appear in all blanket bogs sampled (B = 100%), with A. ericeti and A.
fuliginosum absent from some (B < 80%). In the case of restoration species, N.
germinyi is very abundant in restoration sites (A = 100%), but it was not found in all
restoration sites sampled (B = 62.5%). Only P. niger and C. glabratus were found in all
restoration treatments sampled (B = 100%).
Habitat

Species

Blanket Bog

Pterostichus
nigrita/rhaeticus
Carabus
problematicus
Agonum fuliginosum
Agonum ericeti
Pterostichus niger
Carabus glabratus
Notiophilus biguttatus
Dyschirius globosus
Notiophilus germinyi

Blanket Bog
Blanket Bog
Blanket Bog
Restoration
Restoration
Restoration
Restoration
Restoration

IndVal
Index (%)
97.7

Specificity
(A) (%)
95.0

Fidelity
(B) (%)
100

91.3

83.0

100

0.002

89
77.2
95.5
93.3
84.1
82.5
79.1

99.0
99.0
91.1
87.0
81.0
82.0
100

80
60
100
100
87.5
83.3
62.5

0.002
0.007
0.001
0.001
0.002
0.005
0.010

p-value
0.001

Table 3.3.4B. Carabid indicators selected by indicator species analysis (IndVal method).
Treatment type was used as clustering group (open blanket bog, restoration, forestry).

3.4. DISCUSSION
3.4.1 - Stepwise Trajectory of Afforested Bog Arthropod
Assemblages
This study shows that the restoration of afforested blanket bog by tree felling and
partial ditch blocking did not bring back characteristic tyrphobiont and tyrphophile
arthropod and carabid assemblages, even after 18 years since restoration began.
The trajectory in both cases resembles a stepwise model, whereby the application of
restoration management drastically changes the physical conditions of the
ecosystem from a closed habitat, conifer plantation, to a more open habitat,
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restoration. However, the persistence of forestry legacy effects such as the furrow
and ridge ground patterns, hampers vegetation succession, thus failing to emulate
the range of (moss) bog microforms (e.g. hollows, hummocks and lawns (Lindsay
1995)) that serve as shelter, corridor or hunting ground for arthropods in blanket bog
(Drozdová et al. 2009).
Moisture is often a limiting factor for arthropods (Hayward et al. 2004) and
bryophytes (Vitt et al. 1997), thus the restoration trajectory is primarily controlled by
the opening of the habitat created by felling, which increases the amount of
radiation reaching the ground, potential increase of soil temperature. Raising the
water table depth to the acrotelm leads to an increase in soil moisture, even though
it may be highly variable during a 24h cycle, and ridge features remain overall drier
than furrow features (Hancock et al. 2018). The reestablishment of peat forming
vegetation, Sphagnum mosses primarily, is responsible for the extreme abiotic
conditions of the habitat (Johnson & Damman 1991). Moss microhabitats are
associated with different moisture (Vitt et al. 1995; Glime 2017d) and temperature
regimes (Soudzilovskaia et al. 2013), hence its species composition can influence
arthropod assemblage composition and abundance (Drozd et al. 2009), i.e. spiders,
springtails and mites being the most common taxa found (Kinchin 1990).
The PRC found that carabids and spiders (O. Araneae), and to a lesser extent
Myrmica ruginodis ants and Erythraeidae mites, were more characteristic of bogs.
Restoration was distinguished by harvestmen (Opiliones), Mesostigmata mites and
Oribatid mites. Hygrophilous and heliophilous spiders (also tyrphobionts) are
frequently found in bogs (Kupryjanowicz et al. 1998; Štambuk & Erben 2002; Haase &
Balkenhol 2015), although some species found in bogs are traditionally considered
xerophilous (e.g. Trochosa robusta (Lycosidae) is found in oligotrophic moors and dry
limestone grasslands (Platen 2003)). Local distributions of spiders can be subject to
species preference to habitat openness and moisture (Curtis & Corrigan 1990;
Kupryjanowicz et al. 1998; Haase & Balkenhol 2015), with differences in moisture
preference known at the microhabitat level, i.e. they are common predators in moss
cushions (Drozdová et al. 2009). Myrmica ruginodis is a hygrophilous eurytopic
common red ant species, considered abundant in forest and moorland habitats
(Seifert 1988) and often recorded in European bogs (Maes et al. 2004; Markó et al.
2004; Stancic et al. 2010). Temperature and shading, as well as vegetation
composition, have been identified as important factors in the success of Myrmica
colonies (Elmes & Wardlaw 1982a; Elmes & Wardlaw 1982b). In general, they are
able to nest in moss, are colonisers of wet areas (Maes et al. 2004) and can endure
inundations (Boomsma & Isaaks 1982).
The moist conditions in peatland mosses are the ideal environment to prevent
desiccation in mites, as well as shelter from predators and a range of microclimates
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(Belanger 1976). They are an ecologically variable group regarding moisture (BehanPelletier & Bissett 1994; Seniczak et al. 2013). This will likely lead to differences in
microhabitat selection (Belanger 1976; Glime 2017c); response to restoration, i.e.
some might increase with drainage as they favour drier conditions (Silvan et al.
2000); and trophic strategies among mite groups (Bruin et al. 1999). In general, mite
species richness did not vary significantly across treatments, with the notable
exception of Trombiculidae being completely absent from forestry and R2.
Erythraeidae mites have been, as in this study, abundantly found in Sphagnum
microhabitats in peatlands (Behan-Pelletier & Bissett 1994; Gabrys et al. 2009; Glime
2017c). In Forsinard moisture may be a key parameter for egg development
(Cadogan & Laing 1977) as adults display high dehydration tolerance (Yoder et al.
2009). Whilst oribatid seed mites and phoretic mesostigmata mites have been
reported as predominant in peatlands (Behan-Pelletier & Bissett 1994; Seniczak
2011), this study shows them to be more dominant in restoration. This is perhaps
due to prey availability, springtails in the case of oribatids, and carrion beetle for
mesostigmata (Schwarz et al. 1998). Because of the conditions of the specimens it
was not possible to identify all harvestmen species, but it is likely that a large number
of specimens corresponded to Mitopus morio (F. Phalangiidae). Harvestmen (OPI)
have been observed in moss samples (Polytrichum spp., Sphagnum spp.) in forest
habitats adjacent to bogs (Biström & Pajunen 1989). In this study, as in other Scottish
(lowland raised) bogs (Stewart 2001; Swain & Usher 2004), harvestmen were found
in higher numbers in forestry and R2, sharply decreasing in abundance throughout
restoration, and in very low numbers in bog, most likely due to their lack of
adaptations, i.e. leg length, for life in moss microhabitats (Glime 2017b).
Carabid communities are mainly affected by microhabitat variation and biotic
interactions (Antvogel & Bonn 2001; Thomas et al. 2001; Brose 2003). They are
known bryophyte dwellers (Glime 2017f), displaying a close relationship with bog
microforms (Främbs 1994). They can be dominant predators in moss cushions,
together with Staphylinid beetles and spiders (Drozdová & Drozd 2009); but in bogs
only a few species are truly tyrphobiontic, as most species are tyrphophiles,
frequently found in adjacent habitats as well (Kvamme 1976; Holmes 1993a; Runtz &
Peck 1994). P. nigrita/rhaeticus, C. problematicus and A. fuliginosum were identified
by PRC as key bog species, all hygrophilous (Butterfield et al. 1995). C. glabratus and
P. niger were found in high numbers in restoration, both eurytopic species. P.
rhaeticus is a hygrophilous upland species in the UK (Luff 2007), abundant in
European bogs (Bezděk et al. 2006; Buchholz et al. 2009; Sushko 2014). It shows
microhabitat affinity for bog hummocks (Sushko 2014), but in fact it can use damper
areas in summer and drier hummocks in winter (Främbs 1994). P. nigrita is more
mesophilous and eurytopic (Dapkus & Tamutis 2008). A. fuliginosum is a strongly
hygrophilous but eurytopic species that lives among moss moist habitats (Lindroth
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1974). It could be considered tyrphophilous, often found in wetlands (Thiele 2012)
and mires (Holmes 1993b; Butterfield et al. 1995; Koivula 2001). It is considered a
generalist with respect to canopy closeness, but dependent on Sphagnum mires thus
benefiting from an increase in habitat openness (Koivula 2001) throughout the
restoration gradient. Lastly, C. problematicus is a tyrphoneutral eurytopic species
that was present in all treatments across the reserve. Although traditionally linked to
dry forest habitats (e.g. Butterfield et al. 1995, Fuller et al. 2008), spill-over and edge
effects may explain its high numbers in bog. Magura & Lövei (2017) found different
assembly rules in adjacent habitats, where forest species penetrated open habitat
more easily than open habitat species penetrated forest. Moreover, Magura et al.
(2017) found that natural forest edges allowed forest specialists to move around
edges, whilst anthropogenic edges acted as barriers to movement. In this study,
conifer plantations display abrupt anthropogenic edges but, in our case, traditionally
considered forest species seem to readily use open blanket bog, which confirms
Magura & Lövei's findings. Anthropogenic forest edges do not appear to act as
barriers to movement as dominant forest species, i.e. C. glabratus, P. niger, showed
lower activity/density values in open bog compared to forest, but very high values in
restoration, which may be acting as "filter" to blanket bog habitats.

3.4.2 - Interspecific Competition and Nestedness do not Filter
Carabid Communities
Biotic factors (interspecific competition and competitive exclusion) do not seem to
play a role in filtering carabid species in afforested blanket bogs, supporting findings
from previous studies (Loreau 1990; Niemelä & Niemela 1993; Magura & Lövei
2017), but contradicting the general notion that species interactions drive local
assembly patterns (Cavender-Bares et al. 2004; Slingsby & Verboom 2006).
Restoration increases habitat heterogeneity and structural complexity for carabids,
but more importantly it might create a resource distribution gradient that can largely
determine species distribution (Blakely & Didham 2010) by effective partitioning of
microhabitats/resources. This, combined with species functional traits (e.g. diel
activity, breeding season), may minimise species interactions. It is also possible that
species interactions in carabids are overshadowed by strong environmental filters
(Barraclough et al. 1999), and processes such as competition are more pronounced
between taxa rather than within taxon (e.g. carabids-ants (Lövei & Sunderland 1996;
Hawes et al. 2013)).
Even though assemblage nestedness appears to be a common pattern in nature
(Wright et al. 1997), our results suggests carabid communities are not nested,
similarly to assemblages in other habitat types (e.g. forests (Baini et al. 2014)).
Perhaps this was due to the high proportion (50%) of idiosyncratic (non-nested)
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species with respect to nested species. Idiosyncratic species tend to be eurytopic
habitat generalists with a broad tolerance to environmental changes, whilst nested
species display narrow habitat specialisations (McAbendroth et al. 2004; Heino
2005). Since the main mechanistic explanation of nestedness is the reordering of
species according to their vulnerability to extinction (Weller & Ganzhorn 2004), it is
possible that the order of species loss in the assemblage, as well as species functional
traits, have a stronger impact on ecosystem functioning than species vulnerability to
extinction in itself (Wolf & Zavaleta 2015).

3.4.3 - Abiotic Factors Filter Arthropod Assemblages and Carabid
Communities
3.4.3.1 Variation Partitioning
Whole arthropod assemblages clearly show a greater proportion of variation
explained by vegetation structure, i.e. shrubs, grasses/sedges, Sphagnum moss,
rather than environmental variables, i.e. CDEX, TA (Figure 3.3.3B). Indeed, vegetation
structure is key in peatlands, to the extent that habitat heterogeneity, pH and
temperature can be used to predict moss biodiversity in some peatlands (Vitt et al.
1995). These faunal assemblages encompass a number of taxa with different
ecological requirements, but in general they tend to show a strong affiliation with
moss habitats (Glime 2017e). The structural complexity provided by open blanket
bog is a combination of its moss community and microforms, offering a gradient of
microclimates from hummock to hollows, which is lacking in most restoration
treatments. Other arthropod studies have observed differences between taxa linked
to species ecological requirements and life-history traits (Taillefer & Wheeler 2012),
habitat availability (Bezděk et al. 2006; Mieczan et al. 2014), and distance from edge
to peat bog (Sushko 2014).
In carabids, both environmental (CDEX, PPER) and vegetation variables (shrubs,
moss, bare peat, grasses/sedges) contributed fairly equally to the differences
observed between treatments (Figure 3.3.3B). For carabids, it is generally assumed
that humidity and temperature are the most important environmental parameters
determining spatial distribution (Lövei & Sunderland 1996) as they influence early
developmental stages. Although treatments in the afforested blanket bog matrix
landscape followed a moisture and temperature gradient (from drier and colder
forestry to wetter and warmer blanket bog on average), only adult carabids were
considered in this study, and perhaps studying carabid larvae would yield different
results. Presumably the use of a finer scale (species level) than that used for whole
arthropod assemblages, suggests carabids communities are strongly influenced by
species mobility and edge effects, pointing to habitat crossover in search of new
habitats or favoured patches. Even within a habitat, variation in environmental
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conditions and habitat quality is likely to create patchy distributions (Judas et al.
2002; Purtauf et al. 2005), which might actually work as a buffer to the risk of
population extinction (Den Boer 1990).
Perimeter length (PPER), referred as edge density in other studies, i.e. Barbaro et al.
2007, seems to strongly separate bog carabids from other treatments along the x axis
in Figure 3.3.3B. Sampling sites differed considerably in habitat perimeter and size, as
bogs were significantly larger than restoration treatments (biggest restoration
treatment had a perimeter of 1.16 miles and 12.4 ha, smallest bog had a perimeter of
1.98 miles and 47 ha). This would presumably have implications for carabid
community composition since perimeter length is directly linked to edge effects in
carabid assemblages (Bedford & Usher 1994; Soga et al. 2013; Gaublomme et al.
2014), and it has been observed as a relevant factor for some species, i.e. Notiophilus
biguttatus (Barbaro et al. 2007). Carabids often display strong habitat preferences
(Magura 2002; Humphrey et al. 2003) that include variable affinity to edge and
environmental conditions (Heliölä et al. 2001; Magura 2002). Some studies have
even been able to identify edge specialists (Magura 2002). This has been observed
with tyrphobiontic arthropods found in bog and more tyrphophilous/tyrphoneutral in
adjacent habitats, with edges often seen as more favourable habitats for less
specialised species (Máthé 2006; Dapkus & Tamutis 2008; Brigić et al. 2017).
Changes in the size and configuration of the habitat can have different effects on
carabid communities (Niemelä 2001), with a tendency to negative correlations
between species richness and habitat size, (e.g. Bauer 1989). Similarly to this study,
others have found that the shape of the patch, as in high edge to area ratios, led to
higher vulnerability to species invasions from adjacent habitats (Usher et al. 1993).
Forest edge effects have been shown to cause deterrence of suitable habitat by
breeding waders (Wilson et al. 2014), and for carabids (Magura & Lövei 2017)
suggest that environmental filtering may be habitat specific and linked with
asymmetrical spill-over of species across forestry-open habitat gradients (Magura
2017), a common phenomena in nature (Magura et al. 2001; Koivula et al. 2004;
Roume et al. 2011; Brigic et al. 2014; Lacasella et al. 2015; Boetzl et al. 2016;
Yekwayo et al. 2017). This may be directly related to the type of ecotone/habitat
edge (Magura 2017): whilst natural forest ecotones are penetrable for forest/closed
habitat species, they act as barriers for open habitat/generalist species (Magura et al.
2017). It would help explain how forest species, i.e. C. problematicus, are very
frequently found in blanket bog to the point that can be considered part of the
characteristic bog carabid community in Forsinard.
The type of adjacent habitat (connectivity index) was also important in segregating
carabid assemblages. For instance, one of the bog replicates sampled was
characterised by a small patch size, being surrounded almost in its entirety by
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disturbed habitat (forestry, forestry track or restoration), with narrow edges
connecting with remnant pristine blanket bog habitat. This bog exhibited the lowest
carabid species richness, was the only one where Agonum ericeti was missing (as in
Buchholz et al. 2009), and was particularly dominated by Carabus problematicus, a
traditionally considered forest species. Carabids perhaps display species-specific
responses to fragmentation (Davies & Margules 1998), although diversity, ecological
function and distribution tends to be negatively affected by fragmentation (Niemelä
2001), the reduction in habitat size (Gibb & Hochuli 2002) and edge effects (Magura
2002; Phillips et al. 2006).

3.4.3.1 Habitat Preferences
As we have seen with PRC and RDA results, some of the carabid sampled here show
strong habitat and microhabitat preferences. Eurytopic species such as C. glabratus
favour closed/semi-closed and drier habitats, and tend to avoid wetter and open
bogs; whereas A. fuliginosum shows a clear preference for water-logged conditions,
mainly found in bog and mid-restoration treatments that were often as water-logged
as bog treatments (Figure 3.3.1B). The combination of perimeter length, abrupt
habitat edges and close proximity between blanket bog and disturbed treatments
can provide more cross-over opportunities for more mobile species, but will relegate
less vagile ones to small fragmented populations scattered across the reserve. This
can be seen with C. problematicus, which seems to be affected by felling, maintains
its presence throughout mid- to late restoration treatments and clearly thrives in
bogs (Figure 3.3.1B). Furthermore, Sphagnum habitats might be acting as refugia for
forest specialists once their preferred habitat disappears, as it was the case for A.
fuliginosum, C. glabratus, C. caraboides and P. niger in Finland (Koivula 2001).

3.4.4 Indicators of Restoration Progress
3.4.4.1 Arthropod Taxa
For whole arthropod assemblages only one taxon was identified as a bog indicator,
spiders (Araneae). This group has been previously found to be a good proxy for
invertebrate fauna (Scott et al. 2006), and degradation in bogs (Platen 2003).
Presumably, species will differ in their dispersal abilities, with larger spiders
expected to be more mobile than smaller ones, although that might not accurately
reflect their recolonisation potential of restored habitats (Harvey et al. 2002; Glime &
Lissner 2017). This study was restricted to 5 months in a single year and spider
species were not identified, but because of fluctuations in species composition and
abundance between years are known in European peat bogs (Relys et al. 2002), it is
recommended that only the most abundant species, often highly hygrophilous and
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tyrphobiontic, are used for biodiversity monitoring (Relys et al. 2002). In using such
framework, an increase in eurytopic species with low site fidelity may indicate
habitat conditions are not converging towards target bog (Relys et al. 2002; Platen
2003).
Closely related to spiders, harvestmen were selected as bioindicators of restoration.
Because of their ecological preferences and physiological adaptations, and their
notable absence from bogs, they could be useful "negative" indicators. Leg length
could be a simple parameter to measure to evaluate habitat preference, as species
with shorter legs, i.e. Nemastoma spp., would be well adapted to moss environments
(Glime 2017b). In this study, as in Swain & Usher (2004), we found Nemastoma
bimaculatum, which was never recorded in blanket bog but very abundant in forestry
and R2 (presumably favouring pine litter and moss mats).
Overall, the arthropod indicators for forestry, restoration and blanket bog displayed
high site fidelity, which means they are predominantly found in those treatments.
We have only highlighted those groups that we considered would be more distinctive
in bog and useful to point to restoration progress.
3.4.4.2 Carabid Species
Bog carabid communities were characterised by 13 species, overwhelmingly
dominated (activity/density) by C. problematicus and low presence of most other
species, which is a common pattern observed in extreme habitats (Främbs et al.
2002; Spitzer & Danks 2006; Dapkus & Tamutis 2008; Sushko 2014). Five carabid
species were selected as potential bog indicators, affording the possibility of this
taxon to be used in restoration monitoring for at least afforested blanket bogs. A.
ericeti in particular, is a characteristic tyrphobiontic species (Kvamme 1976; Spitzer &
Danks 2006; Sushko 2014; Brigić et al. 2017) that shows lower site fidelity to blanket
bog, as it was absent from some of the bogs sampled, but high specificity, as it was
abundant when present. This could be related to habitat quality and fragmentation
since this species seems to prefer open habitats (Sushko 2014), and is particularly
sensitive to habitat quality (De Vries & Den Boer 1989; Drees et al. 2007), and
habitat size (De Vries 1994; De Vries et al. 1996). A. fuliginosum is strongly
hygrophilous but eurytopic dependent on Sphagnum mires (Koivula 2001). It was
very abundant in blanket bog and although it was also found in some restoration
treatments, these were often water-logged and so it might reflect its hygrophilous
nature. P. nigrita and P. rhaeticus are difficult to tell apart but display clear
ecological differences, with the former more of a eurytopic mesophilous (Dapkus &
Tamutis 2008), and the latter a stenotopic hygrophilous species (Luff 2007).
Nevertheless, both are present in European bogs (Sushko 2014; Brigić et al. 2014),
often associated with other bog species, such as P. nigrita and A. ericeti (Dapkus &
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Tamutis 2008). Both Pterostichus species and A. ericeti present seasonal uses of bog
microforms (Främbs 1994), which makes them useful indicators in order to track
natural variability in blanket bog parameters such as water table level.
The only unexpected bioindicator result was C. problematicus, which can be an
indicator of bog forests (Buchholz et al. 2009), but it has proven to be very
tyrphophilous in Forsinard. It has high specificity and fidelity, very abundant
(activity/density) in blanket bog compared to restoration and forest habitats. Its
selection as a bog indicator in this study could be explained by spill-over and edge
effects: Magura & Lövei (2017) found different assembly rules in adjacent habitats,
where forest species penetrated open habitat more easily than open habitat species
penetrated forest. Moreover, Magura et al. (2017) found that natural forest edges
allowed forest specialists to move around edges, whilst anthropogenic edges acted
as barriers to movement. In this study, conifer plantations display abrupt
anthropogenic edges but, in our case, traditionally considered forest species seem to
readily use open blanket bog, which confirms Magura & Lövei's findings.
Anthropogenic forest edges do not appear to act as barriers of movement as
dominant forest species, i.e. C. glabratus, P. niger, showed lower activity/density
values in open bog compared to forest (but very high values in restoration, which
may be acting then as a habitat filter). These carabid species display strong habitat
preferences in Forsinard, which makes them well suited as target species to monitor
restoration progress. A. ericeti in particular is very sensitive to changes in trophic
conditions in bogs, habitat fragmentation and habitat quality, thus its presence in
bog patches may also indicate high bog habitat quality. Lastly, P. diligens, P.
rhaeticus and A. ericeti are often found as indicators of undisturbed bogs (Främbs
1994; Buchholz et al. 2009), although in this study P. diligens was more abundant in
restoration than bog, perhaps showing a species-specific response to edge effects.
Five carabid species were also identified as restoration indicators, which were
generally absent from the bog or in very low numbers, some of which have been
recognised as indicators of forested bogs (Buchholz et al. 2009). P. niger is a fairly
hygrophilous species that has been found in other European peat bogs (Igondová &
Majzlan 2015) and bordering bog habitats (Sushko 2014); C. glabratus is a diurnal
eurytopic species in Europe that favours damp peat hummocks and pine forest
Sphagnum mats (Sushko 2014). N. biguttatus is a eurytopic species associated with
humid and forested habitats (Buchholz et al. 2009), that often uses moss
microhabitats for food, moisture, shelter or passage (Glime 2017d). D. globosus is a
eurytopic species that has been identified as an indicator of wet bogs in Europe
(Buchholz et al. 2009), and associated with open ground or moss-covered heathlands
(Gardner 1991). N. germinyi lives in moss microhabitats (Lindroth 1974), and has
been associated with upland vegetation in Scotland (Eyre & Luff 2004). They all are

120

distinctively absent from characteristic carabid assemblages in bogs and can be used
as a "negative" indicator of restoration progress.
Overall, indicator arthropod taxa for all treatments display high site fidelity, which
means they are predominantly found in those treatments. Carabid indicators of
blanket bog tend to display high site fidelity as well, as do restoration indicators.
Because restoration tends to bring eurytopic and generalist species, taxa or species
with high site fidelity would be more useful as indicators of restoration progress, as it
indicates a strong habitat preference.

3.4.5 Limitations of the Study
There are several factors to consider regarding the chronosequence design of this
experiment. First of all, drainage and planting for forestry plantations in Forsinard
tended to avoid the wettest areas, thus avoiding bog pools that represented
logistical challenges for planting. This means that the initial bog conditions prior to
forestry plantation might not have been the same as the reference sites chosen for
this study, which are necessary to understand the restoration process. However,
given the fact that habitat quality differs between and within patches, and the use of
five spatially replicated bogs in this study, we believe we have been able to cover a
great deal of variation within blanket bog habitats.
In addition, the fell-to-waste restoration practice occurred over a 15 year timespan
whilst the planting was completed across study sites in less than 4 years. Therefore,
there are underlying differences in the degree of damage (tree growth) and duration
of drainage on restoration sites. For example, when trees were felled at R18
(Talaheel), they were less than 3 m in height and trees were small enough to be
pushed into furrows to slow down drainage (Hancock et al. 2018), whereas
plantations felled at R2 (Dyke) had a closed canopy (Rebekka Artz pers. comms.).
These differences may influence when certain restoration thresholds, such as raising
the water table to pre-disturbance values, are achieved. This, together with
Sphagnum vegetation, provides the moisture and temperature gradients most
tyrphobiontic and tyrphophilous species are relying on. The results obtained in this
experiment suggest that as long as bog conditions are met (water-logged acidic
environment and bog microforms), it is only a matter of time for arthropods to
return.
Felled-to-waste did not address the micro-topographical legacy of forest plantations,
as one of the main disturbances of drainage in blanket bog is the evenly-spaced
furrow ploughing for tree planting and ploughing drains for water extraction (Holden
et al. 2007, Anderson & Peace 2017), and application of fertiliser to aid tree growth
(Holden et al. 2007). To some extent, the ridge tops of restoration sites where pitfall
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traps were set up for this experiment continued to be "drained" post-restoration,
with furrows channelling water downslope. This necessarily influences the speed and
degree of recovery of restoration sites and is visible in the ecological succession of
the vegetation that is essential for the functional recovery of the blanket bog
(Anderson & Peace 2017, Hancock et al. 2018). Although pitfall traps were
standardised across the reserve by placing them on the original peat surface, our
results suggests that arthropods are intimately linked to vegetation structure and
associated microclimates, affecting movement patterns across habitats (Rykken et al.
2011) and within habitats (Baars 1979a). Hence the persistence of
microtopographical differences in restoration affects habitat quality, and is likely one
of the reasons why arthropod assemblages have not meaningfully converged with
bog targets even after 18 years. Thus, microtopography should be considered a
primary restoration threshold, together with raising the water table and the
establishment of peat-forming vegetation. The claim is further supported by previous
studies addressing the effect of felled-to-waste restoration on water chemistry
(Gaffney 2017), and net ecosystem exchange (soil respiration and photosynthesis)
(Hambley 2016). These studies point to age of plantation at felling, inheritance of
forest microtopography and net ecosystem exchange as key transition thresholds for
blanket bog restoration, which in turn may affect key factors (soil temperature,
habitat structure) of importance for arthropod distribution (Crist & Ahern 1999;
Koivula et al. 1999; Magura 2002).

3.4.6 Conclusions
Our results suggest that two decades is either not enough time to bring back
characteristic arthropod assemblages in the restoration of afforested blanket bog, or
that fell to waste restoration is not an appropriate technique to recreate the target
blanket bog. Restoration ought to address key parameters that are commonly
identified as habitat thresholds in peatland restoration. Monitoring becomes
essential in order to ensure the restoration progresses towards desired targets, with
arthropod taxa and carabid species recommended as useful indicators of adequate
progress. However, species distribution and habitat preference is determined by the
interaction of species functional traits and ecological requirements. The use of
functional traits can provide some insight into trait displacement that might indicate
what type of sorting mechanisms (assembly rules) are responsible for the patterns
observed in carabid communities (i.e Lambeets et al. 2008) that might not have
been detected by co-occurrence or nestedness models.

122

123

ORDER

Arthropoda Coleoptera

PHYLUM
Unidentified
Larvae
Carabidae

FAMILY
(SUB-GROUP)

Carabus glabratus
Carabus problematicus
Cychrus caraboides
Dyschirius globosus
Pterostichus adstrictus
Pterostichus niger
Pterostichus diligens
Notiophilus biguttatus
Notiophilus germinyi
Leistus terminatus
Loricera pilicornis
Nebria salina
Patrobus assimilis

SPECIES NAME
COLE
CBL
CAR
CGLA
CPRO
CYCA
DGLO
PAD
PNIGE
PDIL
NBIG
NGER
LTE
LPIL
NSAL
PASS

CODE

TOTAL
IND
19275
39
177
5516
1983
710
52
157
58
1025
387
83
35
74
94
159
21

TOTAL
(%)
27
0.06
0.26
7.95
35.95
12.87
0.94
2.85
1.05
18.58
7.02
1.50
0.63
1.34
1.70
2.88
0.38

Table A3.1. Invertebrate assemblage at Forsinard for chronosequence study. Vertebrate specimens caught in the pitfall traps are also included.
The assemblage is represented by 4 phyla (Arthropoda, Chordata, Annelida, Mollusca). Arthropoda includes 15 orders and numerous families, in
particular 19 beetle families (Coleoptera).
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Elateridae
Pselaphinae
Scydmaeinidae

Hydrophilidae
Leioidae
Staphylinidae
Proteininae/
Omaliinae
(M.clypeata)
Unidentified
Hydraenidae
(Limnebius sp.)
Silphidae
Nicrophorus vespilloides
Tanatophilus rugosus
Nicrophorus humator
Oiceoptoma thoracicum
Nicrophorus investigator

Pterostichus nigrita/rhaeticus
Trechus obtusus
Trechus rubens
Agonum fuliginosum
Agonum ericeti
Amara lunicollis
Bembidion quadrimaculatum

6.20
5.98
0.09
0.01
0.02
0.06
0.16
0.08
0.05

3
4272
4152
64
4
13
39
108
55
35

HDRA
NVES
TAR
NHU
OTH
NIN
ELA
PSE
SCY

0.0043

3583

STA

5.16

1.74

1208

MCL

6.38
3.39
0.02
1.90
0.56
0.02
0.02
1.05
4.73
6.09

352
187
1
105
31
1
1
727
3285
4791

PNIGR
TOB
TRU
AFU
AER
ALU
BQM
HYD
LEI

125

Hemiptera

Siphonaptera
Collembola
Plecoptera
Lepidoptera
Trichoptera
Diptera

Gerridae
Ortheziidae
Aphidoidea
& Adelgidae

Nematocera
Tipulidae
Brachycera

Entiminae
Cantharidae
Ptiilidae
Cerambycidae
Pselaphidae
Curculionoidea
Monotomidae
Gyrinidae
Scarabeidae
Nitidulidae
Dytiscidae

1
93
3
16
55
60
10
6
20
1
2
162
6717
3
89
1
6434
3498
65
2871
928
8
9
341

GERR
ORTH
APH

ENT
CAN
PTI
CERA
PSE
CURC
MON
GYR
SCA
NIT
DYT
SIPH
COLL
PLE
LEP
CAD
DIPT
NEM
TIP
BRA

0.49

0.0014
0.13
0.0043
0.02
0.08
0.09
0.01
0.01
0.03
0.0014
0.0029
0.24
9.75
0.0043
0.13
0.0014
9.34
5.04
0.09
4.14
1.35
0.01
0.01
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Araneae
Pseudoscorpiones
Acari

Opiliones

Myriapoda

Hymenoptera

Heteroptera
Homoptera

Chilopoda
Lithobiomorpha
Diplopoda

Ichneumonoidea
Symphyta
Apidae

Formicidae

Auchenorrhyncha
Sternorrhyncha
Coccoidea
(scale insect)
Unidentified

Nemastoma bimaculatum
Mytopus mori

Myrmica ruginodis
Formica fusca
Lasius niger

2
5
8948
6672
6657
2
13
2264
7
5
146
45
7
94
7009
685
5
4671
2
14584

RHY
COCC
HOM

CHIL
LITO
DIP
OPI
NBI
MMO
ARA
PSEU

MRU
FFU
LNI
ICH
SYM
API

44
487
480

HET

0.01
13
9.61
9.59
0.029
0.02
3.26
0.01
0.01
0.21
0.06
0.01
0.14
10.17
0.99
0.01
6.73
0.0029
21.16

0.0029

0.06
0.70
0.69
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Gastropoda

Mollusca

Cricetidae

Rodentia
Annelida

Lacertidae

Squamata

Oligochaeta

Soricidae
Salamandridae
Bufonidae
Ranidae

Eulipotyphla
Urodela
Anura
Anura

Annelida

Chordata

Prostigmata
Bdellidae
Trombiculidae
Erythraeidea
Mesostigmata
Oribatida
Phthiracaridae
Damaeidae
Ixodidae

Slug
Snail

Earthworm

Shrew
Newt
Toad
Frog
Lizard (Zootoca vivipara,
Wagler 1823)
Vole

SLU
SNA

ANN

V

L

S
N
T
F

PRO
BDE
TROM
ERY
MESO
ORI
PHT
DAM
IXO

376
115

5

6

30

130
6
3
17

26
170
53
603
11151
756
134
1122
569

0.71
0.54
0.17

0.01

0.01

0.04

0.19
0.01
0.0043
0.02

0.04
0.24
0.08
0.87
16.07
1.09
0.19
1.62
0.82

Table A3.2. Male specimens of Pterostichus nigrita/Pterostichus rhaeticus (PNIGR) were
selected for genitalia inspection from randomly selected traps. Most of the specimens
identified were females, which restricted the range of traps and collections from which the
specimens were drawn.

TRAP
IM03.2
LE05.3
CL05-2.1
IM03.4
LE06.3
B7.4
B2.1
B5.4
B6.4
B8.3

COLLECTION
2
2
2
1
1
5
4
3
3
2

SPECIES
P. rhaeticus
P. rhaeticus
P. rhaeticus
P. rhaeticus
P. nigrita
P. rhaeticus
P. rhaeticus
P. nigrita
P. nigrita
P. rhaeticus

Table A3.3. Orders belonging to the phylum Arthropoda that accounts for the majority of
specimens found in pitfall traps.

ORDER
Coleoptera
Acari
Hymenoptera
Opiliones
Collembola
Diptera
Araneae
Hemiptera
Siphonaptera
Myriapoda
Lepidoptera
Plecoptera
Pseudoscorpiones
Trichoptera
TOTAL

RAW
(%)
NUMBERS
19,275
27
14,584
21.16
8,948
13
7,009
10.17
6,717
9.75
6,434
9.34
4,671
6.73
928
1.35
162
0.24
146
0.21
89
0.13
3
0.0043
2
0.0029
1
0.0014
68,969
99.0886
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Table A3.4. Carabidae species ranked by abundance. A total of 5,516 carabid specimens
were recorded, 8% of the total invertebrate assemblage sampled at Forsinard.

Species (ranked
by totals)

No of
Individuals

Proportion
(%)

Species (ranked
by occurrence)

No of plots
recorded (n=34)

Carabus glabratus

1983

35.95

Carabus
glabratus

33

Pterostichus niger

1025

18.58

Pterostichus niger

32

Carabus
problematicus

710

12.87

Carabus
problematicus

31

Pterostichus
diligens

387

7.02

Pterostichus
diligens

29

Pterostichus
nigrita/rhaeticus*

352

6.38

Trechus obtusus

187

3.39

Nebria salina

159

2.88

157

2.85

105

1.90

Loricera pilicornis

94

1.70

Notiophilus
biguttatus

83

1.50

Leistus terminatus

74

1.34

Nebria salina

14

Pterostichus
adstrictus

58

1.05

Loricera pilicornis

14

Cychrus
caraboides

52

0.94

Patrobus assimilis

10

Notiophilus
germinyi

35

0.63

Agonum ericeti

31

0.56

Patrobus assimilis

21

0.38

Trechus rubens
Amara lunicollis
Bembidion
quadrimaculatum

1
1

0.02

1

0.02

Dyschirius
globosus
Agonum
fuliginosum

0.02

Dyschirius
globosus
Notiophilus
biguttatus
Cychrus
caraboides
Leistus
terminatus
Trechus obtusus
Pterostichus
nigrita/rhaeticus*
Notiophilus
germinyi

Pterostichus
adstrictus
Agonum
fuliginosum
Agonum ericeti
Trechus rubens
Amara lunicollis
Bembidion
quadrimaculatum

23
23
21
20
16
15
15

8
6
4
1
1
1
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Figure A3.1. Rarefaction abundance-based species accumulation curves comparing carabid
communities per treatment (top) and with total abundances (bottom).
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Table A3.5. RDA arthropod species scores.
SPECIES
RDA1
CAR
-0.3191873127
COLL 0.0834353949
ARA
-0.2751498506
MESO -0.0985404792
IXO
0.0281461389
BDE
-0.0518060167
ERY
-0.0960101824
TROM -0.0269972016
ORI
0.0567953741
PHT
0.0274440025
DAM 0.1047418856
LEP
-0.0122634719
ICH
0.0442528129
MRU -0.4428622437
LNI
0.0010658171
STA
-0.0145224682
MCL 0.2876062163
LEI
0.1995881393
HYD
0.0291164721

RDA2
0.179678860
-0.086783911
0.181652916
-0.239320278
-0.077091216
0.026175608
-0.021284938
0.002383298
-0.040166103
-0.015678351
0.004167388
-0.021249690
-0.025564763
-0.120521268
-0.002665097
0.126767632
0.054341671
-0.035933453
-0.073160391

SPECIES
RDA1
NVES -0.0900528973
NIN
-0.0265883605
TAR
-0.0005400187
ELA
0.0101447710
PSE
-0.0211683681
SCY
0.0020340308
CAN
0.0569968268
CURC 0.0500696915
SCA
-0.0127336857
NEM 0.0082759134
TIP
0.0301201189
BRA
0.1905912566
OPI
0.4932033651
NBI
0.2818276107
HET
-0.0182097672
HEMI -0.0127664580
APHI -0.0398851855
RHY
-0.1403755584
SIPH 0.0496156731

RDA2
-0.131784974
-0.008582219
0.005825978
-0.035924912
-0.031769240
0.000790454
0.006616064
0.013462094
-0.012486022
-0.058324615
0.010654360
-0.090391493
0.058143933
0.022879311
-0.001378948
-0.014962769
-0.087981592
-0.028321815
-0.024641069

Table A3.6. RDA carabid species scores.
SPECIES
RDA1
AFU
-0.262720149
AER
-0.144150019
CGLA 0.568576512
CPRO -0.493264244
CYCA 0.068416863
DGLO 0.081572544
PAD
0.033595134
PNIGE 0.325846522
PDIL -0.122358965
NBIG 0.133177387
NGER 0.049367742
LTE
0.139469341
LPIL
0.051594772
NSAL -0.092411116
PASS 0.091153584
PNIGR -0.458594459
TOB
0.228019996
TRU
0.001602342
ALU
0.003119250
BQM -0.018942356

RDA2
-0.0173460352
-0.0061058874
0.0327367020
-0.0089750117
-0.0648038370
0.2794351508
0.0355032744
0.2155794354
0.3636643487
0.0870214663
0.1675656490
-0.1535646369
-0.1733372947
-0.1013456963
-0.1517318633
-0.0074707254
-0.2728548836
0.0004024791
0.0042246731
0.0020075513
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CHAPTER FOUR
RESTORATION TRAJECTORY OF CARABID
FUNCTIONAL TRAITS

132

4.1 INTRODUCTION
The monitoring of peatland restoration usually involves the measurement of water
table level and physico-chemical elements (Haapalehto et al. 2011) as well as floral
and faunal components (Ramchunder et al. 2012). Faunal monitoring often relies on
establishing species identity in the form of taxonomic diversity indices (Spitzer &
Danks 2006), commonly associated with drivers of decline (Desrochers & van Duinen
2006), or linked to particular species/taxa key for the ecosystem function of interest
to management (e.g. Carroll 2012). There are many examples of the relationship
between arthropods and ecosystem functioning in various types of habitats
(Birkhofer et al. 2016; Belovsky & Slade 2017), but generally taxonomic approaches
alone are unable to draw these connections (Mouchet et al. 2010; Gagic et al. 2015).
Hence, functional frameworks have gained popularity in recent years because they
can provide a mechanistic link between biodiversity and ecosystem processes
(Garnier et al. 2016).
In species-poor blanket bog assemblages, ground beetles (carabids) can be
considered an integral element of food webs. They are one of the top arthropod
predators within above-ground arthropod communities (Ekschmitt et al. 1997),
contribute to decomposition and nutrient cycling (Biagiotti et al. 2013), herbivory
and seed dispersal (Petit et al. 2014; Kulkarni et al. 2015), and are prey for upland
insectivorous birds (Buchanan et al. 2006). The role played by carabids in blanket bog
ecosystems is to a great extent determined by their functional traits, which are the
result of trait-environment interactions and species ontogenetic history. Thus, in
order to truly assess the relationship between carabids and ecosystem functioning,
as well as their response to restoration, monitoring requires a holistic approach that
incorporates both traditional and functional biodiversity approaches (Violle et al.
2007; Fountain-Jones et al. 2014). We can presume restoration management will
affect taxa differently (McGill et al. 2006; Violle et al. 2007) as, for example, bog
specialists seem to require particular habitat niches in order to thrive (Chapter 3). It
can also be presumed that carabid traits (effect traits, sensu Lavorel & Garnier 2002)
will largely determine how the diversity of the taxon will influence ecosystem
function, as well as how it may respond to habitat changes (response traits, sensu
Lavorel & Garnier 2002) throughout the restoration matrix (Lytle & Poff 2004;
Renöfält et al. 2005).
Functional approaches are often based on functional traits (FTs, Fountain-Jones et al.
2014 for Coleoptera), and different facets of functional diversity (FD, Petchey &
Gaston 2002; Petchey & Gaston 2006; Villéger et al. 2010). Both have become useful
tools to understand community structure and assembly rules. FD, the variation in the
degree of expression of functions between different individuals of a population,
between populations of the same species, between species, or between ecosystems
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(Garnier et al. 2016), has been shown to provide mechanistic links between species
diversity and ecological processes (Cadotte et al. 2011; Mouillot et al. 2011; Mouillot
et al. 2013), and/or environmental changes (Dı ́az & Cabido 2001; Tilman 2000). The
use of FTs reflects the organism's response to changing environmental conditions (de
Bello et al. 2010), potentially offering more ecologically meaningful conclusions than
taxonomic approaches alone (McGill et al. 2006). Authors generally recommend a
combined trait-approach that sum up all potential species responses to variation, i.e.
species traits at the morphological, physiological, phenological and ecological
performance level (M-P-P-E framework, Chapter 2, Fountain-Jones et al. 2014).
However there are also limitations in the trait-based approach (McGill et al. 2006;
Petchey & Gaston 2006), as species traits are not always known or readily available in
the literature, particularly for those species proven to be taxonomically challenging
or difficult to sample (Gerlach et al. 2013). Thus, functional approaches are at risk of
simplifying the complexity of ecosystem relationships, or of drawing inconclusive
results when only certain FTs are available, which will only identify, if any, certain
links between species traits and ecosystem functions (Swenson 2014).
The functional approach can be particularly useful in complex habitats such as
blanket bogs, where only a few taxa such as carabids demonstrate within trait
variation and their ecology is well-known. These qualities allow us to gain more
insight into community assembly rules when other approaches (e.g. long-term
studies) might not be possible. Community assembly is driven by processes such as
competition, environmental filtering and dispersal (Cumming & Child 2009; Mouchet
et al. 2010; Laughlin 2014; Cadotte & Tucker 2017), where different species may
perform similar functions that result in the same ecosystem services (Dobson et al.
2006; Cumming 2007). The functional response to disturbance can vary between taxa
(Flynn et al. 2009), or be species-specific (Fukami et al. 2005; Nichols et al. 2013),
which can be a useful tool to explain particular ecosystem processes (Tilman et al.
1997; Slade et al. 2007; Slade et al. 2011; Mason & de Bello 2013). With multiple
assembly processes taking place in ecological communities (Spasojevic & Suding
2012), species responses to environmental change can become highly specific
according to the habitat occupied (Forister et al. 2010), where assembly rules may
even vary between adjacent habitats (Magura & Lövei 2017). Such specific and
diverse responses may have different impacts on species diversity measures and FD
components such as confounding factors between taxonomic and functional aspects
(Mouchet et al. 2010; Pakeman 2011).
Alternatively, assembly processes could be working in different directions according
to the level of community studied (Fukami et al. 2005). Niche complementarity, for
example, tends to be favoured by functional dissimilarity (Mouillot et al. 2007) whilst
environmental filtering tends to exclude species poorly adapted to local conditions
(Cornwell et al. 2006; Petchey et al. 2007; Pakeman 2011). Also, random colonisation
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processes at the initial stages of succession prompt species abundances to be
unevenly distributed, assuming that species composition will be determined by
environmental conditions according to the habitat templet theory (Glossary), by
which the habitat provides a plastic template on which evolution trades off species
traits (Southwood 1977; Southwood 1988). Edge effects, already identified in
Chapter 3, would also be expected to play a key role in species distribution because
of the potential habitat crossover of species (Magura & Lövei 2017). Thus, the above
examples of drivers of community assembly lead to the conclusion that FD might be
more influenced by migration processes in early successional stages (early to midrestoration), whilst vegetation structure might be more indicative in later ones (late
restoration).
Previous studies have found differential responses to habitat disturbance between
taxonomic and functional diversity (Dı ́az & Cabido 2001; Fukami et al. 2005; Villéger
et al. 2010; Purschke et al. 2013). Taxonomic diversity indices, based on taxonomic
identity (similarity or dissimilarity), do not take into account the biological identity of
species, or their ecological differences (Desrochers & Anand 2004). The main
processes influencing community assembly offer different outcomes for assemblage
functionality, co-occurring simultaneously (Helmus et al. 2007) or sequentially
(Mason et al. 2007). FD components (functional richness, functional evenness,
functional divergence) are more sensitive to community assembly rules than to
species richness, yet are still influenced by species richness to some extent (Mouchet
et al. 2010), but can nonetheless be useful for addressing a number of questions
regarding ecological determinants of FD (e.g. (Weiher et al. 1998), ecosystem
processes (Dı ́az & Cabido 2001), and mechanistic links between species and
ecosystems such as niche complementarity (Mason et al. 2005) and other assembly
processes.
By using a functional approach, which complements the information obtained by
traditional taxonomic approaches, we can gain more understanding of bog
restoration via community assembly rules. This chapter examines the trends of
taxonomic and functional diversity (FD) in the restoration of afforested bogs, and
whether FD can provide mechanistic links between community structure and habitat.
We aimed to: 1) examine the restoration trajectory of functional traits throughout
the restoration gradient; 2) evaluate if there are different trends in taxonomic and
functional diversity indices; and 3) assess changes in functional community structure
in afforested blanket bog. Thus, we hypothesised that: 1) carabid functional traits
should display a non-linear restoration trajectory similarly to that observed for
carabid communities in Chapter 3, because species traits are intrinsic to the
specimens recorded from those carabid communities; 2); the disturbance created by
afforestation and subsequent restoration tends to have a greater impact on habitat
specialist species, because of their specific ecological requirements and often narrow
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operating niches. We would expect specialised species and their FTs to be missing
from forestry and probably early to mid-restoration treatments since the
microhabitat conditions they require might not have been restored yet. However,
the lack of specific microhabitat conditions might necessarily affect all aspects of FD
equally if these specialist species can be considered to some extent functionally
redundant; 3) in exploring the relationship between carabid assemblages, carabid
functional traits & environmental/habitat/vegetation variables, changes in habitat
structure are expected to filter carabid community composition, primarily via
microhabitats preferences. Particular suits of traits, or trait syndroms, are expected
to predict blanket bog restoration, i.e. early restoration stages would host highdispersing habitat generalist species with a preference for open habitats (pioneer
species); but late restoration stages and/or bog we would expect to contain more
habitat specialists that tend to have low-dispersal capability.

4.2 MATERIALS & METHODS
4.2.1 Site Description & Study Design
The study site and experimental design were the same as those used in Chapter 3 (Section
3.2.1).

4.2.2 Carabid Sampling
The carabid specimens used in this chapter are the same that were used in Chapter 3
(Section 3.2.2). Data collection via pitfall trapping is explained in Chapter 2 (Section 2.3.1).

4.2.3 Ancillary Data
For this chapter, we used the same ancillary dataset that was used in Chapter 3
(Table 3.2.3A). Details on data collection are explained in Chapter 2 (Section 2.4).

4.2.4 Selection of Carabid Functional Traits
The carabid FTs selected for this experiment were thought to be sensitive to
landscape changes and to play important ecological functions in the ecosystem
(Gerisch et al. 2012; Gerlach et al. 2013; Gerisch 2014). These traits were selected a
priori (Chapter 2, Section 2.5). Of those available in the literature, we selected traits
thought to be directly linked to species ability for dispersal and habitat colonisation;
but indirectly linked to habitat structure (e.g. bottom-up control of carabid
communities mediated by structural heterogeneity, Brose 2003) since vegetation
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structure seems to play a key role in carabid microhabitat specialisation and general
use of the environment (Chapter 3). Because of the sensitivity of trait analysis to
missing values (Pakeman 2014; Májeková et al. 2016), only complete traits for all
species (or complete for all attributes in the case of categorical traits) were used in
the final analysis. Although more FTs were initially collated than those used for final
analyses, some species were singletons and had a large number of missing trait
values (T. rubens, A. lunicollis, B. quadripustulatum), thus these species were
excluded from the analysis in the same way they were excluded in Chapter 3. In a
single case where a FT was unknown for a species, it was assumed to be similar to
the most closely related species (Ribera et al. 2001), an approach that has been used
in other studies, i.e. Cole et al. 2002; Bargmann et al. 2016.
In total, 17 traits contained information for the whole community (Table 4.2.1A): six
morphological traits, six physiological traits, four phenological traits and one
ecological performance trait. Morphological traits and wing development were
measured from specimens collected during the sampling campaign in 2016, although
coded according to the literature (Chapter 2); other traits were obtained from the
literature (Table 4.2.1A). Categorical FTs were fuzzy coded (Chévene et al. 1994) by
assigning a column to each trait attribute (e.g wing development presents three
attributes or categories: apterous/brachypterous, dimorphic and macropterous). This
fuzzy coding was applied for the community weighted means used in principal
response curves (PRC) and FTs used in three-table ordination analysis (RLQ).
Although none of the carabid species examined turned out to be wing dimorphic, we
opted for being conservative in our estimations and use dimorphism as an attribute
of wing development, assigned to our species following previous studies on Scottish
carabid beetles (Ribera et al. 2001). It is well known that wing development can vary
within populations (Hendrickx et al. 2009), and only a small sample of individuals (<
30 specimens) was examined for wing type. For the PNIGR complex (P. nigrita and P.
rhaeticus), both species shared the same type of trait for all FTs considered, and thus
they are treated as one group (although differences in ecological preferences
between these species are discussed).

4.2.5 Diversity Measures: Taxonomic & Functional
4.2.5.1 Taxonomic Indices
Species diversity was assessed using species richness, Shannon's species diversity
index and Pielou's Evenness Index.
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Species richness (S) is the number of different carabid species represented in the
local community (Colwell 2009). It only takes into account species taxonomic
identity.
Simpson's Diversity Index (D, Simpson 1949) quantifies the number of species
present and their relative abundance. It increases as species richness and evenness
increases. High diversity corresponds to low D values and low diversity corresponds
to high D values, therefore we used a more intuitive 1-D, which ranges from 0-1.
𝑘

D = ∑ 𝑝𝑖2
𝑖=1

where ni is the number of observations from the sample in the ith of k categories, n is
the sample size (total number of individuals of all species), and p i= ni /n.

Shannon's Diversity Index (H, Shannon 1948) quantifies the uncertainty that any two
species drawn from a community are different. It uses species relative abundances.
𝑆

H = ∑ 𝜋𝑖 log(𝜋𝑖)
𝑖1

where S is species richness, and pii denotes relative abundances. Values range
from 0-log(S), where 0 is total certainty and S is total uncertainty.

Pielou's Evenness index (J, Pielou 1969) quantifies how equal species abundances are
in the community. It is an excellent measure of relative evenness (Jost 2010) based
on Shannon's index, but strongly dependent on sample size.
𝑆

J=∑
𝑖=1

𝑝𝑖 x log 𝑝𝑖
logS

where S is species richness; pi are species relative abundances. Values range from 01, with 0 representing less evenness in the community/presence of a dominant
species; and 1 no dominant species/even community.
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Physiological

- Mixed Diet (predation +
herbivory)

- General Predator

Food preference
(adult)

Elytra Length

Morphological

Morphological

Morphological

Along middle line

Morphological

Morphological

Body length (head length +
pronotum length + elytra
length)

From eye to eye at mid eye
length (See diagram)
From behind eyes to
mandibles

Morphological

Attribute

From scutellum to largest
elytra tip
Tibia (from bottom of coxa)
Hind Leg Length
+ Femur (From bottom of
(tibia, femur & tarsi) tibia to top of tarsi) + Tarsi
(no claws)
- Specialist Feeder (Collembola,
Gastropoda)

Pronotum Length

Head Length

Head Width

Average Body Size

Functional Trait

Functional
Trait Type

Resource & Habitat Use (Honěk et al.
2003)

Dispersal Capability (Sekar 2012; Stevens
et al. 2012; Whitmee & Orme 2013)

Dispersal Capability (Sekar 2012; Stevens
et al. 2012; Whitmee & Orme 2013)
Fecundity (Honěk 1993)
Metabolic Rate (White & Kearney 2013)
Predation Success (Blanckenhorn 2000)
Habitat Preference (Barton et al. 2011)
Microhabitat Use (Fountain-Jones et al.
2014)
Microhabitat Use (Fountain-Jones et al.
2014)
Microhabitat Use (Barton et al. 2011;
Fountain-Jones et al. 2014)
Dispersal Capability (Sekar 2012; Stevens
et al. 2012; Whitmee & Orme 2013)

Main Fitness Links

0

0

64.7

35.3

NA

NA

NA

NA

NA

NA

Proportion in
Community
(%)

FPREF4

FPREF3

FPREF2

FPREF1

LEG
(FEMUR,
TIBIA,
TARSI)

ELYTRA.L

PRONO.L

HEAD.L

HEAD.W

BAV

Code for
Analysis
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Overwintering

Light Preference

Moisture Preference

Power of Dispersal

Locomotion

Wing Development

- Adults & larvae; or only
larvae

- Light habitats (open)
- Only adults

- Xerophilous
- Shaded habitats (canopy)

- Mesophilous

- High
- Hygrophilous

- Intermediate

- Digger
- Low

- Pusher

- Macropterous
- Runner

- Dimorphic

- Apterous/Brachypterous

- Mainly Herbivore

Phenological

Physiological

Physiological

Physiological

Physiological

Physiological

Thermal Tolerance (Fountain-Jones et al.
2014)
Microhabitat Use (Wallin 1986)

Habitat Use (Wallin 1986; Thiele 2012)

Microhabitat Use (Främbs 1994; Glime
2017a)

Dispersal Capability (den Boer 1985; Turin
& den Boer 1988)

Resource & Habitat Use; Dispersal
Capability (Greenslade 1964b)

Dispersal Capability (Gerisch et al. 2012;
Gerisch 2014; Hodecek et al. 2015)

70.6

29.4

29.4%

11.8
70.6%

53

35.3
35.3

29.4

5.8
35.3

47

29.4
47

35.3

35.3

OVW2

OVW1

LIGHT2

MOIST3
LIGHT1

MOIST2

POD3
MOIST1

POD2

LOCO3
POD1

LOCO2

WDEV3
LOCO1

WDEV2

WDEV1
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- Specialist/Stenotopic

- Forest

- Autumn/Winter
- Generalist/Eurytopic

- Summer

- Nocturnal
- Spring

- Diurnal & Nocturnal

- 2 Years
- Only Diurnal

- 1 Year

Ecological
Performance

Phenological

Phenological

Phenological

Habitat Use (Niemelä 2001; Magura
2002)

Habitat Use & Resource Use (van
Noordwijk & de Jong 1986)

Habitat Use & Resource Use (Luff 1978)

Microhabitat & Resource Use (Desender
& Alderweireldt 1990)

5.9

23.5

29.4
70.6

35.3

64.7
35.3

11.8

47
23.5

53

HPREF3

HPREF2

BRE3
HPREF1

BRE2

DIEL3
BRE1

DIEL2

CYCLE2
DIEL1

CYCLE1

Table 4.5.2.1A. Summary of the 17 carabid functional traits used in all multivariate analyses in this chapter. The proportion of traits in the
carabid community at Forsinard, as well as the analysis code, is given for categorical traits only. All morphological traits were measured on
specimens collected at Forsinard; however wing development was taken from Ribera et al. 2001 to account for dimorphism. Overwintering stage,
diel activity, duration of life cycle and breeding season were taken from Ribera et al. 1999 and Ribera et al. 2001; adult food preference was
taken from Ribera et al. 1999 and Cole et al. 2002; locomotion and wing development were taken from Cole et al. 2002; power of dispersal was
taken from Turin & den Boer 1988, De Vries & Den Boer 1989, New 2004, Noordijk et al. 2008; moisture preference was taken from Turin & den
Boer 1988, Ings & Hartley 1999, Forsythe 2000, Stockan et al. 2014, and Bargmann et al. 2016; light preference was taken from Krogerus 1939,
Thiele 2012, Stockan et al. 2014 and Brigić et al. 2014a; habitat preference was taken from Turin & den Boer 1988, Koivula et al. 2002, Koivula &
Vermeulen 2005 and Brigićet al. 2014b.

Habitat Preference

Breeding Season

Diel Activity

Duration of Life
Cycle

4.2.5.2 Functional Indices
Although there is no standardised measure of FD (Dı ́az & Cabido 2001; Tilman 2001),
it would be detrimental to summarise it by a single number (Mouillot et al. 2005).
The FD facets used in this study aim to weight the intrinsic effect of each species
according to its abundance in order to reflect its contribution to ecosystem
functioning (Grime 1998). Thus, FD has been partitioned into three primary
components (Mason et al. 2005; Villéger et al. 2008; Villéger et al. 2010) in order to
explore the effects of environmental filters or biotic interactions (e.g. competition)
on carabid communities. For example, variation in how species traits are distributed
in the functional volumetric space occupied by species may indicate an increasing
pressure of environmental filters (Cornwell et al. 2006), whilst variation in the
distribution of abundance within species space may point to shifts in competitive
interactions (Mason et al. 2007; Mason et al. 2008).
Functional Richness (FRic) is the functional space occupied by the community. This
space is calculated as the convex hull volume (Cornwell et al. 2006; Mouillot et al.
2013) with a quickhull algorithm (Barber et al. 1996). It does not have a maximum
value, but the convex hull can be standardised to keep values between 0 and 1.
Functional Evenness (FEve), the regularity in the distribution of species abundances
in the functional space (Mouillot et al. 2013), is calculated as the sum of the
minimum spanning tree branch length (distance between species) weighted by
relative abundance based on trait values:
𝑆−1

∑
FEve =

𝑖=1

1
1
min (𝑃𝐸𝑊𝑖 , S − 1 − 𝑆 − 1)
1
1−S−1

where PEW is the partial weighted evenness and S is the total species richness. It
ranges between 0 and 1.
Functional Divergence (FDiv), how species abundances diverge from the centre of the
functional space (Mouillot et al. 2013), is calculated as the species deviance from the
mean distance to the centre of gravity weighted by relative abundance, based on
trait values:
FDiv =

Δ𝑑 + 𝑑G
Δ|𝑑| + 𝑑G

where Δd is the sum of abundance-weighted deviances; dG is the mean distance to
the centre of gravity; and Δ|d| is the absolute abundance-weighted deviances from
the centre of gravity. It ranges between 0 and 1.
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Additionally, we used functional dispersion (FDis), the mean distance of individual
species to the centroid of all species in the community (Laliberté & Legendre 2010;
Mouillot et al. 2013). It accounts for relative abundances by shifting the position of
the centroid towards the most abundant species, and computes the weighted
average distance to this new centroid using relative abundances as weights:

FDis =

∑𝑎𝑗 𝑧𝑗
∑𝑎𝑗

where aj is the abundance of species j and zj is the distance of species j to the
weighted centroid c. It has no upper limit and, unlike the previous three indices, can
be calculated based on any number of traits, even if they are greater than the
number of species.

4.2.6 Data Analysis
All statistical analyses were performed with the open source software R version 3.4.1
(30th of June 2017). Carabid abundance data were handled in the same way as in
Chapter 3, by pooling all pitfall traps within a transect and calculating the mean
abundance of each species (Chapter 3, section 3.2.5). Trait data were generally used
as they were measured, whether continuous or categorical (Table 4.2.1A), because
transformations of trait data are generally discouraged (Schleuter et al. 2010).
However some analyses required appropriate transformations (e.g. calculation of FD
facets).
Principal response curves (PRC) was used in a space-for-time substitution approach
to evaluate the restoration trajectory of carabid functional traits, which assumes that
spatial and temporal variation are equivalent when long-term studies are not
available. We used community weighted means (CWMs) as response data, a metric
of community functional composition that represents the diversity of traits present
in a community weighted by species relative abundances (Petchey & Gaston 2006).
CWMs were calculated with the package "FD" (Laliberté et al. 2015), and were
transformed (log and total transformations) when required to fit a normal
distribution. Open blanket bog was used as a baseline, whilst forestry was used as
the first time of restoration, and all other restoration age classes were the response
treatments over time (R0-R18). The significance of the results were tested by in a
Monte Carlo test with 999 permutations (ter Braak & Šmilauer 1998). The species
weights/scores allow the interpretation of the PRC at the species level. They are
displayed in the diagram, showing the influence of certain functional traits on the
overall carabid FTs PRC response. The sign of the species scores indicates the
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direction of change, whereby the higher the (absolute) species score, the more the
actual response pattern of the species follows the pattern of the PRC. Species near
zero (-0.5 to 0.5) show no preference for the trend line (van Den Brink et al. 1999;
Ter Braak & Šmilauer 2002). The magnitude of the score reflects the size of the
change, and the fitted value can be quantified by using the formula exp(species
score*treatment score), which indicates the magnitude of increase of the species
between the baseline and the treatment score used (van den Brink et al. 2009).
The "FD" package was also used to calculate facets of functional diversity: functional
richness (FRic), functional divergence (FDiv), functional evenness (FEve) and
functional dispersion (FDis), which describe how much multi-trait space is filled by
species and how their abundances are distributed within the functional space
(Villéger et al. 2008). As all indices, except FDis, require a greater number of species
than traits, overlapping morphological traits (body part length measurements and leg
measurements) were removed, with only body average size (BAV) and total leg size
(LEG) retained in the dataset. Because the traits used were a mix of numeric and
categorical traits, the Gower distance was used to measure distances (Podani 1999).
In summary, carabid relative abundances and FTs with no predetermined functional
group were used to calculate the indices. A null distribution model (Gotelli & Graves
1996) was used to compare each alpha FD facet in communities with different
species richness and different species pools (Villéger et al. 2008). Specifically, we
generated 999 random assemblage matrices for each FD facet using a matrix swap
randomisation null model (Manly 1995), where all data matrix values are randomised
but row and column sums are fixed. Standardised effect sizes (SES) were calculated
using observed FD values and the mean and standard deviation of the null expected
distributions for species in every FD metric:
SES =

𝑜𝑏𝑠𝑒𝑟𝑣𝑒𝑑 − 𝑚𝑒𝑎𝑛 (𝑒𝑥𝑝𝑒𝑐𝑡𝑒𝑑)
𝑆𝐷 (𝑒𝑥𝑝𝑒𝑐𝑡𝑒𝑑)

Positive SES values represent a higher FDobs than FDexp (functional overdispersion),
whilst negative SES represent a lower FDobs than FDexp (functional clustering)
(Swenson 2014; Riemann et al. 2017). In order to compare SES between treatments,
p-values were calculated from quantile scores, the ranking of where the observed
value lands in the null distribution (Swenson 2014). High quantile scores (e.g. 1000
out of 999 random values) indicate observed values higher than random values, and
a low quantile score (1 out of 999) indicates lower observed values than expected at
random. As we expect FD to be significantly different than expected, a two-tailed test
with α=0.05 indicates that observed p-values must be equal/less than 0.025 for a
lower than expected FD, but equal/greater than 0.975 for higher than expected FD.
Larger observed values than expected usually indicate competitive relationships

144

whereas smaller observed values than expected by the null distribution indicate
environmental filtering.
Taxonomic diversity measures were calculated using "vegan" (Oksanen et al. 2007),
based on carabid mean (transect) abundances of the 21 carabid species recorded
(including the three singleton species that were removed in Chapter 3). Generalised
linear models (GLMs) compared taxonomic diversity between treatments. The family
of the GLM must be chosen by assigning a distribution to the response variable, and
a link function that connects the mean with the linear predictor (Venables & Ripley
2002). All indices used a Gaussian distribution with a default identity link (E(Y)= Xβ),
aside from species richness, which used Poisson and a log link. Model fitting was
tested with goodness of fit, and the overall significance of the model was tested with
Anova.
RLQ (environmental-species abundance-species traits ordination method) (Dolédec
et al. 1996; Dray et al. 2003) and fourth corner analysis (Legendre et al. 1997; Dray &
Legendre 2008) are complementary techniques (Kleyer et al. 2012) for the integrated
analysis of trait-environment relationships in a single framework of results (Dray et
al. 2014). RLQ provides a graphical display of multivariate ordinations without
significance tests, whilst fourth corner tests the significance of bivariate associations,
both of which were implemented with the "ade4" package in R (Dray & Dufour
2007). RLQ is based on a three-table ordination method that identifies the main
relationships between environmental gradients (R table) and traits (Q table)
mediated by species abundances (L table). This is an extension of co-inertia analysis
of R and Q tables that links them to a contingency table L by maximising correlation
between the trait environmental model per axis from the RLQ ordination and the
initial correspondence analysis of species abundances. As a preliminary step in RLQ,
ordinations were carried out separately for each table: PCA for carabid abundances
(Tenenhaus & Young 1985), and Hill-Smith analysis for environmental variables and
functional traits (Hill & Smith 1976). The results of these ordinations are used to
create the final RLQ axes.
An iterative RLQ analysis was carried out before the final RLQ analysis in order to
identify the most parsimonious trait-environment model and avoid an over-fitted
model (Keith et al. 2007; Bernhardt-Römermann et al. 2008). The analysis was based
on a table of 34 sites and 32 trait columns (each level of a factor was considered in a
separate column), that were divided into two groups to simplify the analysis:
physiological traits (16) and morpho/pheno/ecological performance traits (16). We
followed Pakeman 2011, where the correlation between the trait-environment
model resulting from the RLQ ordination and the initial correspondence analysis
ordination on the L table represents the goodness of the estimated solution. Each
group of traits with the highest Correlation L for each group was taken for the final
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analysis. Thus, the traits detected by the iterative RLQ were considered optimal for
describing the response of the carabid community and traits to the given
environmental conditions in the restoration of afforested bog.
Fourth corner analysis tested the significance of bivariate individual traitenvironment associations. Since variables are measured with different statistical
units (species and samples), randomisation procedures recommended by Dray &
Legendre 2008 were applied. A sequential approach with low Type I error (model 6,
ter Braak et al. 2012) tests for significance in the global relationship between traits
and environment. It uses two models: model 2 tests the null hypothesis that the
distribution of species with fixed traits is not influenced by environmental conditions;
model 4 tests the null hypothesis that species composition of samples with fixed
environmental conditions is not influenced by species traits. An adjusted p-value
procedure followed (false discovery rate method, Benjamini & Hochberg 1995), and a
significant association was found if the largest of the two p-values obtained with
model 2 and model 4 was lower than α = 0.05.

4.3. RESULTS
4.3.1 Restoration Trajectory
There is evidence of bog trait displacement after tree felling (PRC 1 = 11%; F = 20.29;
p-value = 0.001), with carabid FTs across the restoration chronsequence remaining
different to the bog baseline, despite a slight convergence during mid-restoration
(R=10) (Figure 4.3.1A). This trajectory is similar to the trend found for carabid
communities in Chapter 3 (Figure 3.3.1A).
The FTs associated with a positive FT score in Figure 4.3.1A have a decrease in
frequency compared with the bog baseline (18.4% of the traits used), whilst FTs with
negative scores increase in frequency (5.2% of the traits). The proportion of
negligible FTs (-0.5 to 0.5) was 76.3% of the total FTs considered. FT scores, which
allow interpretation of the PRC at the FTs level, showed an overall increase in FTs
more often associated with restoration treatments than the bog baseline. The two
prevalent FTs identified for open blanket bog indicate limited dispersal capability
(POD1) and avoidance of predators by feeding at night (DIEL3). Nocturnal diel activity
clearly dominated in bog assemblages; whereas low power of dispersal dominated in
blanket bog treatments alongside high power of dispersal (POD3), which is the only
dominant attribute in restoration (Figure 4.3.1B).
In restoration, carabid FTs favoured either diurnal (DIEL1), or both nocturnal and
diurnal species (DIEL2) during restoration. However, DIEL3 still had a significant
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present throughout restoration, often overshadowing both (Figure 4.3.1B). Specialist
predators that mainly feed on springtails and slugs (FPREF1) were more often found
in forestry and early restoration, but generalist feeders were found in equivalent
proportions in mid- to late restoration (r10-R18) and open bog (Figure 4.3.1C).
Intermediate dispersal power (POD2) also showed a high frequency through
restoration (Figure 4.3.1A), but the proportion of FTs for this attribute was highly
variable in restoration treatments, being for example higher in bog than late
restoration (Figure 4.3.1B). Finally, there was a marginal increase of hind leg size
(LEG), tibia (TIBIA) and femur (FEMUR) traits. On average bog FTs might indicate
slightly shorter hind leg size than restoration, but no significant differences were
observed for femur and tibia length (Figure 4.3.1C).
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Figure 4.3.1A. PRC for the restoration trajectory of carabid FTs. The Y axis represents the
PRC scores at each restoration age class; the X axis is the time since restoration began (t in
years). Open blanket bog (baseline) is the grey line; the restoration trend is the solid black
line, with forestry (unfelled conifer plantations) acting as the first point of restoration (t=0).
CWMs used in this analysis are equivalent to functional traits, for which codes are given in
table 4.2.1A. Only best fitting FTs are shown.
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4.3.2 Taxonomic & Functional Diversity Measures
4.3.2.1 Taxonomic Measures
Species richness (χ2=9.244, p=0.140), Shannon (χ2=0.638, p=0.720), Simpson
(χ2=0.451, p=0.859) and Pielou's evenness (χ2=2.071, p=0.083) indices show no
significant association with any treatment (Figure 4.3.2A).
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Figure 4.3.2A. Taxonomic diversity measures.
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left toR18right: Simpson's diversity (1-D),
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Shannon's diversity (H), and Pielou's Evenness index (J). Error
bars show standard deviation
for each index point.

Observed carabid species richness (S) follows a bell-shaped trend throughout the
forest-to-bog gradient, with a total of 21 carabid species found in all treatments
combined. Overall, there was a considerable amount of variation within treatment
replicates, i.e. bog replicates range from 6 to 11 carabid species. Forestry plantations
display the lowest average species richness (S=6), but with a great amount of
variation (S=3 to S=7). Restoration classes display the greatest amount of variation
within treatments (S=7 to S=14), with early to mid-restoration treatments showing
equal or higher carabid species richness than bog. Late restoration treatments
however present lower species richness on average (Figure 4.3.2B).
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Figure 4.3.2B. Observed carabid species richness (S) per treatment. In each box, bottom
and top represent the first and third quartile, the median is the black line inside the box.
The end of the whiskers represent extreme data at the upper and lower end of the data
range.

4.3.2.2 Functional Measures
When looking at treatments (p-values averaged per treatment), none of the
functional components of FD alluded to significant modification in functional
structure for carabid communities (Figure 4.3.3A). When looking at sites individually,
FRic was smaller than expected (equal/lower than 0.025) in one bog (B7, p=0.014)
and one R13 treatment (IM03, p=0.014), suggesting environmental filtering
influencing the distribution of carabid species; FDiv was larger than expected
(equal/higher than p=0.975) in one bog (B2, p=0.976), suggesting competition as a
mechanism bearing on carabid distribution; and FEve was smaller than expected in
two bogs (B2, p=0.009; B7, p=0.005) and one R11 treatment (CL05-1, p=0.006), also
indicating competition. However, the few significant results observed in the
experiment are similar to what would be expected by stochasticity, thus the use of
these particular functional traits seem to offer no consistent functional pattern to
explain the assembly rules of carabid communities (Table A4.2).
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4.3.3 Carabids, Functional Traits and Environmental Variables
The iterative RLQ process selected nine physiological traits (wing development,
locomotion: runner, food preference: specialist, moisture preference: xerophilous,
light preference: shade, dispersal: low and intermediate power) and six
morpho/pheno/ecological performance traits (diel activity, overwintering: adult and
larvae, breeding season: autumn/winter, habitat preference: specialist).
The global trait-environment was not globally significant following the sequential
testing approach (model 2, p=0.0002; model 4, p=0.79172), suggesting that
environment alone drives carabid beetle composition in forest-to-bog restoration.
Measured traits are not a driver of differences in species affinities with present
environmental conditions, indicating that there must be unmeasured traits driving
carabid composition. Most of the RLQ variation was explained by the first axis, 76%,
whilst the second axis only contributed 9%. The first axis therefore accounts for 94%
of the environmental variation (R ratio, Table 4.3.4A) and 50% of the trait variance.
The new set of sites-species scores had a correlation of 60% along Axis 1 (Correlation
L, Table 4.3.4A). This axis shows a forestry-restoration-bog control gradient (Figure
4.3.4A). Bogs are often surrounded by other bogs and located further away from
forestry than any restoration or forestry treatments (Figure 4.3.4B), with high cover
of Sphagnum mosses and primarily characterised by species with dimorphic wings
such as A. ericeti, a nocturnal tyrphobiontic species/bog specialist (Kvamme 1976;
Spitzer & Danks 2006; Sushko 2014; Brigić et al. 2017), although weaker relationships
were found for P. nigrita/rhaeticus, diurnal eurytopic species; A. fuliginosum and P.
diligens, eurytopic beetles. Thus, open blanket bog (although B8 is separated from
the bog cluster, differentiated by diurnal species with low dispersal, possibly T.
obtusus) is best described by well-known tyrphobionts and some tyrphophiles (with
affinity for wet upland or open habitats), all of which are wing dimorphic species.
Total Inertia: 3.987
Eigenvalues

Projected Inertia (%)

Axis 1
3.02
Axis 1
75.99

Eigenvalues Decomposition
Eigen
Eigen 1
3.02
Eigen 1+2
0.36

Axis 2
0.36
Axis 2
8.94

Covariance
1.74
0.60

Inertia & Coinertia R (Environmental variables)
Inertia
Max
Eigen 1
4.69
4.96

sdR
2.16
1.50

sdQ
1.35
1.22

Correlation
0.60
0.32

Ratio
0.94
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Eigen 1+2

6.93

7.95

0.87

Max
3.67
6.62

Ratio
0.50
0.50

Inertia & Coinertia L (Carabid abundances)
Inertia
Max
Eigen 1
0.60
0.79
Eigen 1+2
0.32
0.57

Ratio
0.75
0.56

Inertia & Coinertia Q (Traits)
Inertia
Eigen 1
1.83
Eigen 1+2
3.34

Table 4.3.4A. Summary of the RLQ analysis. Total intertia corresponds to the total variation
explained by each axes. Separate results are provided for the environmental variables (R),
functional traits (Q) and carabid abundances (L).

In contrast to bog, restoration and forestry sites in particular tend to be surrounded
by other damaged habitats (Figure 4.3.4B). The variation in restoration treatments is
not captured by the first two axis of ordination, and a third axis might indicate
deviation from forest-to-bog restoration trajectory and progression towards a new
alternative stable state (Figure 4.3.4A). There is significant overlap in mid- to late
restoration treatments, supporting the PRC results showing non-convergence with
the bog reference target. R18 replicates are not particularly associated with any
carabid species, although other characteristic bog arthropods are present (Chapter 3,
Discussion); but are weakly correlated with greater presence of grasses and sedges
(Figure 4.3.4B). R13-R10 exhibit a growing moss cover (not restricted to Sphagnum),
associated with a small group of carabids (P. niger, C. glabratus, L. pilicornis) that
tend to prefer drier conditions and overwinter as both adults or larvae in warmer
pockets of microhabitat, and which display intermediate power of dispersion via
ground locomotion. A wide array of carabids (P. adstrictus, C. problematicus, N.
germinyi, N. biguttatus, P. assimilis), are predator habitat generalists that seem to be
utilising these restoration habitats indiscriminately. Two R12 replicates stand out by
high coverage of bare peat and presence of forest associated species such as C.
caraboides and L. terminatus, which are autumn/winter breeders with intermediate
dispersal capabilities via ground locomotion.
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Early restoration (R2) and forestry do not show any particular association with
carabid species (Figure 4.3.4A & B). However, we would expect to find species that
favour shaded habitats and are specialised hunters (gastropods, springtails) in
forestry sites, whilst R2 should show good dispersing and/or macropterous species,
which would be the first ones to colonise newly open habitats. Forestry and
particularly R2, are usually found further away from pool complexes and bog areas,
reflecting drier conditions.
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The 4th corner analysis based on RLQ axes found six significant relationships
between carabid abundance and vegetation variables (Figure 4.3.4C, right). The
association was positive (Figure 4.3.4C, red cells) for distance to bog pools
(padj=0.022) and litter (padj=0.021); but negative (Figure 4.3.4C, blue cells) for plot
perimeter (padj=0.006), plot area (padj=0.046), shrubs (padj=0.002) and Sphagnum
cover (padj=0.002). No significant relationships between environmental variables and
functional traits were found (Figure 4.3.4C, left). The lack of significant bivariate traitenvironmental associations might be due to a combination of environmental
variables acting on a combination of traits, e.g. (Kuzmanovic et al. 2017).

WD.AB
WD.D
WD.M
DIE.D
DIE.DN

AxcQ1

DIE.N
OVW.AL
BR.AWI
LOCO.R
HB.SP
FO.SP
MO.XE

AxcQ2

LI.SH
DIS.L
DIS.IN

Figure 4.3.4C. Graphical summary of fourth corner analysis. Axis 1 and 2 from RLQ results
were tested with the "false discovery rate" adjustment method for multiple comparisons.
LEFT. Carabid functional traits are shown in rows (codes can be found in Table 4.2.1A);
AxcR1 is Axis 1, AxcR2 is Axis 2. RIGHT. Environmental variables are shown in columns
(codes can be found in Section 2.4 in Chapter 2); AxcQ1 is Axis 1, AxcQ2 is Axis 2. Blue cells
correspond to negative significant relationships; red cells correspond to positive significant
relationships; grey cells correspond to no significant relationship.
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4. 4 DISCUSSION
4.4.1 Displacement of Blanket Bog Carabid Functional Traits in
Afforested Bog Communities
Our results show a consistent difference in FTs between restoration and bog carabid
assemblages throughout the 18 year restoration chronosequence, concurring with
the trend observed in Chapter 3 for carabid communities. However, there is a
notable contrast between habitats with regards to some of the FTs highlighted by the
PRC, particularly in the case of diel activity. In bogs, the dominant type of diel activity
was nocturnal, whereas restoration species displayed both diurnal and nocturnal
tendencies.
The degree of functional recovery of beetle assemblages might not be primarily
dictated by restoration age. As we have suggested in Chapter 3, a number of drivers
are expected to be involved in the restoration of carabid communities, such as for
instance habitat structure, which is further supported by RLQ results highlighting
distance to bog pools or plot perimeter as explanatory variables. We can hypothesise
that the reestablishment of habitat structure is also one of the most important
drivers for carabid FTs, since it is the direct interaction between traits and
environment what shapes community structure and diversity. The time needed for
community recovery post-restoration is highly debated in peatland ecology. The type
of peatland and extent of damage can influence the restoration process and should
be factored into it, but there is evidence available for both fast and slow recovery
rates. For instance, assemblage composition can be significantly different from bog
reference sites after a decade (Andersen et al. 2003; Davis et al. 2003), but
remarkably fast (beetle) assemblage convergence can also be observed in mine bogs
even when low cost restoration approaches are applied (Watts, Clarkson, et al.
2008). Alternatively, tree felling and ditch blocking restoration can lead to fast
recovery of arthropods in urban bogs (Noreika et al. 2015), including tyrphobiont
carabids. We cannot compare the impacts of these urban bogs with our afforested
blanket bog, although this study suggests the intriguing possibility that animal
assemblages, and the ecosystem functions they provide (Sudduth et al. 2011), could
be naturally re-established once vegetation structure is in place (Palmer et al. 1997).
However, this is not always guaranteed if all key abiotic or biotic parameters
influencing the taxa of interest are not identified (Vander Zanden et al. 2006). In
general, scientific evidence suggests that restoration usually achieves lower diversity
levels and different species composition (Rey Benayas et al. 2009; Moreno-Mateos et
al. 2015) than those found in reference restoration sites.
The relevant traits identified for open bog correspond to the only tyrphobiont
species identified in the assemblage, A. ericeti, and supports the assumption that
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hygrophilous beetles tend to be nocturnal (Thiele 2012). We would be inclined to
conclude that the restoration trend observed in FTs reflects the limitations of the
felling to waste and ditch blocking restoration to emulate the conditions required by
tyrphobiont carabids. In chapter 3 we suggested that some of the initial key
restoration thresholds needed were met by felling to waste restoration (opening of
the habitat and raising of the water table); whilst others were not (recreation of bog
microhabitats and habitat quality). In felling to waste, the original type of restoration
management trialled at Forsinard, other limitations with regards to gas fluxes and
water quality have also been observed (Hambley 2016; Gaffney 2017). The general
PRC trend observed throughout the chronosequence further supports the conclusion
reached in Chapter 3. Our results also complement previous findings that may have
led to use of new restoration techniques in order to overcome the limitations of the
initial restoration approach adopted (See also Chapter 6). For carabid FTs, there
seems to be a combination of factors at play. Firstly, the harsh habitat of acidic and
waterlogged conditions with a fluctuating water table depth. Secondly, a
microhabitat in which vegetation is thought to provide a refuge from the variable
moisture gradients linked to changes in WTD that characterise bogs. Hence, these
particular conditions seem to filter out specialist traits, and Sphagnum mosses have
been found to be microhabitat engineers for carabid bog specialists (or typrhobionts)
(Noreika et al. 2015). At a larger scale, habitat fragmentation, loss of within-bog
microhabitats and the degradation of habitat quality, as well as the distance between
pristine and restored habitats, can perhaps restrict specialists to certain patches of
bog (Barbaro et al. 2007; Noreika et al. 2015), and increase the extinction risk of the
population (De Vries & Den Boer 1989).
The FTs highlighted on each treatment do not seem to display high treatment
specificity, except for diel activity, since many attributes are found in similar
proportion across the restoration gradient (Figure 4.3.1B & C). This leads us to
believe that there is a microhabitat diversity that we are not able to distinguish at the
level of habitat treatment considered. Although habitat specialisation is not the only
driver of species distribution, there is evidence across vertebrate and invertebrate
taxa that specialisation increases species vulnerability to habitat changes (De Vries &
Den Boer 1989; Drees et al. 2007; Devictor et al. 2008; Ferreira Quadros et al. 2009).
This can be directly linked with species dispersal and recolonisation ability, and is
likely connected to wing development or aptitude for physical movement (e.g. Rink &
Sinsch 2007); which seems to also be true for arthropods other than carabids (e.g.
spiders, Bonte et al. 2003). For example, species with identical traits differing only in
habitat specialisation (e.g. forest specialists and forest generalists), can present
differences in spatially structured populations and genetic isolation (Brouat et al.
2003). Habitat specialisation also provides information on the type of response we
might expect from species. In general, habitat generalist species tend to be more
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resilient to habitat changes (Niemelä 1997; Koivula et al. 2002) and make better use
of habitat edges (Giffard et al. 2015). In the case of tyrphophile or tyrphoneutral
species, for example, they tend to be scattered across the bog landscape regardless
of microhabitat type (Bezděk et al. 2006). Bog specialist species (tyrphobionts), on
the other hand, tend to be more sensitive to changes in the landscape, management
or to habitat fragmentation (Niemelä & Spence 1994; Desender et al. 1999; Koivula
et al. 2002), and are often restricted to core peat habitats (Bezděk et al. 2006).
Food preference was also an FT differentiated between bog and restoration,
however it is likely and artefact of including forestry samples as the initial stage of
the PRC trend line. Figure 4.3.1C (left) shows that the proportion of specialist feeders
and generalist feeders is similar between R10-R18 treatments and bog. In the case of
forestry (R0) and R2 though, a higher proportion of specialist feeders is found. This is
likely explained by the etrophic specialisation within carabid taxa. Adult carabids,
seldom information is available for larval feeding preferences, are primarily
predators but also scavengers, feeding on a wide range of invertebrates such as
other insects, spiders, mites, harvestmen, earthworms, nematodes, millipedes and
centipedes, gastropods (slugs and snails), and also plant, algae and fungi material
(Davies & others 1953; Sunderland 1975; Dennison & Hodkinson 1983; Pollet &
Desender 1987). In some cases, feeding habits come as a result of morphological
specialisations (Evans & Forsythe 2009). For example, Carabus species and members
of the Cychrini tribe have hatchet-shaped mouth parts that identifies them as
specialist gastropod feeders. Carabus glabratus, the most abundant carabid in
Forsinard, overpowers slug defence mechanisms via overall body size (Tod 1973;
Ayre 2001) and attack strategy (Pakarinen 1994); whilst Cychrus caraboides, which
was found in discrete numbers throughout all treatments, has specialised mouth
parts for snail feeding (Thiele 2012), being able to retrieve prey from their shell.
Similarly, other species sampled are specialised Collembola (springtail) feeders, i.e.
Notiophilus biguttatus (Ernsting 1977; Bauer 1982). Nocturnal species such as those
primarily found in bog do not rely on visual orientation to capture prey; whereas
diurnal species such as Notiophilus, that possess morphological adaptations for
diurnal conditions, are able to prey on highly mobile species such as springtails
(Bauer 1985), usually more abundant in restoration treatments than in bog. These
accounts demonstrate that certain carabids have a tendency for food specialisation
(Hengeveld 1979), but factors such as prey availability, predator-prey dynamics,
carabid phenology, behaviour and hunger levels among others, make them virtually
polyphagous (Ernsting & Werf 1988; Symondson 2004), and thus feeding preferences
should not be overemphasised as a key trait in carabid communities.
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4.4.2 Taxonomic & Functional Diversity
In the past, species diversity was often equated with abundance and evenness
measures in an effort to better understand how local communities are assembled
from an available pool of species. In this study we aimed to combine both taxonomic
and functional approaches to get a better understanding of the role of carabid
species in bog ecosystems.
Despite the fact that no statistically significant differences between treatments were
found in taxonomic turnover, we have found contrasting tendencies that could still
be ecologically meaningful. We have observed high variation within treatments (i.e.
this was exemplified for species richness in the results), which may reflect differences
in habitat quality, physico-chemical parameters (some of which were not directly
measured in this study), and carabid species pools (available species for
recolonisation of new niches).
As in other conifer plantations (e.g. Butterfield 1997), carabid diversity and density
tends to be low in our forestry controls. Plantation age is not necessarily a good
indicator of carabid diversity, as even mature bog-planted conifer plantations have
lower carabid diversity (Finch 2005) than other type of plantations (Fahy & Gormally
1998). Often higher carabid diversity is found in younger plantations (Butterfield
1997), but an increase in forest specialist species can be found in mature stands
(Jukes et al. 2001).
Carabid composition and distribution can be affected by canopy structure, soil
organic matter and vegetation diversity (Humphrey et al. 1999; Jukes et al. 2001),
which has been progressively changing since restoration began via succession. Late
restoration (R18) offered lower carabid diversity that all other restoration treatments
and bog, due to the disappearance (although some remained in low density) of
species commonly found in mid-restoration treatments (L. terminatus, L. pilicornis, N.
salina, P. assimilis, T. obtusus). In addition, tyrphobiont and tyrphophiles species such
as A. fuliginosum, A. ericeti, B. quadripustulatum, are missing from R18. This could
indicate that R18 is moving towards a new threshold that would allow the habitat to
resemble more open blanket bog conditions. It could also indicate the habitat is
moving towards a new alternative stable state (that is striving away from the bog
reference and moving towards a new type of habitat). Evidence for this may also be
suggested by other research that has taken place in Forsinard and is discussed in
Chapter 7.
We would expect site differences in environmental parameters and habitat quality to
affect both eurytopic and stenotopic carabid species, as the former have a wider
operating range of conditions whilst the latter are restricted, per definition, to a
narrower range of environmental variability. Certainly from the composition of the
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carabid community we can extrapolate that eurytopic species are dominant, whilst
stenotopic species tending towards habitat specialism. For example, as was
suggested in Chapter 3 (Discussion), A. ericeti, a tyrphobiont species, can be highly
sensitive to changes in habitat quality. We can see how this would also affect the
species pool, delaying or perhaps diverting the restoration trajectory of formerly
afforested bogs in terms of desired species composition, ecosystem function or ES
(depending on the initial targets and objectives set for restoration).
Similarly to the taxonomic measures explored, none of the functional indices (SES
values) suggested changes in functional structure of forest-to-bog carabid
communities at treatment level. Once again, high variability was observed withintreatment, and when community dynamics were explored at that level, different
community dynamics emerged. Weak trends that could indicate environmental
filtering was observed in some restoration treatments for FRic (in one bog, one R12
and one R13 site) and FDiv (in another bog site); whilst a weak trend indicating
competition was observed for FEve (two bogs, one R11 site). However such weak
results could be the result of stochasticity rather than any consistent functional
pattern. The traits measured in this study were unable to identify microstructural
differences between treatments as they did not contain information regarding
species microhabitat preferences; although it could be suggested that multiple
interactions may influence combinations of traits that are not really reflected by the
indices used to illustrate the functional structure of the community. A further
possibility is that species turnover between sites had no influence on the functional
structure of the carabid community (Villéger et al. 2010). If the former, constraints in
trait availability and confounding factors in trait analyses can be difficult to overcome
without larger sample sizes. If the latter, perhaps the proximity of treatments and
the small size of the carabid community limits the statistical power of the analyses
performed.
Interestingly, all taxonomic measures were on average higher in late restoration
(Figure 4.3.2B), but FD measures did not follow similar trends (Figure A4.1). This
shows taxonomic divergence between the oldest restoration site and the target open
bog, perhaps as a result of a shift in the restoration trajectory of carabid
communities towards an alternative stable state. We do not have conclusive results
of the functional implications this might have in carabid communities, but we could
hypothesise that it could suggest a degree of functional redundancy between species
in late restoration as for instance, RLQ analysis did not identify specific trait
syndromes for R18 (Section 4.4.3). Although the decoupling of taxonomic and
functional turnover has been observed in Sphagnum-dominated European bogs
when examining plant diversity (Robroek et al. 2017), in our study it is more likely
that the wrong FTs were measured.
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4.4.3 Environment but not Traits Drive Carabid Species Composition
in Peatland Restoration
The functional aspect of carabid communities is further explored by the RLQ results,
testing the importance of environmental variables as drivers of composition of
carabid communities in forest-to-bog restoration. There are key environmental
variables that act as ecological filters of the taxonomic composition of carabid
communities, but they do not affect the community's functional components. A clear
gradient was observed from forestry to open blanket bog, where bog was primarily
influenced by habitat structure (vegetation such as Sphagnum, shrubs, grasses and
sedges) and distance to forestry; whilst forestry was primarily surrounded by other
damaged habitats, whether forestry or restoration. Although the variation of
restoration treatments was not reflected by the first two axes of ordination
considered, there is an indication that the restoration trajectory of carabid beetles
might not be moving towards the bog habitat objective. This suggests that further
management interventions might be required to correct the restoration trajectory
towards blanket bog. The results obtained here strengthen the results obtained in
Chapter 3, whereby vegetation, in the context of habitat structure, continues to have
a strong effect on carabid community composition. Additionally, RLQ identified the
distance to forestry habitats as a filter for carabid species, pointing to the need for
blanket bog to be in close proximity to restoration sites as recolonisation sources.
Although wing development is an important trait in carabids that shows clear
differentiation between treatments (bog carabids tend to be wing dimorphic, either
macropterous or brachypterous, whilst restoration carabids tend to be apterous or
macropterous), it is not a filtering trait in afforested bogs. Due to the high
specialisation of tyrphobionts, dispersal power might not be a key trait since niches
will be available for specialised species, and perhaps seasonal within patch dispersal
is sufficient for those species (e.g. Främbs 1994). We measured wing dimorphism for
all carabid species identified in this experiment, and we found that of the six species
considered dimorphic in the literature (Table A4.1), four were observed to be
brachypterous and two were macropterous. This means that the same proportion of
species were observed per category when using measured and literature wing types
(Table 4.2.1A), but both long and short-winged species would be found in the same
proportion (35%), and apterous species would be 25%, instead of macropterous
species being the least represented group (Table 4.2.1A). Wing development is a
plastic traits in carabids (Lövei & Sunderland 1996), and wing dimorphism is a
widespread phenomena (Lindroth 1979). Some species display genetic inheritance in
wing development, though others display environmental filtering, e.g. temperature,
food availability (Aukema 1995), or even landscape filtering (e.g. grasslands,
Hendrickx et al. 2009; Wamser et al. 2012). Wild populations show variation in the
frequency of long/short-winged individuals (den Boer et al. 1979), but there is
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evidence that aging populations have a larger proportion of macropterous individuals
(Den Boer 1970), and even differences in body dimensions between long and shortwinged individuals of the same species (Aukema 1991). This difference in phenotypic
plasticity between long and short-winged individuals is of evolutionary importance
because it results in temporal and spatial differences in dispersal ability, even
different dispersal strategies (Aukema 1990). This would be particularly relevant for
tyrphobiont and tyrphophile carabid species, especially if their dispersal potential is
under environmental control, that is, dictated by habitat quality (Aukema 1995).
Aukema (1990) suggests that, under comparable stable conditions, genetically
inherited wing development (fixed system) will lead to a rapid decrease of
macropterous genotypes and dispersal potential, although more open niches are
available for colonisation between sites. When wing development is controlled by
the environment (dynamic system), there is more flexibility for long-term within site
colonisation strategies (Aukema 1990). Following Aukema's hypotheses,
tyrphobionts tend to be brachypterous, suggesting a dynamic system where certain
environmental factors control wing development, whilst the presence of
macropterous species in restoration may indicate a fixed system where wing
development is inherited but a changing environment offers the possibility of
colonising new niches.
It is likely that the FTs used in this study were not adequate to identify differences
between habitats with regards to carabid traits. Carabid distribution (and associated
traits) can also be influenced by biotic factors, such as prey availability, that are not
encapsulated in the traits used. For example, feeding preferences are shown to be
characteristic of habitat type (Figure 4.3.4B), and since most of the carabids here are
predators (only A. lunicollis is classified as a herbivore species, but was not used in
functional analyses), their distribution could be strongly influenced by prey
availability (Bryan & Wratten 1984).

4.4.4 Limitations of the Study & Recommendations for Future
Research
The global significance of the test does not deem these results significant.
Considering that we only used 18 carabid species in our analysis, we might have a
far too small sample size, because this testing approach controls well for Type I
errors, but it has reduced power (>0.40) for datasets with low numbers (30) of
species (ter Braak et al. 2012). This was yet unavoidable since bogs are notorious for
their relatively low species richness in comparison with other types of peatlands
(Batzer & Boix 2016). The Flow Country (Forsinard) is in a very northern geographical
location within UK under particular climatic conditions that create low-lying,
undulating or flat bog habitats similar to tundra (Lindsay 1988). Together with the
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cool and humid conditions with short and relatively warm summers, are probably
conditions too harsh for many arthropod species to adapt.
The carabid assemblage used in this study was fairly small (18 species). As we did not
have information for the arthropod diversity in this study site prior to the
experiment, we chose carabids were because they were one of the more diverse
epigeal arthropods found in other blanket bogs. However, in comparison with other
European bogs, Forsinard had a similarly low diversity of carabids (Spitzer & Danks
2006; Dapkus & Tamutis 2008; Brigić et al. 2017), even though naturally afforested
bogs tend to show higher carabid diversity (Nietupski et al. 2008), and therefore
blanket bog carabids were considered to be well represented by the assemblage
obtained.
Perhaps we could have chosen a different taxa for a trait-based approach, but it was
difficult to find a taxa diverse enough that could show a reliable relationship with the
restoration process. In general, blanket bog fauna tends to be comprised of
tyrphobiont and typrhophile species adapted to the extreme conditions of anoxia,
low pH and nutrient availability (van Breemen 1995), which inevitably restrict the
number of species and even taxa able to successfully establish populations. Since
there is an inherent limitation in the diversity of taxa that can be found in blanket
bog, working with a small assemblage was unavoidable in Forsinard, unless more
taxonomically challenging taxa had been used (Hopkins & Freckleton 2002; Pape et
al. 2009; Pires & Marinoni 2010). For example, we had considered using Araneae,
because tyrphobiont spider species have been described for other European bogs
(Schikora 1994; Relys et al. 2002), they can be useful indicators of habitat
disturbance (Haase & Balkenhol 2015), and FTs are available for many species. During
sampling, we observed that they were very diverse and distinct assemblages seem to
be found across the restoration gradient; however, spider taxonomy can be very
challenging (Cardoso et al. 2004), and we would have been unable to process all
samples within the project timescale if this had been the focal taxa for FTs.
We believe that the lack of significant results between carabid traits and
environment steams from some of the limitations in the use of FTs that have been
identified by other authors (McGill et al. 2006; Petchey & Gaston 2006). Firstly, we
did not find any other studies using a similar trait-based approach in blanket bog,
hence missing ecological performance traits that were of particular interest for
carabids in this type of habitat. Information regarding species habitat guild or
microhabitat preference is only available for certain species, i.e. we only found one
paper detailing the microhabitat use of carabid assemblages in a Swedish raised peat
bog (Främbs 1994). Thus, this type of FT information was not readily available in the
published literature, or in the cases where it was, sourced from too far away from
the UK. This is perhaps why sometimes FT studies resort to the use of the best fitting
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available traits (e.g. Bishop et al. 2015). Secondly, individual movement and
dispersal of carabid beetles has been extensively studied in agricultural environments
(e.g. Holland & Luff 2000), but is not well understood in other type of habitats (e.g.
Forests Perry et al. 2017). It is known that species movement varies according to the
type of habitat, and in favoured/unfavoured habitat patches within habitats.
Activity/density can be difficult to directly compare in different types of habitats, and
the few studies that have considered individual movement in animals are often
limited by detection rate of dispersal individuals (Squire & Newman 2009).
Microhabitat preferences of carabid species are strongly influenced by their feeding
preferences (e.g. Kamenova et al. 2015). Unfortunately, the specific food required by
each carabid species is not well known, carabids have traditionally been classified as
generalist predators, but a range of feeding preferences is known for this taxa (Lövei
& Sunderland 1996). In fact, many carabids are known to be opportunistic species
that feed on carrion (Ferrante et al. 2017), or aggregate according to prey availability
(Bryan & Wratten 1984). Thus, uncertainty in the use that blanket bog species make
of the microhabitat, how they may perceive it and move through it, what type of
food they favour, makes it difficult to gather the right collection of FTs that can
reveal the relationship between species FTs, blanket bog habitat and characteristic
environmental conditions.

4.4.5 Conclusions
This chapter, together with Chapter 3, offers some evidence that key habitat
characteristics ought to be achieved for the restoration of open blanket bog
arthropods communities, and specific species traits are associated with bog.
Although trait-based approaches have proven to be a useful tool to better
understand community assembly rules and the species role in ecosystem functioning,
the traits measured in this study failed to do show any linkages between carabids
and the restoration gradient. This is likely due to scarcity in the information available
for blanket bog carabid functional traits, a supposedly well-known taxa, both in the
UK and peatland habitats. A functional approach has, nevertheless, provided an
indication of what type of trait syndromes might be relevant for carabid bog
assemblages, mainly driven by wing development, habitat specialisation and diel
activity. The prevalence of Sphagnum cover in bog also suggests that this type of
vegetation engineers the microforms (hummocks, hollows, lawns) providing moisture
gradients and microhabitats only suitable for tyrphobiont and tyrphophile species.
Further research involving carabid microhabitat preference and bog habitat use
should provide the FTs required for a better understanding of how restoration
influences carabid communities.
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Figure A4.1. Functional diversity measures. From left to right: functional richness (Fric), functional divergence (Fdiv), functional evenness (Feve)
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Wing Development
Measured
Literature Category

Species
A. ericeti
A. fuliginosum
C. glabratus
C. problematicus
C. caraboides
D. globosus
L. pilicornis
L. terminatus
N. biguttatus
N. germinyi
N. salina
P. adstrictus
P. assimilis
P. diligens
P. niger
P. nigrita/rhaeticus
T. obtusus

Brachypterous
Brachypterous
Apterous (fused elytra)
Apterous (fused elytra)
Apterous (fused elytra)
Apterous
Macropterous
Macropterous
Brachypterous
Brachypterous
Macropterous
Macropterous
Apterous
Brachypterous
Macropterous
Macropterous
Apterous

Dimorphic
Dimorphic
Apterous/Brachypterous
Apterous/Brachypterous
Apterous/Brachypterous
Apterous/Brachypterous
Macropterous
Dimorphic
Dimorphic
Macropterous
Macropterous
Macropterous
Apterous/Brachypterous
Dimorphic
Macropterous
Dimorphic
Apterous/Brachypterous

Table A4.1.Wing development in carabid beetles. For each carabid species, wing
development was measured in the same specimens where morphological measures were
taken (left); whilst for trait analysis the coding followed matched that found in previous
literature for Scottish carabids (right, e.g. Ribera et al. 2001).

Site
B2
B5
B6
B7
B8
TA98-1
TA98-2
TA98-3
TA98-4
IM03
RA03-1
RA03-2
RA03-3
CL04-1
CL04-2
IM04
TA04

FRic
0.50
0.21
-0.74
2.73
1.68
-0.51
0.14
-0.86
-0.92
2.58
-0.91
-0.78
-0.89
1.83
-1.07
0.36
-0.98

FD Indices (SES)
FDiv
FEve
2.38
-1.12
1.88
-0.63
0.42
-0.27
2.75
-0.37
-0.26
0.47
-0.21
-0.84
-0.43
-0.32
0.46
-1.09
-0.64
-0.51
-0.51
-0.25
0.32
-0.17
-0.13
-0.41
0.43
-0.16
-0.72
0.01
0.46
-1.02
-0.50
0.72
-0.61
-0.41

FDis
-0.92
-0.84
0.51
-1.04
-0.36
-0.04
0.82
-0.45
-0.35
-0.05
0.15
-0.86
-0.88
1.88
-0.83
-0.10
-0.49

FRic
0.318
0.360
0.693
0.014*
0.060
0.660
0.445
0.751
0.814
0.015*
0.824
0.805
0.751
0.077
0.858
0.282
0.825

p-values
FDiv
FEve
0.976* 0.010*
0.885 0.030
0.181 0.317
0.967 0.006*
0.562 0.588
0.404 0.560
0.173 0.640
0.619 0.314
0.571 0.728
0.396 0.675
0.386 0.394
0.970 0.598
0.859 0.343
0.060 0.766
0.859 0.318
0.351 0.677
0.596 0.726

FDis
0.891
0.676
0.589
0.622
0.309
0.813
0.566
0.916
0.663
0.531
0.522
0.701
0.488
0.393
0.862
0.202
0.608
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CL05-1
CL05-2
LE05
TA05
LE06
RA06-1
RA06-2
RA06-3
DK1
DK2
DK6
DK7
F3
F5
F6
F7
F8

-1.21
-0.72
-0.06
-1.03
-1.22
-0.10
-1.29
0.10
0.91
0.78
1.05
1.21
1.29
0.67
1.30
1.02
0.88

2.45
0.36
0.56
-0.14
-0.05
0.66
-0.25
-0.27
-1.12
0.43
-0.84
-1.11
0.42
-1.25
-0.61
-0.42
-1.62

-0.16
0.08
0.16
0.12
-0.68
-0.59
-0.16
-0.79
-0.68
-0.21
-0.76
0.45
-1.32
-0.74
-1.22
0.70
-1.16

1.54
-0.45
-0.30
-0.62
-0.23
-0.35
0.20
0.32
0.52
-0.25
-0.52
-0.62
-0.54
-0.36
-0.31
1.50
1.89

0.857
0.914
0.407
0.892
0.883
0.482
0.892
0.336
0.214
0.258
0.146
0.133
0.084
0.245
0.096
0.125
0.177

0.054 0.007*
0.535 0.372
0.455 0.282
0.740 0.553
0.525 0.538
0.516 0.257
0.287 0.571
0.226 0.591
0.196 0.876
0.504 0.355
0.653 0.786
0.759 0.875
0.653 0.346
0.584 0.891
0.549 0.712
0.093 0.607
0.041 0.968

0.544
0.453
0.383
0.411
0.756
0.727
0.490
0.825
0.758
0.505
0.753
0.238
0.961
0.756
0.907
0.270
0.895

Table A4.2.Table for SES FD valuesper site.FRic - functional richness; FDiv - functional
divergence; FEve - functional evenness; FDis - functional dispersion.Standardised effect
sizes (SES) are provided for each FD index and calculated as: SES=(obs-mean(null))/sd(null),
where obs are observed index values and null are randomly simulated index values (999
repetitions).* indicates significant p-values for a two-tailed test testing for SES values
larger (above 0.975) or lower (below 0.025) than expected when comparing our observed
values with the values obtained with the null distribution.
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CHAPTER FIVE
MOTH RESPONSES TO BOG RESTORATION
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5.1 INTRODUCTION
The wildlife found in bogs are often considered climax communities formed as a
result of the infilling of water bodies in humid and cold climates (Klinger 1996), and
the widespread colonisation of, primarily, Sphagnum mosses (van Breemen 1995).
Peat bog habitats are often fragmented by surrounding land use into biodiversity
habitat islands (Spitzer et al. 1999), also referred to as internal microhabitat diversity
(Desrochers & van Duinen 2006). These can develop isolated for hundreds of years,
potentially leading to the high specialisation of plant and animal species. The animal
species found in bogs can display varying degrees of affinity with the habitat (tyrphonature, Glossary), with the same species even displaying geographical differences in
their affinity to bog (Spitzer & Danks 2006). In central and eastern Europe it has been
found that anthropogenic activities often affect abundance of tyrphobiont species in
peat bogs in favour of tyrphophile and tyrphoneutral species, but the latter also
seem to utilise remnant peat bogs as refugia (Spitzer & Danks 2006). Tyrphobionts
can be abundant in peat bogs, but by definition they are restricted to these types of
habitats, with some evidence that some of these species have poor dispersal ability
(e.g. the carabid beetle Agonum ericeti, (De Vries & Den Boer 1989)). Hence, impacts
such as drainage and habitat fragmentation are likely to lead to the replacement of
tyrphobionts by tyrphophile or tyrphoneutral species via succession of vegetation
(Vepsäläinen et al. 2000).
There has been an increasing focus on invertebrates in the conservation
management of peatland habitats (van Duinen et al. 2003). In previous chapters we
have looked at the impacts of peatland restoration on above-ground arthropods,
with whole arthropod assemblages and carabid communities displaying similar
responses to the restoration of afforested bog. In this chapter, however, in order to
have a more holistic understanding of the effect of restoration in arthropod
assemblages, we focus on another arthropod taxa with different ecological
requirements to those displayed by carabids. Hence it has the potential to exhibit a
different response to restoration. The species-poor nature of peat bogs complicates
the choice of study taxa (Desrochers & van Duinen 2006; Batzer & Boix 2016), but
insects tend to be the most abundant and well-adapted animal group to the
waterlogged and acidic conditions of peat bogs, with more tyrphobiont species
observed in flying insects than predominantly terrestrial insects (Spitzer & Danks
2006).
Within insect taxa, moths show relatively high species diversity in open blanket bog
assemblages, although this is a low diversity when compared to most other natural
habitats in the UK (Nick Littlewood pers. comms.). Moths have also shown strong
responses to restoration in other types of habitats (Pöyry et al. 2004; Lomov et al.
2006), hence differences between bog and other treatments would be expected. We
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chose this Lepidoptera subgroup because due to the phytophagous nature of their
diets, and the range of specificity and specialisation with regards to larval host plants,
moths tend to be strongly influenced by plant species composition (Littlewood et al.
2006), and so might provide a complementary response to restoration efforts when
compared to carabid assemblages that tend to be more influenced by vegetation
structure. Moths are a suitable taxon for open and closed habitat studies (Rákosy &
Schmitt 2011), are essential components in food webs as prey for many invertebrates
and vertebrates (Robinson & Holmes 1982; Kirkpatrick 2016), and are of great
importance for pollination (Devoto et al. 2011; Fox et al. 2013). They are easy to
sample and relatively straightforward to identify in the field, and due to the high
number of recorders in the UK (e.g. National Moth Recording Scheme), the ecology
of most species is well-known (Waring & Townsend 2013), and a recently updated
species checklist is available (Agassiz et al. 2015).
In the UK, moth populations display alarming declining trends in the south, even
within common and widespread species (Fox et al. 2013; Maclean 2015), but
declining species are balanced by increasing species in northern populations (e.g.
Scotland, Fox et al. 2013). Overall though, severe declining trends are observed in
recent decades for the UK. It is well known that moths have shown severe declines in
recent decades, both in the UK and elsewhere in Europe (Groenendijk & Ellis 2011),
including in protected areas (Hallmann et al. 2017). The major drivers suggested for
such declining trends are land use changes, habitat fragmentation, degradation and
loss, as well as climate change (Fox 2013; Fox et al. 2014). In the case of climate
change, both positive and negative impacts have been observed, e.g. increase in
abundance and diversity of immigrant moths, or ability for generalist species to
expand their natural range of occurrence (Sparks et al. 2005; Morecroft et al. 2009;
Fox et al. 2014), but also decline of local populations (Hunter et al. 2014).
Nonetheless, these studies have been conducted in grasslands, agricultural land or
broadleaf woodlands, with few studies investigating the impact of coniferous
plantations on moth abundance and diversity. It is known that in native forests,
felling practices disrupt moth communities (Summerville & Crist 2002; Summerville
2014), with the magnitude of disruption dictated by the type of timber extraction
method used (Summerville 2013). In commercially managed non-native conifer
plantations, clear-felling practices and the patch configuration of the felling
landscape (the number and extent of clear-felled areas and standing plantations)
have negative impacts on moth richness, abundance and diversity (Kirkpatrick 2016).
To the best of our knowledge, however, there seems to be a lack of studies
investigating moth responses to felling in non-native conifer plantations on
peatlands, including in the restoration of afforested blanket bog. For moth studies in
peatlands we could only find a general reference pointing to a reduction in the
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abundance of characteristic peatland moths after extensive conifer planting
(Ramchunder et al. 2009).
Moth taxa have been shown to be useful surrogates for arthropod richness or good
indicators of environmental change (Kitching et al. 2000; Conrad et al. 2006;
Morecroft et al. 2009; Fox et al. 2013)(Kitching et al. 2000; Conrad et al. 2006; Fox et
al. 2013), and disturbance (Summerville et al. 2004). When compared to butterflies,
moths tend to be more diverse in both species richness and habitat use, favouring
both open and closed habitats (Gerlach et al. 2013), and therefore provide a more
powerful Lepidoptera indicator (Ricketts et al. 2002). The moths associated with peat
bogs are considered relict communities (Bezděk et al. 2006), composed primarily of
tyrphobiont and tyrphophile species, and many species are highly stenotopic. Such
strong affinity between moths and peat bogs facilitates the use of moths as
indicators of peat bog quality (Spitzer & Jaros 1993; Spitzer et al. 1999; Dapkus
2000), and habitat stability (Bezděk et al. 2006), and thus they could also be used as
indicators of successional change in restoration progress.
In this experiment we investigated broad patterns of moth communities in response
to blanket bog restoration, and the type of affinity moth species display with blanket
bog. Specifically, we aimed to: 1) quantify changes in moth communities across the
restoration chronosequence; 2) explore how restoration treatments filter moth
communities and the affinity to blanket bog conditions displayed; and 3) identify key
traits (trait syndromes) for moths in blanket bog; We hypothesised that: 1) a nonlinear restoration trajectory would be expected for moth communities, expecting a
reduction in abundance of moth species associated with conifers once trees are
felled, and increasing presence of more bog characteristic moth species as vegetation
succession takes place; 2) moth species would be distributed in the landscape
according to their affinity to blanket bog habitats. Tyrphobiont species would be
expected to be found primarily in core bog habitats, whilst tyrphophile species could
be found in core peat but would not show high preference for this type of habitat.
Tyrphoneutral species would likely behave as habitat generalists; 3) due to the
differences likely to be present between treatments in terms of microtopography
and plant species composition, suits of moth functional traits associated with bog
habitats should emerge, and would be expected to relate primarily to habitat
preference (degree of habitat openness) and vegetation related to the type of
habitat.
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5.2 MATERIALS & METHODS
5.2.1 Study Design
The description of the study site is detailed in Chapter 2 (Section 2.2.1).
Unlike the forest-to-bog design in carabids (Chapter 6), moth trapping sites were not
matched in terms of peat depth, topography, aspect and other physical parameters.
Although there are slight differences in the methods used for restoration
management, as not all restoration plots sampled correspond to the same
treatment, the main objective of sampling was to maximise spatial replication across
the chronosequence, to look at broad patterns of moth distribution across the
landscape and how these relate to the time elapsed since the onset of restoration
management. The number of trapping nights and the pool of sites sampled gradually
decreased from the first to the fourth year of sampling due to access restrictions.
Thus, the same sites could not be re-sampled year after year, and the overall number
of replicates per restoration age class varied, with a total of 13 restoration classes
(time since restoration began) across the study. For sites that were sampled more
than one year, the age class is updated accordingly, for instance a site that was
sampled three years post-restoration (R3) in 2013, has been sampled four years postrestoration in 2014 (Table 5.2.1A). Due to the uneven number of replicates per age
class, these were aggregated into two categories: younger restoration (R3-R9, 43
replicates) and older restoration (R10-R18, 41 replicates). In this case, replicates are
equivalent to trap-nights.

Year

Treatment

Age Class

No. Samples

Bog
Forestry

R3
R7
R8
R9
R10*
R11*
R15*
R4
R8
R9
R10*
R11*
R12*

18
18
3
8
4
8
8
2
3
17
16
2
7
4
8
6
2

2013
Restoration

Bog
Forestry
2014
Restoration
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Bog
Forestry
2015
Restoration
Bog
Forestry
2016
Restoration

R16*
R5
R9
R10*
R12*
R11*
R12*
R13*
R18*

2
10
10
2
5
2
1
7
7
3
1
2
1

Table 5.2.1A. Experimental design for moth trapping at Forsinard. Bog, forestry and
restoration treatments were simultaneously sampled over four consecutive years between
July and August. Age class represents time since restoration began. Age classes in bold
indicate younger restoration; age classes with a * indicate older restoration.

Vegetation data was not available for moth sampling points. A general description of
treatment type vegetation is provided in Chapter 2 (Section 2.2.1) and is used in the
discussion (Section 5.4) to provide linkages between moth larval feeding stages and
broad patterns of adult moth distribution.

5.2.2 Moth Sampling with Moth Traps
Trapping was carried out with moth traps, which sample relative moth activity
(Chapter Methods, Section 2.3.2). Sampling was carried out from 2013 to 2016 in July
and August, as a higher abundance of moths is typically recorded by light traps in
northern Scotland during that period (BC 2009). Traps were set simultaneously from
dusk to dawn in restoration plots, forestry and open blanket bog treatments. In 2013
and 2014, four traps were set each night: one in bog, two in different restoration
plots and one in forestry; whereas in 2015 and 2016 only one trap was set for each
treatment. Traps only run for a single night and were fitted with a solar switch that
caused the bulb to come on only in the dark. They were retrieved the following day
within one to one and a half hours after dawn in 2013-2014, and two to two and a
half hours in 2015-2016. Presumed trap malfunctions were recorded throughout 51
trapping nights, equivalent to a total of 186 moth traps across the four years of
trapping, e.g. battery failed and/or bulb stopped working during the night. Of the 186
traps set , 11 (5.8%) were recorded as malfunctions.
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Specific trap locations within-treatment were chosen at random, but at least a
minimum distance from the habitat boundary was considered in order to minimise
sampling in areas where hydrology was altered by tracks, and to reduce the number
of wanderer moths flying in from adjacent areas. This would minimise the probability
of sampling species from areas that were not regarded as the type of treatment
targeted by the moth trap. This distance was at least 50 m away from the habitat
boundary in forestry and restoration, and at least 100 m from the habitat boundary
in open blanket bog. Thus, corresponding with Merckx & Slade (2014), most of the
moths caught in these traps were assumed to have been flying within the treatment
being sampled at the point at which they became attracted to light. We consider that
species crossover, such as the presence of conifer-feeding moths in bog traps,
reflects species mobility. Therefore, highly mobile species, or those with high
dispersal capability, are not entirely restricted in their flights to habitats containing
larval foodplants. The total number of unrepeated/unique sites sampled in 2013 was
61 (18 trapping nights), 59 sites were sampled in 2014 (16 trapping nights), 29 sites in
2015 (10 trapping nights), and 21 sites in 2016 (7 trapping nights).
Across the four years of the study over 65 trapping nights, 170 trapping sites were
sampled, with some sites sampled more than once throughout the years (Figure
5.2.1A). On each night of sampling, traps were set in specific forestry-bog-restoration
combinations aiming not to repeat sampling the same site two nights on a row. If a
new combination of treatments was not available for logistical reasons, a point
sampled at least 24 h previously was used instead. In this study only macro-moths,
with the exception of pugs (F. Geometridae, SbF. Larentiinae, 12 specimens in total),
were used for final analyses. Pugs were excluded because some of the species were
only identified to genus in 2015 and 2016, limiting the accuracy of the dataset
obtained in the previous two years. All macro moth species found in or on the traps
were identified in situ and released when possible, although some specimens were
collected for later identification in the laboratory. Species were identified using
(Townsend et al. 2010), Waring & Townsend (2013) and (Manley 2015), and the
nomenclature follows Agassiz et al. (2015).
Moth relative activity, referred to as abundance in the dataset, represented the total
number of individuals trapped in a single trap per night, whether resting inside or
outside the trap walls or plexiglass cover. In order to account for potential biases in
the experimental design (Introduction, section 1.4), identical traps were run on the
same night so that bias related to different weather conditions between treatments
on the same night would be minimised (Holyoak et al. 1997). Sampling across four
consecutive years would provide a reasonable estimation of local moth assemblages,
and we aimed to maximise coverage of spatial variation across the sites.
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5.2.3 Moth Functional Traits
Moth functional traits thought to influence species distribution and habitat affinity
(e.g. dispersal, phenology, resource use) were selected from the literature available,
primarily using Waring & Townsend (2013), Manley (2015) and (Money 2017). Host
plant family was obtained from Robinson et al. (2010). Traits were selected a priori
(e.g. Spake et al. 2016, Chapter 2, Section 2.5), and we aimed to obtain moth traits
adhering to the M-P-P-E (morphological, phenological, physiological, ecological
performance) functional framework (Fountain-Jones et al. 2014), but this was not
always possible. For most traits, data for Scottish moths were available, but in the
case of host plant we were guided by British trends. Additionally, moth family and
subfamily were also considered as traits due to the different response observed
between moth families when used as bioindicators (e.g. Summerville et al. 2004).
In total, 11 moth functional traits were used (Table 5.2.3A): 2 morphological traits, 2
physiological trait, 4 phenological traits and 2 ecological performance traits.
Categorical FTs were fuzzy coded (Chévene et al. 1994) by assigning a column to each
trait attribute (e.g overwintering shows four attributes or categories: egg, larva, pupa
and absent. This fuzzy coding was applied for community weighted means in
redundancy analysis (RDA).

5.2.4 Ancillary Data
For this experiment two variables were used, Julian day and distance to forestry stands, for
which further details regarding measurement can be found in Chapter 2, Table 4.2A.
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Figure 5.2.1A. Moth trapping sites in RSPB Forsinard Flows. Spatial replication was achieved by sampling available treatments across different
areas of the reserve. Purple triangles indicate blanket bog, orange triangles restoration, and green triangles forestry plantations.
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Larva Feeding
Period

Larva
Overwintering

SubFamily

Family

Forewing
Length

Wingspan

Functional Trait

- Erebidae
- Geometridae
- Hepialidae
- Lasiocampidae
- Noctuidae
- Ennominae
- Hadeninae
- Hepialinae
- Hypenodinae
- Larentiinae
- Noctuinae
- Pinarinae
- Plusiinae
- Xyleninae
- Egg
- Larva
- Pupa
- Absent
- Spring
- Summer-Spring
- Summer
- Spring-Autumn

NA

NA

Attribute

1.56
48.43
1.56
1.56
46.87
15.62
6.25
1.56
1.56
32.81
21.87
1.56
6.25
12.50
18.75
65.62
14.06
1.56
15.62
48.43
14.06
6.25

NA

NA

Proportion in
Community (%)

- F_Ereb
- F_Geom
- F_Hep
- F_Las
- F_Noc
- SbF_Enn
- SbF_Had
- SbF_Hep
- SbF_Hyp
- SbF_Lar
- SbF_Noc
- SbF_Pin
- SbF_Plus
- SbF_Xyl
- O_egg
- O_larva
- O_pupa
- O_absent
- LF_SP
- LF_SU.SP
- LF_SU
- LF_SP.AU

FW

WS

Code for
Analysis

Phenological

Phenological

Phylogenetic

Phylogenetic

Morphological

Morphological

Functional Trait
Type

Microhabitat
Use

Microhabitat
Use

use,

Use,

Resource

Resource

Dispersal, Resource Use

Dispersal Capability

Dispersal Capability

Dispersal Capability

Main Fitness
Links
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Host Plant
Family

Habitat
Preference

Distribution

Adult Flying
Period

3.12
6.25
6.25
70.31
12.5
12.5
4.68
81.25
15.62
3.12
3.12
48.43
34.37
9.37
4.68
1.56
1.56
1.56
1.56
1.56
1.56
1.56
9.37
1.56
1.56

- Spring-Summer
- Autumn-Spring
- Autumn-Summer
- Summer
- Summer-Autumn
- Spring-Summer
- Spring-Autumn
- Common
- Local
- Scarce

- Bog
- Open habitat
- Open & Closed-Habitat
- Conifer
- Woodland

- Betulaceae-Ericaceae
- Campanulaceae
- Caprifoliaceae
- Cruciferae
- Cyperaceae-Gramineae
- Cyperaceae-Juncaceae
- Dennstaedtiaceae
- Ericaceae
- Ericaceae-Rosaceae
- FilicopsidaDennstaedtiaceae

- HF_Bet.Eri
- HF_Camp
- HF_Cap.Urt
- HF_Cruc
- HF_Cyp.Gram
- HF_Cyp.Jun
- HF_Den
- HF_Eri
- HF_Eri.Ros
- HF_Fil.Den

- HP_bog
- HP_open
- HP_both
- HP_con
- HP_wood

- LF_SP.SU
- LF_AU.SP
- LF_AU.SU
- AF_SU
- AF_SU.AU
- AF_SP.SU
- AF_SP.AU
- D_com
- D_local
- D_scarce

Phenological

Resource Use, Habitat Use

Microhabitat Use

Vulnerability

Ecological
Performance

Ecological
Performance

Habitat Use, Resource Use

Phenological
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18.75
1.56
1.56
1.56
7.81
1.56
28.12
3.12
6.25
1.56
1.56
1.56
1.56

- HF_Gram
- HF_Gram.Jun
- HF_Gut
- HF_Lab
- HF_Pin
- HF_Pin.Fag
- HF_poly
- HF_Ros
- HF_Rub
- HF_Rub.Prim
- HF_Sal.Bet
- HF_Sal.Eri
- HF_Scro

Table 5.2.3A. Summary of the 11 moth functional traits used for community weighted means (Robinson et al. 2010; Waring & Townsend 2013;
Manley 2015; Money 2017).

- Gramineae
- Gramineae-Juncaceae
- Guttiferae
- Labiatae
- Pinaceae
- Pinaceae-Fagaceae
- Polyphagous
- Rosaceae
- Rubiaceae
- Rubiaceae-Primulaceae
- Salicaceae-Betulaceae
- Salicaceae-Ericaceae
- Schrophulariaceae

5.2.5 Data Analysis
Principal response curves (PRC, Van den Brink & Braak 1999) were used to explore
the restoration trajectory of moth assemblages with restoration blocks of different
ages acting as space-for-time substitution. The space-for-time substitution approach
assumes that spatial and temporal variation are equivalent using the interaction
between treatment and time (explanatory variable), a particularly useful approach in
cases where long-term studies of individual sites are not feasible. Open blanket bog
was used as the baseline, whilst forestry was used as the first point of the restoration
trajectory (t=0 years since restoration), and all restoration age classes (R3, R4, R5, R7,
R8, R9, R10, R11, R12, R13, R15, R16 and R18 - the number indicating years sin the
onset of restoration management) were the response treatments over time. The
significance of the PRC was assessed by a Monte Carlo test with 999 permutations
(ter Braak & Šmilauer 1998). The response variables, species scores, were log
transformed and also displayed on the right of the PRC diagram, reflecting the
influence of particular species on the overall moth community response described by
the PRC trend line. With bog as baseline, species above 0.5 in the axis display strong
affinity with restoration treatments, whereas species below -0.5 display strong
affinity with bog treatments. The sign of the species scores indicates the direction of
the changes in abundance, whereby species with high positive scores are positively
correlated with the PRC line (have increased in abundance over time); and negative
scores show a negative relationship (have decreased in abundance). Species with
near zero values show no preference for any treatment (Braak & Smilauer 2002). The
magnitude of the score reflects the size of the change, and can be quantified by
using the formula exp(species score*treatment score), which indicates the
magnitude of increase in abundance of the species between the baseline and the
treatment score used (van den Brink et al. 2009).
Redundancy analysis (RDA, vegan package Oksanen et al. 2007) was performed with
restoration age classes as an exploratory variable in order to explore the relationship
between moth communities and aggregated restoration age classes (younger and
older restoration). Julian day and distance to forestry were analysed as potential
covariates, as moth species found were inherently linked to the time of the year
sampling was conducted, and proximity to forestry might increase the proportion of
wandering forestry species in samples. Due to the uneven number of replicates per
age class, restoration was divided into younger restoration treatments (R3-R9), and
older restoration treatments (R10-R18), which gave an even number of samples for
each category. RDA ordination was also used with community weighted means
(CWMs, Petchey & Gaston 2006), a metric of functional community composition that
represents the diversity of traits present in a community, weighted by species
relative abundances. CWMs were calculated with the package "FD" (Laliberté et al.
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2015), and Hellinger transformed for ordination. Julian day was also used as a
covariate for the ordination of CWMs.

5.3. RESULTS
The dataset contains a total of 4,387 macro-moth specimens (2,311 in 2013, 859 in
2014, 518 in 2015 and 699 in 2016) belonging to 5 different families (Moth list, page
5). Of the 64 species of macro-moths recorded, the most abundant species in the
dataset was by a great margin Hylaea fasciaria (1209 individuals), followed by Diarsia
mendica (438 individuals), Lycophotia porphyrea (424 individuals), Colostygia
pectinataria (261 individuals), Diarsia rubi (227 individuals) and Gandaritis pyraliata
(211 individuals). All other moths were recorded in numbers below 200 individuals,
and 10 species were only recorded once. D. mendica, L. porphyrea, Apamea
monoglypha, H. fasciaria, D. rubi and Xestia xanthographa occurred in more than
50% of the traps sampled (Table A5.1). Of the 170 traps set, 5.88% failed likely due to
battery failure (2 traps in 2013, 4 traps in 2014, 1 trap in 2015 and 3 traps in 2016).
Separate ordination of each covariate indicated both variables were statistically
significant to explain variation observed in the data (Julian day: F=17.53, p=0.001;
Distance to forestry: F=8.06, p=0.001). However, a partial ordination showed that
more variation was explained by Julian day alone than by the combination of both
variables as covariates, and thus only Julian day was used as a covariate in final
analyses.

5.3.1 Restoration Trajectory
The PRC diagram shows the relationship between moth communities and restoration
age classes across the chronosequence, with the trend line (RDA 1 = 24.1%; F = 28.2;
p-value = 0.001) highlighting significant compositional differences between initial
restoration communities (t=0, forestry) and the bog baseline (Figure 5.3.1A).
Throughout the chronosequence, the communities of younger restoration
treatments (R3-R9) quickly resemble the bog community within a few years following
onset of restoration (R3); but also quickly diverged again from bog communities,
fluctuating around the bog baseline value. Older restoration moth communities (R10R18) display smoother fluctuations that are smoother and closer to the bog baseline
than in younger treatments.
Using the Hellinger transformation on moth abundances offers similar results (Figure
A5.1).
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Figure 5.3.1A. PRC for the restoration trajectory of moth assemblages. They Y axis
represents the PRC scores at each restoration age class; the X axis represents the time since
restoration began (t in years). Open blanket bog (baseline) is the grey line; restoration is
the solid black line; forestry (unfelled conifer plantations) is the first point of restoration
(t=0). Only best fitting species are shown. Species codes are displayed in the moth
nomenclature table on page 5.

When looking at species scores, only one species is strongly associated with bog
habitats, L. porphyrea, which slightly increased slightly in abundance in the 18 years
since restoration began (Table A5.2). In contrast, three species displayed high affinity
with restoration treatments, H. fasciaria, C. pectinataria, andAbraxas grossulariata,
decreasing in abundance throughout the chronosequence. The decrease in species
abundance was particularly sharp for H. fasciaria, a conifer-related species that
looses habitat as plantations are being felled, but more moderate for the others
(Table A5.2).

5.3.2 Relationship between Moth Communities and Treatment
The RDA biplot shows a clear differentiation between forestry, bog and restoration
treatments (RDA1=17.2%, p=0.001; RDA2=4.1%, p=0.001), with the progression from
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XXA
DME
XDE CPE
CHA
CGR
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ECA

0.0

Ro

F
HFA

-0.5

LPO
B

-1.0

RDA2 (4.1%, p=0.001)

0.5

restoration to bog more associated with the second axis of the ordination (Figure
5.3.2A). The first axis shows a gradient from forestry to restoration/bog, where the
overlap between restoration and bog (slight intersection in early, larger in midrestoration) could suggest that there is a high proportion of tyrphophile and
tyrphoneutral species in the assemblage, which often increases after disturbance to
the detriment of tyrphobiont species (Spitzer & Danks 2006). However, it could also
be the result of species mobility in search of suitable habitat, partner or other
resources. The second axis shows a large overlap between younger and older
restoration treatments, which also share a great number of moths species.

-1.0

-0.5

0.0

0.5

1.0

RDA1 (17.2%, p=0.001)
Figure 5.3.2A. RDA diagram for moth assemblages. Treatments: F - forestry; B bog; Ro - older restoration; Ry - younger restoration. Species scores are shown in
Table A5.3. Species code names are shown in page 5.
Only L. porphyrea is correlated with bog, with its larval stages being associated with
Ericaceae plants. It is considered a tyrphophilous species in eastern European raised
bogs (Spitzer & Jaros 1993; Spitzer et al. 1999), but there is also evidence for
tyrphoneutral populations in peat bogs (Dapkus 2004b). A few further species were
more weakly associated with bog, due to the interaction between restoration and
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bog as they are found in both bog and restoration treatments: Apamea exulis, a
moorland species feeding on graminoids; D. rubi, a tyrphoneutral species that
favours damp and wet habitats; and Cerapteryx graminis, a tyrphophile frequently
found in moorland and other grassy habitats. Xanthorhoe designata, Xestia
xanthographa and D. mendica were tyrphoneutral species found in restoration, often
favouring damp and grassy habitats. Celaena haworthii seemed more closely
associated with mid-restoration. Its larvae feed on Eriophorum spp. and it is primarily
found in wet moorland habitats, although it has been classified as tyrphobiont in
Ireland (Flynn et al. 2016) and eastern Europe (Dapkus 2000). There is still a strong
presence of conifer-associated species in the ordination, particularly H. fasciaria,
Entephria caesiata and C. pectinataria. Their functional traits show that H. fasciaria
tends to be considered a tyrphoneutral species. It is particularly linked to conifer
species and is very abundant in Forsinard (1209 individuals caught in total). E.
caesiata is a tyrphophile moorland species that feeds on Ericaceae plants, whilst C.
pectinataria can be found in both open and closed habitats. Lastly, G. pyraliata is
common in northern Scotland (Money 2017), often occurring in grassy habitats.

5.3.3 Relationship between community weighted means and
treatment
In the case of community weighted means (CWMs), treatments display the same
interaction and direction of variation (RDA1=28.6%, p=0.001; RDA2=3.3%, p=0.001;
Figure 5.3.3A) as that found in moth assemblages in Figure 5.3.2A.
In bog, the trait syndromes identified were clearly related with a preference for open
bog habitat. The moth species associated with bog predominantly present host
plants of the Ericaceae family, such as Erica tetralix. Ericaceae plants are the only
feeding resource for the larvae of many tyrphobiont and tyrphophile species such as
L. porphyrea and Anarta myrtilli. Younger and older restoration treatments overlap
with bog, but in general they overlap more with each other. Older restoration and
bog were characterised by larger species belonging to the Family Noctuidae,
subfamily Noctuinae (e.g. Xestia xanthographa, X. baja, Lycophotia porphyrea), many
of which feed on grass roots and stems and overwinter in a larval stage. Younger and
older restoration treatments displayed moths traits for species occurring in both
open and closed-habitats, primarily noctuid moths belonging to the subfamily
Xylenidae such as Photedes minima and A. exulis, which feed on a wide range of
graminoid plants (grasses, sedges and rushes); as well as species such as C. haworthii
feeding on Cypereaceae sedges (e.g. Eriophorum vaginatum, E. angustifolium,
Trichophorum cespitosum) and Juncaceae rushes (e.g. Juncus spp.). Moth feeding
traits from species found in restoration also included species feeding on Rosaceae
plants (e.g. Potentilla spp.). Lastly, forestry habitats exhibited trait syndromes that
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include members of the family Geometridae, subamily Ennominae (e.g. H. fasciaria,
C. pectinataria, A. grossulariata) and subfamily Larentiinae (e.g. G. pyraliata, Epirrhoe
alternata, Dysstroma citrata), as well as species that feed primarily on conifers (trees
such as Picea sitchensis, Pinus contorta).

-0.6

-0.4

-0.2

0.0

0.2

0.4

0.6

RDA1 (28.6%, p=0.001)
Figure 5.3.3A. RDA diagram for moth CWMs. Treatments: F - forestry; B - bog; Ro older restoration; Ry - younger restoration. All functional trait scores are shown in
Table A5.4. Species code names are shown in page 5 (Moth Nomenclature).

5.4 DISCUSSION
5.4.1 Rapid Convergence of Moth Assemblages in Restoration of Afforested
Bog?
This study shows a rapid, albeit brief, convergence within three years of restoration
of moth communities with those typical of open blanket bog. However, fluctuations
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are lower in magnitude towards older restoration treatments, perhaps suggesting
that these restoration sites are providing more suitable conditions for moth species
that normally occur in bog, thus beginning to settle in restoration habitat. Yet, typical
moth restoration communities persisted, fluctuating around more bog resembling
communities. These fluctuations observed around the bog baseline value might be
due to natural variation in moth community species composition and abundance.
Time since restoration could be a strong short-term driver of restoration in blanket
bog moth communities. The reassembly process started by the removal of a closed
habitat (and subsequent drain-blocking) might be enough to initiate the recovery of
characteristic bog moth communities. Rapid recovery after peatland restoration has
been found in other flying arthropods such as Diptera (Taillefer & Wheeler 2013), but
it is not necessarily always the case for flying arthropods as they might have different
requirements associated with their life cycle in comparison to non-flying arthropods.
For example, Odonata spend their larval stages in water, which illustrates significant
rewetting has to be achieved in order for these species to recolonise the habitat (Elo
et al. 2015), and that is not the case with this type of restoration management
(Gaffney 2017). Rapid recovery of moth assemblages has been found in the
restoration of afforested boreal (Finnish) mires (Noreika et al. 2015), where via the
application of ditch infilling and partial tree removal, tyrphobiont moths displayed a
positive response to Sphagnum cover and low number of tall trees. These are
naturally afforested bogs, contrasting with the treeless nature of open blanket bog in
Forsinard. Although we did not collect detailed vegetation and environmental data
for moths, we can hypothesise that some of the key thresholds for moth species
could be habitat connectivity and plant diversity, since their life cycles are strongly
linked to their host and food plants. In other words, habitat fragmentation and
quality (Fahrig 2003), and species functional traits (Nichols et al. 2013), could be
more important thresholds than restoration time for open blanket bog moth
communities.
Above all, the landscape matrix of open bog-restoration-forestry found in Forsinard,
as well as the internal patch configuration of blanket bog (macro- to microtope level,
Glossary), which might have been affected by habitat fragmentation, are likely to
influence the composition of moth assemblages. Peatland taxa are often distributed
across marked ecological gradients such as moisture and vegetation (Desrochers &
van Duinen 2006). Afforestation originally disturbed the blanket bog by fragmenting
the core peat habitats, lagg margins and other peatland macrotopes, potentially
affecting the diversity of microhabitats found, which frequently increases with the
size of the peatland (e.g. Nilsson 1986; Calmé & Desrochers 2000). Tree felling
immediately caused a response in moth species linked to conifers, such as H.
fasciaria, decreasing almost 30 times in abundance, and as restoration progressed
other moths that tend to occur there also declined (Figure 5.3.1A). However, the only
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tyrphophile species we were able to identified, L. porphyrea, experienced a very
slight increase in abundance across the chronosequence (Table A5.2), which could
point to underlying restoration issues linked to habitat, failing to begin to recreate
the diversity of bog microhabitats even after 18 years since restoration began.
In the restoration of afforested peatlands, regardless of the particular management
applied, felling of trees and blocking of drains are universal actions that create
habitat openness and raise the water table in the short-term. The removal of conifer
species and subsequent opening of the habitat is likely to remove resources for
conifer-related species (exemplified by the sharp decrease in abundance of H.
fasciaria), as much as to attract open habitat (but not necessarily bog) species. The
raising of the water table perhaps attracts more indirectly those species whose life
cycles are linked to vegetation succession (species composition), but it is unlikely that
water table level has a direct effect on moth taxa since their larval stages are not
largely dependent on water, unlike some other taxa (e.g. Odonata). The use of
restoration techniques that achieve more rewetting than felling to waste (enhanced
management for example, Chapter 6) could be detrimental for the overwintering
survival of some moth species if the ground is flooded for prolonged periods (Joy &
Pullin 1999), but there is no current evidence for this in Forsinard. There might be,
however, an indirect effect, as moth species are closely associated to vegetation
composition, which is highly dependent on the water table depth (Labadz et al. 2010,
General Discussion Section 7.2).
Although a large number of tyrphobiont moths has been found in European peat
bogs and mires (e.g. Dapkus 2000, Noreika et al. 2015), only L. porphyrea shows
potential to be a core peat bog species in Forsinard. However, the configuration of
the landscape matrix might have influenced moths via dispersal ability, degree of
mobility or habitat preference; as well as species-specific behaviour and attraction to
light. These, though, were not parameters our experimental design was able to
address as we focussed more on broad patterns of distribution. A larger proportion
of habitat generalists has been observed as a response to felling disturbance in other
conifer plantations (Kirkpatrick 2016), and our moth communities also tend to
display a high number of generalists. A low presence of tyrphobiont moths could be
reflecting the lack of specialists in Forsinard's assemblages due to the small pool of
species generally present, as for instance we only found one tyrphobiont carabid, A.
ericeti (Chapter 3). However, it could also be due to the fragmentation of core peat
habitat, leading to loss of habitat quality and also characteristic bog plant species.
Fragmentation might result in the decline or extinction of tyrphobiont and
tyrphophile species that would not be then able to act as recolonisation sources for
restoration treatments. The size of the treatment, coupled with species mobility,
would also be expected to dictate the willingness of species to cross unsuitable
habitat patches in search of food resources or a mating companion. Moths could be
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using marginally suitable habitat as "stepping stones" to cross the landscape.
Additionally, it is also possible that the specific techniques used for restoration,
which was not considered as a variable in this study, had an effect for moth taxa.
Overall, Forsinard moths communities are dominated by habitat generalists and
open ground species in older restoration areas, which suggests a potential for a shift
towards more open ground moth communities.

5.4.2 Habitat Type Affinity in Moth Species
The results observed in the first axis of the RDA support the general PRC trend in
showing a shift with time along the chronosequence from communities dominated
by closed-habitat moths, to communities dominated by habitat generalist species
that tend to favour open ground habitats. There is a clear differentiation between
forestry and restoration/bog assemblages, mainly due to the strong association of
moths with vegetation structure and composition (Kremen et al. 1993; New et al.
1995). Perhaps the reason why both types of restoration overlap considerably is the
broad definition given to restoration treatments in particular (younger and older
restoration). However, both younger and older restoration treatments display similar
moth species that include conifer, open ground and generalist habitat species (e.g.
Xestia xanthographa and and Celaena haworthii; Diarsia mendica and Xanthorhoe
designata). If we interpret the PRC line in the context of these ordination results, we
can see how moth communities are moving towards bog-like communities, but the
presence of conifer and generalist species might be slowing the process down even
after 18 years since restoration began. Perhaps crossover points with the bog
baseline might be explained rather by variables independent of the restoration
methods applied at the time that sites were sampled, such as the treatment matrix
configuration, habitat patch size, distance from restoration to remaining forestry
blocks, or moth species mobility (average travelling distance during a night, or
willingness to cross the landscape). Distance to forest was a marginally nonsignificant covariate in our analysis, however most of the treatments sampled were
at a relatively close distance to forestry. Within restoration treatments, conifer
brash, conifer stumps and tree saplings are commonly found, which might also
explain the enduring presence of conifer-related species, perhaps attracted by
conifer compounds (Keeling & Bohlmann 2006). However as plantations are felled
and moth larva loose feeding resources, they will decrease in abundance. Even
though we do not have vegetation data for moth trapping points, the sampling took
place in many of the sites where carabids were also sampled, with older restoration
treatments characterised by a higher cover of grasses, sedges and dwarf shrubs in
comparison to bog. These are all suitable larval food resources for a range of the
restoration-associated species aforementioned, and as restoration progresses the
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proportion of generalists would be expected to increase whilst conifer species
decline, particularly if follow-up management includes removal of regenerating
conifer saplings. Younger restoration treatments on the other hand, are largely
devoid of vegetation and covered in brash, which could be a temporary transitional
habitat structure for many species (Chapter 6). This is not the case for moths though,
where the presence of specific larval host plants is essential for their growth. In
general, as vegetation succession leads to bog-like plant assemblages, we would
expect a decrease in generalist species in favour of bog moth specialists and a certain
number of wanderer conifer-related species associated to remaining standing
plantations.
It is striking that some moth species can display different habitat preferences
according to their geographical location, or type of peatland in which they are found.
In Forsinard, only one species was strongly associated with bog, L. porphyrea, but
indicator species analysis showed that is not restricted to bog habitat (Table A5.5).
No clear tyrphobionts were identified in our moth communities, suggesting that
perhaps macromoth assemblages in Forsinard do not include tyrphobionts. Perhaps
the study of micromoths would show a higher proportion, as it has been observed in
other studies (e.g. Bezděk et al. 2006). For example, Bezděk et al. (2006) studied the
diversity of peatland moths in central Europe, finding differences in species affinity.
In (naturally forested) peat bogs, which contained tyrphobiont species most
commonly associated with core peat bog habitat, the centre of the bog; whilst
tyrphophile species seem to be more associated to core peat bog areas where heath
is present (e.g. Calluna vulgaris), within or near the lagg (bog margin). It would not be
surprising to find similar differences between British and other European peat bogs.
We have not been able to find information about the tyrpho- character of all the
other species highlighted by ordination, except for D. rubi, which behaves as a
tyrphoneutral species like in eastern Europe (Dapkus 2001), and might have a similar
behaviour in Scotland; and Haworth's minor, a tyrphobiont in Ireland and eastern
Europe, which does not seem to behave like that in Scottish blanket bog. We
cautiously apply these labels for the moth species considered, but these are broad
preliminary results that require further research into the relationship between moth
taxa and blanket bog plant species structure and composition (See Section 5.4.5). For
example, we know Sphagnum mosses are habitat engineers in blanket bog, but it is
also known that very few moth species feed on mosses. The use moths make of
these type of species might be restricted to shelter, resting or oviposition, or
Sphagnum might create the conditions that facilitate growth of the plant species
they do feed on.
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5.4.3 Moth Functional Traits Syndromes in Blanket Bog
To the best of our knowledge, our study is the first time that moth functional traits
have been assessed in a peatland restoration setting. Most moth functional trait
research has been conducted in woodlands and functional traits have been rarely
applied in other habitats. In this study, moth functional traits dictate to some extent
moth distribution, particularly when looking at those traits relating to habitat affinity,
food plant and family. As already mentioned for carabids (Chapter 3), animal
movement can be divided into a by-product of searching for daily resources by
routine movements (i.e. foraging, mate searching); and special movements for net
displacement or settlement that might involve crossing a habitat patch (van Dyck &
Baguette 2005). As in the case of carabids and other arthropods, moths are
confronted with a fragmented blanket bog landscape where the connectivity
between patches of suitable/unsuitable habitat affects the way in which species
move across. In a woodland butterfly, for example, dispersal probability decreases as
habitat fragmentation increases, and mobility in general is influenced by landscape
variables such as distance to nearest suitable habitat, patch size and species
abundance in the patch (Bergerot et al. 2012). Similar factors could be affecting
blanket bog moths, where differences in the type of movement experienced at
different life cycle stages have been observed, but also differences due to patch size
and habitat configuration (e.g. Doak 2000). However, it is difficult to tease apart the
true reason why FTs are quite variable between restoration and blanket bog without
using landscape or environmental variables. We have already mentioned the
persistence of conifer brash in most of these sites, as well as the emergence of
conifer saplings that are not always quickly managed, although this is not the norm
for most of the restoration treatments. However, forestry research plots are set to
remain in the reserve whilst felling continues and the extent of conifer plantations
decreases. In that case, conifer moth species could be using restoration treatments
as their own "stepping stones" whilst connectivity is reduced, but as their food
resources is also being removed, they would not directly compete with any
characteristic blanket bog species.
Functional traits have previously been used to predict species responses to forest
fragmentation, particularly involving the traits wingspan and adult/larval food plants
(Slade et al. 2013). Indeed, such functional traits, as well as adult habitat and feeding
preferences, have been shown to affect the dispersal of Lepidoptera (Beck et al.
2006; Betzholtz & Franzen 2011); and differences in response to habitat
fragmentation have been observed between moth families that most likely also
display different functional traits (Summerville et al. 2004). Among forests
invertebrates, habitat specialist species tend to be more vulnerable to habitat change
and fragmentation than generalists (Niemelä 2001; Tscharntke et al. 2002), and are
often considered poorer dispersers. In the restoration of afforested blanket bog,
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traits such as wingspan and forewing do not seem to play a strong role in moth
species distribution, though moth host plant and activity season, host family and
even family/subfamily can be considered indicative predictors of moths in blanket
bog. For example, two of the largest moth families (New 2004), Noctuidae and
Geometridae, display clear opposite habitat choices in this study, but they can also
display different seasonal behaviour in peat bogs. For example, eastern European
tyrphobiontic geometrids favour warm mid-summer nights whilst noctuids favour
colder late-summer nights (Dapkus 2001). We did not look at temporal differences,
but we certainly observed habitat affinity differences as Noctuidae moths tend to be
more linked with restoration and bog (subfamily Noctuinae), whilst Geometridae
were more often found in forestry (subfamily Larentiinae, Ennominae), which is
where their larval food plants are found, and where they might also seek shelter.
In addition, remaining peat bog habitat may be suffering further degradation due to
surrounding forestry/restoration treatments, a phenomenon that affects habitat
selection and breeding in other peatland fauna ( e.g. birds, Wilson et al. 2014). The
apparent habitat preference shown by certain moth families could be linked to
species sensitivity to habitat disturbance rather than species dispersal ability. For
example, vulnerability to disturbance has been observed by Slade et al. (2013) in
families of forest moth taxa. In that case, it is possible that moth species displaying
greater affinity for blanket bog habitats are more vulnerable due to fragmentation
restricting access to good quality habitat, and perhaps this was one of the reasons
why we did not find true bog specialists. However, this is a preliminary study looking
at broad patterns of moth distribution in afforested blanket bog, and further
research into dispersal and movement behaviour would be required to address such
questions.

5.4.5 Limitations of the Study & Future Research
The use of a space-for-time substitution PRC for a data set that was sampled over
four consecutive years collapses two different timescales (sampling and
chronosequence) into one, particularly by the way samples are pairwise matched in
forestry and bog. However, it is a convenient method to visually estimate broad
patterns of community change over time, and has been interpreted with caution.
We are aware that moth catches are not a precise reflection of moth population
abundance in the sites sampled. They do, rather, reflect relative abundances of the
moth species in a particular site that can be used to compare species across
treatments without specifying the true abundance of the species in a particular
assemblage. Bias in moth trapping using light traps have been discussed in the
introduction (Chapter 2, section 2.3.2), but we believe that, in general, our sampling

193

range was relatively local and accurately represented primarily nocturnal macromoth
species normally inhabiting each treatment, and thus providing samples that are
comparable between them. Moth species can often vagrantly enter other type of
habitats, but we preserved the original count data rather than simply
presence/absence. In that way, the data preserve species habitat preferences, which
is particularly relevant for habitat specialists. For instance, H. fasciaria, was present
in forestry, restoration and bog, but its abundance on each habitat clearly shows this
is a conifer specialist (1346, 8 and 9 individuals respectively). We did find a marginally
significant effect regarding treatment distance to forest, but it was less useful in
explaining variation than was Julian days. As Merckx & Slade (2014) point out, that
the light traps more likely attracted local individuals, and so we would expect a very
low abundance of moths in non-preferred habitats.
We present preliminary results for the tyrpho- nature of moth species in Scottish
open blanket bog, a classification of peatland fauna often applied in continental
Europe. The treatment level of this study only allows us to assign a general degree of
blanket bog affinity to the moth species sampled. Here we are assuming that species
found in blanket bog and restoration are tyrphophile or tyrphoneutral species, and
there is a strong indication that there are no tyrphobiont macromoths in the
assemblage. The landscape matrix of forestry-restoration-blanket bog at Forsinard
complicates the classification of moth species according to their affinity for bog
habitats. Most individual treatments are fairly small in the context of the overall size
of the nature reserve and the restoration project (collectively this is the largest
peatland restoration project in the UK). Even though some treatments might be
larger than most restoration projects in other type of habitat, in general moth
species are considered mobile enough to travel across the landscape, including
unsuitable habitat. Additionally, the existence of ecological gradients within peatland
habitats is well known (Desrochers & van Duinen 2006), and in order to confirm the
internal diversity of moth species in blanket bog, sampling should be systematically
designed within core and lagg bog habitats in order to understand how these moth
species are utilising bog habitats. For example, Bezděk et al. (2006) found the degree
of habitat preference is species-specific, with the most stenotopic tyrphobiontic
species distributed according to an ecological gradient from the bog centre to the
bog margin. Tyrphophiles and tyrphoneutrals in that case tend to be randomly
distributed in the bog, and dispersing moths from other habitats outside the bog can
also be found crossing the treeless centre (tyrphoxenous species). This new category
could be applied within a conservation management framework, to refer to moth
species linked with conifer habitats, which might be occurring in naturally afforested
peat bogs (e.g. Dapkus 2004a), but are only found in naturally treeless Scottish
blanket bog due to afforestation. Furthermore, regenerating conifer saplings were
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only observed in a few restoration treatments, but it is possible that saplings were
spreading more inconspicuously in the boundary of forestry-bog treatments.
Ordination of CWMs was performed to explore the distribution of moth functional
traits across the reserve and suites of traits that were potentially associated with
treatments. However, this type of analysis has been shown to have critical
shortcomings, such as the non-weighted nature of trait standardisation (all traits are
treated as potentially having equal importance) and calculation of correlations, and
the use of parametric permutation tests to evaluate statistical significance. Such
shortcomings may be overcome by taking an RLQ analysis approach (Peres-Neto et
al. 2017), which we used in Chapter 4 with carabid functional traits. However,
vegetation data were only available for a small proportion of moth trap locations,
which would not provide sufficient resolution to carry out RLQ analysis. Further
research using vegetation data is desirable to better understand the relationship
between blanket bog moth species and vegetation composition, as well as the impact
of restoration on moth species.
Lastly, we sampled moths across four consecutive years within the months of July
and August, but both months were not always sampled in our study. Thus, we used
Julian day as a covariate in our analyses because the moth species found were
inherently linked to the time of the year sampling was conducted. Species peak
activity varies between species but also throughout the year. Sampling all year would
require considerable effort and most species peak activity at Forsinard is found in
summer with very few species flying during large parts of the year. Thus, we would
recommend trapping is conducted throughout those months for several years in
order to maximise the number of species sampled at peak activity.

5.4.6 Conclusions
This research provides some evidence of the effective restoration of open blanket
bog for moth taxa, which display a complementary response to responses of other
terrestrial arthropods (Chapter 3). The space-for-time substitution has shown that
rapid convergence of assemblages in restoration areas with characteristic bog moth
assemblages is possible. The inclusion in analysis of vegetation and environmental
data may allow the identification of key habitat and species thresholds required for
effective restoration, but we can venture that perhaps connectivity of suitable
habitat and recolonisation of key vegetation species are among these thresholds. The
functional approach taken has provided preliminary results regarding the trait
syndromes correlated with blanket bog, and these can be used together with species
abundance for the assessment of restoration management.
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However, the relationship between species functional traits and environmental
factors is yet to be investigated, and more understanding of the internal microhabitat
diversity (or habitat islands) of blanket bog and its relationship with moth taxa is
required. As in the case of other arthropods, further information regarding species
microhabitat use/preference is required to fully understand the effect that
restoration is having on arthropod communities.
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Figure A5.1. PRC with Hellinger transformed data shows a similar result to the logtransformed data used in the results section.
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Gothic
Yellow Shell
Twin-spot Carpet
True Lover's Knot
Treble-bar
Tawny-barred Angle
Square-spot Rustic
Smoky Wainscot
Small Square-spot
Small Rivulet
Small Dotted Buff
Six-striped Rustic
Silver-ground Carpet
Silver Y
Scalloped Oak
Satin Beauty
Red Carpet
Purple Bar
Pretty Pinion
Pinion-streaked Snout
Pine Carpet
Northern Spinach
Northern Arches
Neglected Rustic

SPECIES
1
0
5
224
0
0
14
27
25
1
1
0
0
0
1
0
9
2
2
0
0
3
2
1

0
0
0
0
0
0
0
0
2
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
0
3
0
0
1
0
2
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
4
25
0
0
7
0
3
0
0
0
1
0
0
0
4
2
1
0
0
1
0
0

1
0
0
29
0
0
0
2
35
0
0
0
0
0
0
0
1
2
0
0
0
0
4
0

4
0
0
9
0
0
4
2
0
0
0
0
0
0
0
0
3
0
0
0
0
5
4
0

1
0
0
28
0
0
35
5
18
0
0
0
2
0
0
0
10
4
1
0
0
4
0
0

0
0
0
44
1
0
13
12
42
0
1
0
0
0
0
0
21
6
2
0
2
0
3
0

BOG R18 R16 R15 R13 R12 R11 R10

Table A5.1. Moth counts per treatment, including restoration age classes.

2
0
1
19
0
0
28
4
27
0
2
0
0
0
0
0
25
7
0
0
0
3
6
0

R9
0
0
0
9
0
0
23
12
8
0
5
2
0
0
0
0
20
2
0
0
0
2
2
0

R8
0
0
0
26
0
0
21
1
9
0
0
0
0
0
0
0
5
1
0
0
1
8
4
0

R7
2
0
0
0
0
0
4
1
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
0
0
0
0
0
0
0
0
0
0
0
2
0
0
0
0
0
0
0
0
1
0

19
1
1
8
0
2
13
0
56
1
9
1
11
0
0
6
9
23
0
2
10
13
2
2

R5 R4 R3 FOR
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Mottled Beauty
Middle-barred Minor
Map-winged Swift
Manchester Treble-bar
Magpie
Light Emerald
Lesser Yellow Underwing
Lempke's Gold Spot
Large Yellow Underwing
Large Ear
July Highflier
Ingrailed Clay
Haworth's Minor
Grey Pine Carpet
Grey Mountain Carpet
Green Carpet
Gold Spot
Flame Shoulder
Flame Carpet
Dusky Brocade
Drinker
Dotted Clay
Dark Marbled Carpet
Dark Brocade
Dark Arches
Common White Wave
Common Marbled Carpet

0
1
0
4
3
1
1
3
12
0
0
40
40
1
2
5
0
3
0
8
0
1
0
3
67
0
0

0
0
0
0
0
0
0
0
0
0
0
2
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
0
0
0
0
0
0
0
0
0
4
0
0
0
1
0
1
0
0
0
0
0
0
0
0
0

0
5
0
0
0
0
0
0
0
0
0
5
8
0
0
9
0
3
0
2
0
0
0
0
4
0
0

0
2
0
0
3
0
0
3
0
0
0
12
0
0
0
4
0
0
0
1
0
0
0
1
0
0
1

0
1
0
0
1
0
1
1
0
0
0
4
2
0
0
2
0
0
0
1
0
0
0
0
5
0
0

0
17
0
0
8
0
0
0
0
1
0
16
12
0
0
12
0
2
0
2
0
0
0
1
4
0
0

0
92
8
0
1
0
1
1
5
1
0
146
36
3
0
18
0
2
0
9
0
0
0
1
10
0
0

0
0
0
0
1
0
0
1
2
0
1
47
35
0
0
14
1
0
0
6
0
0
0
1
21
0
1

0
1
0
0
0
0
0
1
1
2
0
81
12
1
0
16
1
0
0
4
1
0
1
0
15
0
0

0
8
0
3
0
0
0
2
11
0
1
21
40
1
0
2
0
1
0
0
0
0
0
0
9
1
0

0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
1
0
0

0
0
0
0
0
0
0
0
0
0
0
0
1
0
0
0
0
0
0
0
0
0
0
0
0
0
0

0
0
0
0
0
0
0
0
33
0
1
1
11
1
0
0
0
0
0
0
0
0
0
0
5
0
0

1
2
21
0
130
0
2
0
5
1
8
59
1
17
0
178
0
0
1
1
0
0
7
3
33
0
16
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Common Carpet
Clouded-bordered Brindle
Chevron
Broom Moth
Brimstone Moth
Bordered White
Beautiful Yellow
Underwing
Beautiful Golden Y
Barred Straw
Barred Red
Autumnal Rustic
Archer's Dart
Antler Moth
TOTAL

0
0
0
0
0
0
0
0
0
0
0
0
0
4

1
20
3
6
1
1
1
0
1
9
0
1
2
559

0
0
0
0
0
0
12

0
0
0
0
0
0
0
0
0
1
0
0
3
95

0
1
1
5
0
0
0
2
0
0
0
0
0
108

0
5
0
0
0
0
0
0
0
0
0
0
1
51

0
0
0
1
0
0
0
0
0
1
0
0
1
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2
1
3
2
0
0
0

2
4
0
0
0
0
0

0
10
0
0
0
0
0

0
1
5
1
0
0
0

0
0
3
1
1
0
3
0
5
1
0
0
0
0
0
1
1
0
0
0
9
9
8
8
511 271 246 193

1
9
2
2
0
0
0
0
0
0
0
0
0
8

0
0
0
0
0
0
0
0
0
0
0
0
0
1

0
0
0
0
0
0
0

0
3
0
0
1
58
0
0
0
0 206
0 1346
1
0
0
0
0
1
56 2290

0
0
0
0
0
0
0

Table A5.2. PRC species scores and site scores. Only species scores over 0.5/-0.5 are
displayed, as they show affinity with restoration or bog respectively. Relative species
abundance increase or decrease is calculated with the equation exp(species
scores*treatment scores).

Species
Score

LPO
-1. 6655705

Species
Score

HFA
4.0963455

Age class
R0 1.017
R3 -0.03194
R4 0.1051
R5 0.1889
R7 0.05337
R8 0.1517
R9 0.04572
R10 0.1775
R11 -0.01677
R12 0.01617
R13 0.01196
R15 0.1125
R16 0.1339
R18 0.05827

Age class
R0 1.017
R3 -0.03194
R4 0.1051
R5 0.1889
R7 0.05337
R8 0.1517
R9 0.04572
R10 0.1775
R11 -0.01677
R12 0.01617
R13 0.01196
R15 0.1125
R16 0.1339
R18 0.05827

Relative size species
abundance
Exp(species*treat)
0.18
1.05
0.83
0.73
0.91
0.77
0.92
0.74
1.02
0.97
0.98
0.82
0.80
0.90

Relative size species
abundance
Exp(species*treat)
64.45
0.87
1.53
2.16
1.24
1.86
1.20
2.06
0.93
1.06
1.05
1.58
1.73
1.26
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Species
Score

CPE
1.6024662

Species
Score

AGR
0.6277462

Age class
R0 1.017
R3 -0.03194
R4 0.1051
R5 0.1889
R7 0.05337
R8 0.1517
R9 0.04572
R10 0.1775
R11 -0.01677
R12 0.01617
R13 0.01196
R15 0.1125
R16 0.1339
R18 0.05827

Age class
R0 1.017
R3 -0.03194
R4 0.1051
R5 0.1889
R7 0.05337
R8 0.1517
R9 0.04572
R10 0.1775
R11 -0.01677
R12 0.01617
R13 0.01196
R15 0.1125
R16 0.1339
R18 0.05827

Relative size species
abundance
Exp(species*treat)
5.10
0.95
1.18
1.35
1.08
1.27
1.07
1.32
0.97
1.02
1.01
1.19
1.23
1.09

Relative size species
abundance
Exp(species*treat)
1.89
0.98
1.06
1.12
1.03
1.09
1.02
1.11
0.98
1.01
1.00
1.07
1.08
1.03
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Table A5.3. RDA Species scores for moth species.
Species

RDA1

RDA2

NTY 0.005317094 0.0642301093
CBI 0.006428286 0.0002930018
MDI -0.011665111 -0.0125805368
LPO -0.430803338 -0.4073718798
APL -0.001688202 0.0015834052
MLI 0.014181108 0.0005729789
XXA -0.188064508 0.2656379086
MIM -0.093340983 0.0246426768
DRU -0.105831052 0.0819075901
PAL 0.004095672 -0.0055612420
PMI -0.006356993 0.0278488916
XSE 0.003804730 0.0085030006
XMO 0.020775311 0.0059538256
AGA -0.002594062 0.0050327562
CEL -0.002598319 -0.0064459027
DRI 0.045937035 0.0004000820
XDE -0.099202628 0.1848314902
COC 0.007811462 0.0194792662
PBL -0.013108845 -0.0053214465
SCO 0.011670007 0.0004336097
PFI 0.029819429 0.0078484839
EPO -0.007716857 0.0453650495
AEX -0.053542301 0.0849675389
XCA 0.003979258 -0.0340382394
ARE 0.003919702 0.0001711980
OFA -0.049468613 0.0585803302
KFU 0.029344619 0.0156328139
CSO -0.009555428 -0.0122214555
AGR 0.100785770 0.0025382169
CMA -0.002598319 -0.0064459027
NCO 0.012483428 -0.0194253079
PPU -0.025054579 -0.0026489180

Species

RDA1

RDA2

NPR -0.018790361 0.0141389628
ALU 0.002464558 0.0169170366
HFU 0.022194745 0.0131768465
DME -0.217495956 0.2602159257
CHA -0.321700395 0.0888037943
TOB 0.076350150 0.0132734796
ECA 0.073975913 -0.0566048018
CPE 0.099369762 0.1441741509
PFE -0.003903093 0.0075209573
OPL -0.018390766 0.0105713708
XDES 0.005206413 0.0001880188
AREM -0.055750637 0.0141311912
EPOT -0.001690374 0.0032121541
XBA -0.005263456 -0.0140073903
DCI 0.048806532 0.0087740773
MAD -0.019757618 -0.0319962222
AMO -0.056394891 -0.0325949547
CPU -0.001801609 0.0034028087
DTR 0.088996459 0.0082912548
EAL -0.011406728 0.0048332597
ACR -0.081485323 -0.0199740019
ETE -0.029007459 0.0187381108
CPI -0.038347340 -0.0209729722
OLU 0.002066109 -0.0047909901
BPI 0.141896501 0.0021376018
AMY -0.003098342 -0.0073828862
APU -0.010151475 0.0170026740
GPY 0.016878890 0.0023961618
HFA 1.116012054 -0.0114476234
EGL -0.004145932 0.0080435501
AVE -0.003968029 -0.0047803403
CGR -0.075286538 0.1047039448
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Table A5.4. RDA functional trait scores for CWMs.

FT

RDA1

RDA2

Fm_Ereb 0.0032839657 5.040016e-05
Fm_Geom 0.2852164826 3.761867e-02
Fm_Hep
0.0067134596 4.356132e-03
Fm_Las -0.0004698557 8.155338e-04
Fm_Noc. -0.2858606146 -3.674407e-03
SbF_Enn. 0.3055439461 -1.445826e-02
SbF_Had. -0.0531411506 2.485267e-02
SbF_Hep 0.0067134596 4.356132e-03
SbF_Hyp 0.0032839657 5.040016e-05
SbF_Lar. 0.0748800182 5.210767e-02
SbF_Noc. -0.1990554826 -6.004454e-03
SbF_Pin -0.0004698557 8.155338e-04
SbF_Plus -0.0099595982 4.031000e-03
SbF_Xyl. -0.1309275360 3.937307e-02
FW
0.0697198346 -5.892979e-03
WS
-0.0099440694 5.779062e-03
VOL
-0.0227955054 -2.659526e-04
O_absent -0.0005875891 1.129549e-03
O_egg
-0.0374239167 4.108783e-02
O_larva -0.0045865559 -1.197644e-02
O_pupa
0.0306270261 8.199943e-04
LF_AU.SP 0.0038395397 -8.784271e-03
LF_AU.SU 0.0113574838 2.506281e-02
LF_SP
-0.0486410507 3.029063e-02
LF_SP.AU 0.0253216479 -4.253144e-03
LF_SP.SU -0.0063281592 9.653028e-03
LF_SU
-0.0118281666 3.315875e-03
LF_SU.
0.0037783934 7.062694e-05
LF_SU.SP 0.0091868490 1.097980e-02
F_SP.AU 0.0260789684 5.634040e-03
F_SP.SU -0.0403192448 -1.550263e-02
F_SU
0.0470898246 3.392773e-02

FT

RDA1

RDA2

F_SU.AU -0.0688548454 1.318783e-02
D_com
0.0193032777 -3.528562e-03
D_local -0.0850258048 2.452755e-02
D_scarce 0.0314734773 2.262814e-02
HP_bog -0.0095819528 -4.856418e-03
HP_both -0.0941873779 1.395941e-01
HP_con. 0.2952300430 -6.883509e-03
HP_open -0.1681873389 -9.113801e-02
HP_wood -0.0016394071 -1.738379e-03
HF_Bet.Eri 0.0124589588 2.056746e-03
HF_Camp 0.0032839657 5.040016e-05
HF_Cap.Urt -0.0027297140 4.449501e-03
HF_Cruc 0.0014262999 2.031965e-05
HF_Cyp.Gram -0.0004698557 8.155338e-04
HF_Cyp.Jun -0.0888971590 1.981750e-02
HF_Den
0.0067134596 4.356132e-03
HF_Eri -0.0985233013 -1.423761e-01
HF_Eri.Ros -0.0644211177 6.578619e-02
HF_Fil.Den -0.0110244796 -5.969728e-03
HF_Gram -0.1086989607 8.338755e-02
HF_Gram.Jun -0.0253853482 6.136379e-03
HF_Gut -0.0004578102 4.772736e-04
HF_Lab
0.0011237015 -1.707373e-03
HF_Pin
0.2923286275 -6.836286e-03
HF_Pin.Fag 0.0123268590 -1.650768e-04
HF_poly -0.0083397503 1.789398e-02
HF_Ros -0.0275092191 4.879987e-02
HF_Rub
0.0579840028 2.784253e-02
HF_Rub.Prim 0.0057488075 1.690739e-03
HF_Sal.Bet -0.0075528122 5.349520e-03
HF_Sal.Eri 0.0062112849 3.180221e-03
HF_Scro -0.0038704553 -1.437025e-03
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Table A5.5. Moth indicators selected by indicator species analysis (IndVal). Treatment type
was used as clustering group (open blanket bog, forestry, younger restoration and older
restoration). This type of analysis is described in Chapter 3.

Habitat
Blanket Bog
Forestry
Forestry
Older Rest

Species
L. porphyrea
H. fasciaria
C. pectinataria
D. mendica

IndVal
Index (%)
51.4
93.8
49.6
52.2

Specificity
(A) (%)
47.7
98.6
56.4
449

Fidelity
(B) (%)
55.3
89.1
43.4
60.53

p-value
0.006
0.001
0.001
0.017
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CHAPTER SIX

EFFECT OF BRASH MANAGEMENT ON
ARTHROPOD ASSEMBLAGES AND CARABID
COMMUNITIES
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6.1 INTRODUCTION
Peatland restoration is a relatively novel but fast-growing science in the UK (Defra
2009; IUCN 2017). The type of restoration technique used depends on a variety of
factors such as type of peatland, type and extent of damage and the desired
ecosystem services to be re-established (Parry et al. 2014). In afforested blanket bog,
more cost-effective techniques are sought in order to tackle the impact of drainage
and commercial forestry, and thus facilitate peatland recovery for climate change
mitigation (Schägner & Schaller 2008), as well as biodiversity conservation, usually
the main targeted ecosystem services (Joosten 2015). An example of the techniques
used in peatland restoration is the creation of peat dams for rewetting, which usually
is preceded by whole tree harvesting, a forestry term defining the felling of whole
trees, which includes tree parts such as the tree crown and the logging residue or
brash formed by small branches and tree leaves (Russell 2015).
In the commercial harvesting of conifer crops in the UK, for example, brash has
traditionally been left on-site because it has not been economically viable to remove,
or because it has later been used to form windrows to aid in replanting (Mäkiranta et
al. 2012), ground protection to reduce soil erosion and compaction caused by heavy
machinery (Murgatroyd & Saunders 2005; O’Driscoll et al. 2014). In Scotland, for
example, the Forestry Commission uses a series of indicators under their sustainable
forestry policy that take into account additional factors for brash management, such
as potential acidification of water catchments or interference with carbon storage
(Moffat et al. 2006). Indeed, the type of felling management in afforested peatland
restoration, especially the method of brash removal and/or retention implemented,
may have an impact on the size of soil nutrient pools and the emission of gas fluxes
(e.g. N2O, CH4 and CO2) (Huttunen et al. 2003; Zerva & Mencuccini 2005; Mäkiranta
et al. 2010; Finnegan et al. 2014). In restoration, brash can also be retained to form
corduroy tracks for forestry machinery to work through wetter areas (e.g. Forsinard
Flows). Additionally, brash mats have often been used to protect the peat layer from
significant mechanical impacts such as compaction (Nugent et al. 2003; Asam et al.
2014a); but also to protect the soil surface from the exposure to high solar radiation
which might lead to peat drying and decomposition (Mäkiranta et al. 2010).
However, it seems plausible that brash left on-site can also has negative effects such
as contributing to greenhouse emissions (Mäkiranta et al. 2012), heavy metal
exports to water courses (Asam et al. 2014b), and nutrient leaching (Smith et al.
2000; Blumfield & Xu 2003; Kaila et al. 2015).
During earlier restoration efforts it was believed that brash could work as an
additional source of nutrients for soil microbiota, even though potential cascading
effects might increase microbial activity, peat decomposition and gas fluxes (Vance
2000; Mäkiranta et al. 2012); or interfere with the natural re-establishment of bog
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flora and fauna (Webster & Ireland 2003). In addition, brash mats may also alter key
abiotic factors such as soil moisture and soil temperature (Smethurst & Nambiar
1990; O’Connell et al. 2004; Roberts et al. 2005). The way brash is stored on-site can
be crucial (e.g. brash is piled up or spread across the site), as it affects decomposition
and nutrient release (Smolander et al. 2013; Helgason et al. 2014), soil temperature
and soil moisture (Ojanen et al. 2017). The coarseness of the residue dictates how
nutrients are released over time, whereby finer residue tends to decompose faster
(Palviainen et al. 2004). Conifer stumps are frequently left on-site as well, showing a
more complex decomposition pattern as, for example, they can be phosphorus sinks
but carbon emitters (Palviainen & Finér 2015). Nowadays, the restoration of
afforested bogs favour brash harvesting due to economic (biofuel use) and
environmental benefits (Börjesson 2000; Thiffault et al. 2015), especially as fossil
fuels are phased out in favour of greener alternatives (Gustavsson et al. 2015).
The response of brash removal among arthropods has primarily been studied in
forests (e.g. Nittérus et al. 2007; Work et al. 2013), and whilst we have found some
studies looking at the effect of peatland afforestation on carabid beetles (Day &
Carthy 1988; Butterfield 1992), little attention has been paid to arthropod responses
to forest removal from peatlands. Brash removal in temperate forests seems to be
correlated with an impoverishment of beetles species (Gunnarsson et al. 2004),
although this may not be the case for other arthropod taxa, e.g. no effect has been
observed in Araneae (Nittérus & Gunnarsson 2006). Forestry plantations and blanket
bogs clearly differ in the habitat structure available for arthropods (e.g. vegetation
density, tree canopy cover, shrub canopy cover, ground herb cover, (August 1983)).
The diversity of microclimates and microhabitats offered by both types of habitats
(Néve 1994; Lövei & Sunderland 1996; Butterfield 1997) will also be influenced by
environmental variables such as vegetation density and soil moisture (Hölldobler &
Wilson 1990; Dennis et al. 2002; Thiele 2012). Indeed, brash can provide arthropods
with habitat structure that might be similar to that offered by peat bog vegetation, at
least in early stages of the restoration process. Variation in the amount and type of
brash available (plant litter, logs, branches and debris) might therefore have a strong
effect on arthropods, as brash can act as refuge, foraging ground and shelter for
remaining forestry arthropods and pioneer colonisers. Brash also has a mulching
effect that can have an either a positive or negative effect on vascular plant growth
(Olsson & Staaf 1995), and therefore affect the development of structural
heterogeneity during restoration.
The first steps in the restoration of afforested peatlands are the felling of trees and
blocking of draining ditches, which cause changes in microhabitat structure and level
of wetness (e.g. Remm et al. 2013), with the intention of encouraging the return of
hygrophilous bog species. The opening of the habitat by felling the canopy may have
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a similar effect, since forestry habitats are occupied by species affine to closed
habitats, whilst bog species tend to favour open habitats (Niemelä et al. 1993;
Nakamura et al. 2009). However, varying responses may also be expected between
arthropod assemblages in sites with varying degree of brash, that is, different
microhabitat structure and diversity of microclimates is found (Thiele 2012). Even
though conifer brash might provide poorer three-dimensional structural
heterogeneity than deciduous brash (Pearce et al. 2003), some degree of brash
retention may still offer more niches for species coexistence, and more stable
temperature and humidity conditions than complete brash removal (Uetz 1979;
Bultman & Uetz 1982; Bultman & Uetz 1984). However, for the effective restoration
of characteristic blanket bog arthropods, the complete removal of logging residue
may be desirable, as it is often used as breeding substrate or food resource for
saproxylic species that might not be typical of peatlands (Jonsson et al. 2005; Work &
Hibbert 2011). For other litter-dwelling arthropods there is, to date, little evidence of
how they might be affected by brash removal (Pearce et al. 2003; Pearce et al. 2004;
Work et al. 2004).
Carabid communities can display strong affinity for certain microhabitats,
microclimatic parameters and vegetation structure (Niemelä et al. 1992; Antvogel &
Bonn 2001). They can be attracted by volatile metabolites released by vegetation and
prey (Evans 1983); but can also respond to variability in microhabitat structure
(Koivula et al. 1999; Thiele 2012). The response of carabids to brash management
has been widely studied in central and eastern Europe in mature and clear-felled
conifer stands on non-peat soils, and on naturally forested peatlands. From those
studies we can infer that some forest carabid species are restricted to open habitats
within conifer forests at their respective study sites, and brash management could
also lead to a reduction in rare species even in mature forests (Nittérus et al. 2007;
Johansson et al. 2016; O’Callaghan et al. 2017). Even though carabid diversity can be
similar in upland peatlands and clear-felled conifer stands (Butterfield et al. 1995),
clear-felled conifer sites have shown evidence of increasing species richness within
two years of felling (Fahy & Gormally 1998). In such cases, open habitat species more
typically increase in abundance and species richness in the second and third year
after restoration begins (Koivula et al. 2002; Koivula & Niemelä 2003). If the whole
restoration setting is considered as homologous to rotational forestry, such that it
contains felled restoration sites, standing forestry, and open blanket bog, then higher
arthropod diversity compared to a setting with only blanket bog might be observed
at the expense of rarer (tyrphobiont) species (e.g. Butterfield et al. 1995); though
that would be a transitional stage in the restoration process. Other factors such as
low plant productivity may lead to poorer or uniform carabid assemblages with a
higher proportion of generalist feeders (Niemelä et al. 1988), but in general the
species richness of forest specialist carabids tend to be positively correlated with
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forest age (Jukes et al. 2001), and will tend to disappear after felling (Niemelä et al.
1993). Blanket bog, on the other hand, supports habitat specialists of open,
undisturbed and permanently wet habitats that might not show great dispersal
ability (See Chapter 3 and references therein).
This chapter examines the effect of brash management on arthropod assemblages in
general and, in more detail, on carabid beetles, following the onset of restoration
management of afforested blanket bog. The particular approach taken here was to
test if the short-term response rate of arthropod assemblage structure is related to
the type of brash management applied, by looking at microhabitat structure, which is
defined by different brash residue parameters. We aimed to: 1) examine arthropod
and carabid community re-assembly after initial intervention under different types of
brash management to see if significant differences in arthropod and carabid
communities between treatments were observed, and 2) examine what
environmental variables determine arthropod/carabid distribution and how they
might be influenced by restoration technique. Thus, we hypothesised that: 1) we
would expect taxonomic differences between brash treatments due to changes in
microhabitat heterogeneity. Many arthropods, including carabids, respond positively
to disturbance, therefore restoration treatments would be expected to display higher
abundance and species richness than other treatments. However, this is a short-term
post-felling response and we would not anticipate any significant shift towards
blanket bog assemblages over the timescale studied; and 2) microhabitat
heterogeneity will be shaped by the amount, coarseness and distribution of brash,
and the micro-environmental conditions created as a result, which will filter
arthropod assemblages according to taxa/species habitat preferences.

6.2 MATERIALS & METHODS
6.2.1 Site Description & Study Design
Current peatland restoration efforts in Forsinard are designed to test effectiveness of
two techniques, standard and enhanced felling. These techniques are described in
more detail in Chapter 2 and Table A6.1. As standard treatments showed variation in
the amount and distribution of brash due to the way the machinery works through
the sites, they were further subdivided here into two separate treatments. Thus, a
total of three brash treatments was considered for this experiment: 1) enhanced
treatments where brash was removed from the site (EE); 2) standard fine-brash
treatments where small residue is retained, normally scattered throughout the site
(NBR); and 3) standard brash treatments where coarse brash is retained forming big
piles (BR). Additionally, forestry treatments (F), and the same bog transects (B) as
described in Chapter 3, were used as controls (Table A6.1, Figure A6.1).
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A dichotomous site selection key was designed to standardise sampling location
(Table A6.2), as treatment plots (Glossary, e.g. DK1SS) required further division into
subplots (Figure 6.2.1A). Transects were set at the centre of each subplot, on the
original peat surface remaining at the top of ridges on restoration and forestry sites
(Table A6.2, Figure 1). Transects intended to be 15 m long, containing four traps set 5
m apart, although they did not always follow ridges and thus traps were sometimes
greater than 5 m apart if a wide furrow separated them. Nonetheless, the location of
the trap was always on the original peat surface. If the centre of the subplot was not
found at the top of a ridge, the closest ridge reached if heading in a northerly
direction was chosen instead. In the case of blanket bog, where vast extensions of
the habitat are not clearly delimited and there are no ridges or furrows, the location
of the transect was chosen at random, at least 100 m away from the main road to
minimise edge effects, such as alteration to hydrology.
Five restoration plots were sampled in total (Figure 6.2.1A), each containing subplots
for standard fine-brash, standard brash and enhanced treatments, except in the case
of DK4, where only standard brash and enhanced treatments were found. Five
forestry plots were also sampled, matching restoration plots in peat depth, aspect
and slope. The matching forestry plot for DK1SS/EE was replaced by DKF3 for logistic
reasons.
Each restoration or forestry subplot had two transects with four pitfall traps. In order
to minimise site disturbance in sampled bogs, only one transect was set up per bog
(Table 6.2.1A).

6.2.2 Arthropod Sampling with Pitfall Traps
Arthropods were sampled and identified as described in Chapter 3, Section 3.2.2.
Pitfall traps were operated from May to September 2016 and emptied every three
weeks. Across all sites, the sampling campaign resulted in a total of 1032 pitfall trap
samples (172 pitfall traps x 6 collections). A full summary of all sampled arthropod
taxa and carabid species is shown in Table A6.3. All carabids were pooled as family
(CAR), and included in the arthropod dataset for analysis, as well as being identified
to species and analysed as a dataset in their own right.
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Figure 6.2.1A. Location of seven forest-to-bog restoration blocks present in Dyke
plantation, northwest side of the reserve, and matched forestry controls. Standard (SS,
orange) and enhanced (EE, yellow) restoration plots were used in this experiment, with
black dots representing the centre of the subplots. Only restoration sites DK1SS/EE,
DK2SS/EE, DK4SS/EE, DK6SS/EE and DK7SS/EE were sampled for both enhanced and
standard treatments, as well as forestry plots DKF3, DKF2, DKF4, DKF6 and DKF7. The
matching forestry control for DK1SS/EE, DKF1, was replaced by DKF3. For a full map of the
reserve refer to Figure 2.2.2A (this map corresponds to the bottom map in Figure 2.2.2A,
west side of Forsinard Flows NNR).
NORTH
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Block

Plot

Subplot

DK1

DK1SS

DK1

DK1SS

DK1

DK1EE

FOREST

DKF3

DK2

DK2SS

DK2

DK2SS

DK2

DK2EE

FOREST

DKF2

DK4

DK4SS

DK4

DK4EE

FOREST

DKF4

DK6

DK6SS

DK6

DK6SS

DK6

DK6EE

FOREST

DKF6

DK7

DK7SS

DK7

DK7SS

DK7

DK7EE

FOREST

DKF6

BR.1
BR.2
NBR.1
NBR.2
EE.1
EE.2
F3A
F3B
BR.1
BR.2
NBR.1
NBR.2
EE.1
EE.2
F2A
F2B
BR.1
BR.2
EE.1
EE.2
F4A
F4B
BR.1
BR.2
NBR.1
NBR.2
EE.1
EE.2
F6A
F6B
BR.1
BR.2
NBR.1
NBR.2
EE.1
EE.2
F7A
F7B

Total No
Transects
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2

Table 6.2.1A. List of sampled forest-to-bog restoration plots in Dyke plantation, Forsinard.
We sampled a total of 5 restoration blocks and corresponding forestry, each of which was
divided into standard (SS) and enhanced (EE) brash management, and further subdivided
into enhanced (EE), standard brash (BR) and fine brash management (NBR).
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6.2.3 Ancillary Data
The same environmental variables were used in this study as were used in Chapter 3
(Table 3.2.3A, soil temperature, moisture and pH; distance to bog, forest, road and
bog pools; plot perimeter and plot area), as well as structural microhabitat variables,
namely brash coverage, brash height and brash coarseness; which are described in
Chapter 2, Section 2.4.2 (Table 6.2.3A).

Broader Category
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental
Environmental

Variable Category
Soil
Soil
Soil
Landscape
Landscape
Landscape
Landscape

Environmental

Landscape

Environmental
Environmental
Environmental

Landscape
Landscape
Landscape

Vegetation
Vegetation
Vegetation

Habitat Structure
Habitat Structure
Habitat Structure

Variable Type
Temperature (ºC)
Moisture (mv)
pH
Plot perimeter (m)
Plot area (m2)
Distance to bog (m)
Distance to forest
(m)
Distance to bog
pools (m)
Distance to road (m)
Easting coordinates
Northing
coordinates
Brash coarseness
Brash coverage (%)
Brash height (cm)

Code
TA
MOI
PH
PPER
PAR
DBOG
DFOR
DPOOL
DROAD
EAST
NOR
BRCR
BRCV
BRASH.H

Table 6.2.3A. List of variables used in this experiment for arthropod and carabid
assemblages.

6.2.4 Data Analysis
All statistical analyses were performed with R version 3.4.1 (30th of June 2017).
Small vertebrates (lizards, shrews, voles), annelids (earthworms) and gastropods
(slugs and snails) were excluded from analyses since their diversity, distribution and
ecological response to habitat changes might greatly differ from that of arthropods.
The total proportion of traps lost due to disturbance or flooding was 1.97%. Pitfall
trap collections were standardised following the same procedure as described in
Chapter 3, pooling all traps per transect and calculating an average of activity/density
per species/taxa. Arthropod taxa occurring in fewer than 10 samples were removed.
These comprised unidentified Coleoptera, Coleoptera larvae, Nicrophorus humator,
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N. Investigator, Oeciptoma thoracicum, Prostigmata, Plecoptera, Entiminae, Gyridae,
Histeridae, Homoptera, Gerridae, Pseudoscorpiones, Trichoptera, Auchenorrhyncha,
Apidae and Isopoda. For carabid species, we excluded singletons, which each
occurred only once throughout sampling: Dyschirius globosus (found in forestry),
Notiophilus germinyi (found in standard brash), and Bembidion quadripustulatum
(found in bog). In this final dataset, zeros accounted for 85% of the carabid data
matrix and 76% of the arthropod data, hence when required, activity/density data
were transformed using the Hellinger transformation (Legendre & Gallagher 2001).
We used non-metric multidimensional scaling (NMDS, Kruskal 1964), the most robust
unconstrained ordination method in community ecology (Minchin 1987) in the
"vegan" community ecology package (Oksanen et al. 2017), to explore arthropod and
carabid composition differences between treatments. This type of unconstrained
ordination is sensitive to the number of dimensions chosen, thus a goodness of fit
test (stress) was performed to assess how well data were represented. A Shepard
plot showed scatter around the regression line in distances between each pair of
species against the original dissimilarities, In this procedure, large scatter suggests
that the original dissimilarities are not well preserved in the reduced number of
dimensions chosen. Stress can also increase with the number of samples and number
of variables, and can be highly influenced by one or a few poorly fit samples. In
general, stress <0.05 provides an excellent representation of the data in the
dimensions chosen, whilst 0.1-0.2 is good and >0.3 is a poorly fitting model (Kruskal
1964). In general 2 or 3 dimensions are represented, and a stress value between 0.10.2 is accepted.
Taxonomic differences between treatments were investigated by using the same
taxonomic indices that were used in Chapter 4 (Section 4.2.2), as well as the
coefficient of variation, 100*sd(x)/mean(x), where x is the specific index being
calculated, sd is the standard deviation and mean is the mean index value per
treatment. Generalised linear models (GLMs, Chapter 4, Section 4.2.4) were used to
compare taxonomic measures between treatments. Species richness calculations
used a Poisson distribution and a log link, whilst Shannon and Simpson's diversity,
and Pielou's Evenness calculations used a Gaussian distribution with a default
identity link (E(Y)=Xβ). Model fitting was tested with Pearson's chi-square goodness
of fit, and the overall significance of the model was tested with analysis of variance
(deviance).
To examine differences between effects of treatments on arthropod and carabid
assemblages, we used a permutational multivariate analysis of variance
(PERMANOVA), a non-parametric test that uses a dissimilarity coefficient (distance
between variables) to test the significance of multiple response variables with a
permutational approach (McArdle & Anderson 2001; Anderson 2001). It tends to be
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quite powerful at detecting changes in community structure (Anderson & Walsh
2013) and is implemented by the "vegan" package (Oksanen et al. 2017). Abundance
data were standardised by species totals with no transformation, as this method is
insensitive to many zeros in the dataset. The null hypothesis is that there are no
differences in a multivariate space in both location (centroids) and spread
(dispersion) of the treatments being compared. However, PERMANOVA is sensitive
to the differences in the dispersion of points between groups (Anderson 2006).
Therefore function betadisper tests homogeneity of treatment variances or
dispersion among treatments, where the null hypothesis is that there is no difference
in dispersion between communities. Homogeneity of variances is thus an assumption
of function adonis, which tests dissimilarity of treatment centroids (treatment
means, H0=the centroids are equivalent for all treatments). Although McArdle &
Anderson (2001) argue the type of distance metric used does not influence
PERMANOVA results, we used a semi-metric Bray-Curtis, a recommended
dissimilarity measure for community data (Clarke et al. 2006). Plot was used as a
block factor for randomisations, as replicates within plots were more similar than
between plots (DK1, DK2, DK4, DK6, DK7). The pseudo F-statistic (F=(SSamong/a1)/(SSwithin/N-a)) used by PERMANOVA is based on sequential sums of squares from
permutations of the raw data. Significance for both adonis and betadisper null
hypotheses was tested with permutational tests (999 permutations); results were
represented with Principal Coordinates Ordination based on a Bray-Curtis
dissimilarity matrix.
To investigate what environmental variables determine the distribution of arthropod
assemblages, we used redundancy analysis (RDA, Oksanen et al. 2017). To check for
correlation between variables and to select the most influential ones for arthropod
and carabid assemblages, we implemented a forward selection procedure with
"packfor" (Dray et al. 2013), which uses the preselected significance level alpha
(α=0.05 by default) as the main stopping criterion, and an adjusted R 2 (Blanchet et al.
2008) as a second stopping criterion.

6.3. RESULTS
The dataset contained a total of 91,810 specimens, belonging to 4 different phyla
(Appendix 6, Table A6.3, full arthropod dataset). Arthropods accounted for circa
98.6% of the assemblage, with the most abundant taxa being Opiliones (31.3%),
Coleoptera (28%) and Acari (10.4%).
A total of 7,164 individuals, circa 8% of the overall total, were carabid beetles (Family
Carabidae). These comprised 20 different species and 9 tribes were identified. There
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were five species with high occurrence (>20% of samples) throughout all treatments:
Carabus glabratus, Pterostichus niger, Carabus problematicus, Nebria salina and
Loricera pilicornis. Abundance-based species accumulation curves revealed that
sampling effort was adequate to characterise arthropod assemblages and carabid
communities as most curves reach a plateau (Figure A6.2).

6.3.1 - Effect of Restoration Technique on Community Composition
and Taxonomic Measures
We obtained a good fit for the NMDS ordination model of arthropods at k=3
(stress=0.14), and carabids at k=2 (stress=0.18) (Figure A6.3). However, it is difficult
to interpret NMDS results in three dimensions (Figure A6.4), and thus a k=2 model
with a fairly good fit (stress=0.21) has been used instead to explain the results.
Similar trends were found for arthropod and carabid assemblages, with forestry and
blanket bog treatments clearly distinct in both cases, although high intersection
between restoration treatments was observed.
In arthropods, forestry and bog samples showed different assemblages along the first
axis. There was, though, substantial intersection between treatments, particularly
restoration, along the second axis. Among these, the core composition of all
restoration treatments was very similar, but some taxa showed preference for
certain restoration types. Bog was characterised by the presence of Nicrophorus
vespilloides carrion beetles, Bdellidae mites and Myrmica ruginodis ants. Forestry
was characterised by arthropod soil mites (Trombiculidae, Phthiracaridae,
Oribatidae, Damaeidae), litter rove beetles (including Pselaphidae) and harvestmen
(Nemastoma bimaculatum) (Figure 6.3.1A, left). In general, restoration samples
showed a core dominance of carabids, springtails, harvestmen, click beetles, aphids,
spiders, nematocera flies and ichneumonids, which also corresponds to fine brash
treatments (NBR). Drier brash treatments hosted parasitic taxa such as ticks and
fleas, as well as brachycera and tipulid flies, mesostigmata mites, fungi beetles
(Leiodidae) and rove beetles; whilst enhanced treatments showed Hemiptera bugs
and dung beetles (Scarabeidae). The BR-NBR-EE gradient observed along the second
axis indicates that, in the short-term, these treatments do not seem to have a
substantial impact on arthropod assemblages.
In the case of carabids, the first axis showed a clear differentiation between forestry
and bog. The three restoration treatments overlap with each other to great extent,
but they are largely placed between bog and forestry along this first axis. Bogs were
largely characterised by C. problematicus, A. fuliginosum, P. nigrita/rhaeticus, A.
ericeti and D. globosus. Forestry was represented by T. obtusus and P. assimilis
(Figure 6.3.1A, right), which are often regarded as eurytopic species that do not
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Figure 6.3.1A. NMDS unconstrained ordination for arthropods (left) and carabids (right). Treatment hulls are drawn by the standard deviation of
point scores. Code names for all taxa and species are shown in Table A6.3. Treatments: B - open blanket bog; NBR - fine standard brash; BR coarse brash; EE - enhanced brash; F - forestry.

B

NBR

EE

B

particularly favour bog conditions. However, many carabids tend to be pioneer
species (e.g. Januschke et al. 2014), often attracted to emerging habitat
heterogeneity and microclimatic pockets created by restoration. Despite the
similarity in carabid composition between restoration treatments, the assemblages
were dominated by tyrphophile species that have been demonstrated to have a
certain degree of affinity with blanket bog habitats such as P. adstrictus and T.
rubens (although not necessarily in this thesis), and more generally eurytopic species
that might favour open and upland environments such as L. pilicornis and N.
biguttatus. An exception is the case of E. cupreus, where individuals have a strong
association with wetland habitats, but in Britain they are rarely found on peat,
especially in association with Sphagnum (National Museums Northern Ireland 2009).
The coefficients of variation of diversity indices (Table 6.3.1A) revealed that species
richness was the most variable metric throughout treatments in arthropod
assemblages (CVA=25.07) and carabid communities (CVC=48.78); whilst Pielou's index
was the least variable metric used (CVA=18.08; CVC=14.88). The high evenness
observed in most arthropod and carabid treatments reflects the fact that no
dominant taxa were observed at this stage of the restoration, except perhaps in the
case of NBR, where Opiliones, Araneae, Collembola and Carabidae tend to be more
abundant than other taxa.

Treatment
F
BR
NBR
EE
B
CV Av
CVA Range
F
BR
NBR
EE
B
CV Av
CVC Range

1-D
0.84
0.80
0.66
0.71
0.82
0.67
0.56
0.66
0.56
0.66
-

CV1-D
33.53
40.95
32.70
21.76
17.09
29.20
23.86
3.43
10.53
18.84
10.15
2.98
9.18
15.86

J
0.80
0.71
0.56
0.63
0.68
-

Arthropods
CVJ
10.66
32.90
21.64
17.36
14.82
19.47
18.08

S
28
37
31
29
32
-

CVS
39.27
40.25
42.73
45.11
20.04
37.48
25.07

H
0.74
0.74
0.43
0.42
0.66
-

CVH
21.48
43.59
38.05
28.24
23.53
30.97
22.11

0.94
0.73
0.79
0.70
0.64
-

Carabids
5.15
12.51
20.03
8.23
6.44
10.47
14.88

5
13
13
14
12
-

37.79
21.83
30.12
70.61
24.08
36.28
48.78

0.40
0.53
0.68
0.53
0.65
-

16.67
30.32
51.33
38.1
10.35
29.35
40.98

Table 6.3.1A. Simpson's diversity (1-D), Pielou's evenness (J), species richness (S) and
Shannon's diversity (H) per treatment. Coefficient of variation (CV) is given for each metric,
CV average and CV range (minimum-maximum values) per treatment. Index average
values per treatment can be found in Table A6.4.
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All arthropod diversity measures showed a significant association with treatment:
species/taxa richness (χ2=21.34, p=0.006), Simpson's diversity (F=5.67, p=0.001),
Shannon's diversity (F=5.58, p=0.001) and Pielou's evenness (F=9.08, p<0.001).
Restoration treatments showed in general intermediate values for these taxonomic
indices, with the highest values found in BR, where a complex habitat structure
caters for the wide range of ecological preferences displayed by arthropod
assemblages. Bog tends to display the highest values of taxa richness, perhaps due to
the presence of tyrphobiont families that are not found in other type of habitats, and
generally lower evenness due perhaps to microhabitat specialisation. Forestry, on
the other hand, displays the highest level of evenness reflecting a homogeneous
habitat structure throughout the forest floor, and taxa richness was particularly low,
confirming previous findings that exotic conifer plantations are generally speciespoor (e.g. Paritsis & Aizen 2007) (Figure 6.3.1B, top).
In carabids, a significant association with treatment was found for Shannon's
diversity (F=6.05, p<0.001) and species richness (χ2=38.94, p<0.001), whilst Simpson's
diversity (F=0.56, p=0.690) and Pielou's evenness (F=0.74, p=0.566) had no significant
association with treatment type. Within restoration treatments, there were
intermediate values for all metrics. NBR displayed the highest values for all
taxonomic measures among brash treatments, indicating that carabid
richness/diversity responds positively to an intermediate level of habitat structure
dominated by mid-size brash logs and other felling residue. Bog displayed the highest
values of species richness in carabids, likely due to disturbance prompting pioneer
behaviour in more vagile carabids; and the presence of tyrphobiontic species (e.g. A.
ericeti) that are exclusively found in bog (Chapter 3). Bog displayed the lowest
species evenness however, possibly reflecting carabid microhabitat specialisation.
The opposite trend was shown in forestry, where evenness was highest, a
combination perhaps of a simpler habitat structure and the specialist hunting
behaviour of some of the few carabid species found there (e.g. C. caraboides) (Figure
6.3.1B, bottom).
All GLM models are summarised in Table A6.4.

6.3.2 - Differences between Treatments
Significant differences between treatments were found for arthropods (PseudoF=9.97, R2=0.51, p=0.001), with treatment explaining 51% of the variation observed
in the PERMANOVA. Significant differences between treatments were also found for
carabid assemblages (Pseudo-F=7.79, R2=0.46, p=0.003), where treatment explained
46% of the variation. The assumption of homogeneous multivariate dispersions
among treatments was met for arthropods (Pseudo-F=3.02, p= 0.029), but barely met
for carabid communities (Pseudo-F=2.56, p= 0.054). Although the assumption of

220

ARTHROPODS
Simpson

J

S

H

1.00

Value

0.75

0.50

0.25

EE
B

F
BR
NBR

B

BR
NBR
EE

F

B

F
BR
NBR
EE

B

NBR
EE

F
BR

0.00

Treatment
B

BR

EE

F

NBR

CARABIDS
Simpson

J

S

H

1.00

Value

0.75

0.50

0.25

EE
B

F
BR
NBR

B

BR
NBR
EE

F

B

F
BR
NBR
EE

B

NBR
EE

F
BR

0.00

Treatment
B

BR

EE

F

NBR

Figure 6.3.1B. Taxonomic measures for arthropod assemblages (TOP) and carabid
communities (BOTTOM). Index values were pooled per treatment to obtain average values.
From left to right: Simpson's Index (1-D), Pielou's Evenness (J), Species richness (S) and
Shannon's diversity (H). Species richness and Shannon's index have been rescaled to 0-1.
Black bars show standard deviation. BR - brash; EE -enhanced; F - forest; NBR - non-brash.
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homogeneity in variance dispersion was met for the PERMANOVA analysis,
statistically speaking the result was not very robust and it is possible that the analysis
shows an artefact of heterogeneous dispersion, since PERMANOVA is a robust test
for balanced designs, but sensitive to heterogeneity for unbalanced designs
(Anderson & Walsh 2013). The marginally significant homogeneity of variances was
likely due to high dispersion and skewed distribution of the median displayed by
carabid communities in all treatments except bog (Figure 6.3.1C, right).

Carabids

0.0

0.1

0.2

0.1

0.3

0.2

0.4

0.5

0.3

0.6

0.4

0.7

Arthropods

B

BR

EE

F

NBR

B

BR

EE

F

NBR

Figure 6.3.1C. Boxplots of arthropods (left) and carabid assemblages (right) representing
the distance from each sampling point to treatment centroids (centre of the distribution) in
a multivariate space. BR - brash, EE - enhanced, F - forestry, NBR - non-brash. Middle black
line in the box is the median, upper and lower limits are first and third quartile and
whiskers indicate extreme values.

The assemblage composition of arthropod restoration treatments is still quite
different to that of bogs (Figure 6.3.1D). In carabid communities, there is a weak
restoration gradient (EE - BR - NBR) that suggests that the communities found in
restoration treatments, in particular NBR, are showing signs of transforming to
become more like bog characteristic carabid communities.

6.3.3 - Relationship between
Environmental gradients

Assemblage

Composition

and

Five main environmental/habitat variables significantly explained variation in
arthropod assemblages: soil temperature (adjR2=0.186, F=10.65, p=0.001), plot
perimeter (adjR2=0.277, F=6.16, p=0.001), brash height (adjR2=0.345, F=5.13,
p=0.001), brash cover (adjR2=0.382, F=3.34, p=0.002) and distance to road
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(adjR2=0.420, F=3.46, p=0.001). The first axis (RDA1=23.7%, p=0.001) is associated
with a gradient, from bog to all other treatments, also connected with decreasing
plot perimeter length and soil temperature, to increasing brash cover. The second
axis (RDA2=14.2%, p=0.001) is associated with increasing brash height and distance
to road (Figure 6.3.1E). Bog habitat is not distinctly characterised by any taxa but the
ordination suggests a potential association to groups such as ants (M. ruginodis),
spiders (ARA), mites (ERY) and aphids (APHI). Forest habitat is differentiated from
other treatments by forest litter-associated taxa, such as litter-associated rove
beetles (MCL). BR shows a great amount of variation, providing a species-rich
heterogeneous habitat characterised by phoretic mites (MESO), fungi beetles
(LEI), ticks (IXO) and a carrion beetle (NVES) (likely as a result of a higher density of
small mammals, such as shrews, that find cover in the brash piles), ichneumonid
wasps (ICH) that often parasitise insect larvae and pupae, springtails (COLL)
commonly found in litter and decaying material, weevils (CURC) such as Hylobius
abietis that use freshly felled conifers and brash to lay eggs (Leather et al. 1999), and
staphylinids (STA). Lastly, EE slightly overlaps with NBR, with bog treatments showing
high abundance of harvestmen (OPI).
Five main environmental/habitat variables explained variation in carabid
communities: soil temperature (adjR2=0.115, F=6.47, p=0.001), brash cover
(adjR2=0.198, F=5.23, p=0.001), soil moisture (adjR2=0.260, F=4.34, p=0.001),
distance to pools (adjR2=0.290, F=2.66, p=0.008), and brash coarseness (adjR2=0.315,
F=2.40, p=0.019). The first axis (RDA1=16.7%, p=0.001) is associated with a gradient
of increasing brash cover and coarseness from bog to restoration treatments; whilst
the second axis (RDA2=13%, p=0.001) shows a decreasing trend in distance to bog
pools and an increase in soil temperature and moisture from forestry to restoration
treatments (Figure 6.3.1F). Bog is not strongly associated with any carabid species in
the short-term, although there is a suggestion that species such as C. problematicus
and P. nigrita could be associated with it in the long-term (Chapter 3). Forestry is
only associated with one carabid species, T. obtusus, with pine needles providing a
microhabitat with generally lower temperature and moisture levels. All restoration
treatments have common characteristics, with BR being the most variable and
overlapping with most of EE and the majority of NBR. EE shows a high abundance of
L. pilicornis, an open habitat species that tends to be found near water; whereas BR
and NBR display a collection of eurytopic and tyrphophilous species such as C.
glabratus, N. salina, P. diligens, L. terminatus, N. biguttatus and C. problematicus. A
number of carabid species do not seem to be associated with any particular
treatment, e.g. E. cupreus and A. fuliginosum, although they clearly show a
preference for wetter habitats as they have been found in enhanced and bog
treatments respectively.
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Figure 6.3.1D. PERMANOVA
results=for
arthropod assemblages and carabid beetles. Treatment centroids are represented by labels, with each
transect point spreading from the centre. Hulls represent the standard deviation of each treatment centroid (treatment labels). BR - brash
(black); EE - enhanced (red); F - forestry (green); NBR - non-brash (blue).

-0.2

0.6
0.4
0.2
0.0
-0.2

225

-0.8

-0.6

B

NBR

-0.2

0.0

0.2

RDA1 (23.7%, p=0.001)

-0.4

BR

F
B

0.4

MCL

CURC
COLL
ARA ICH
MRU NVES
NBI
NEM DAM
LEI
MESO

CAR

EE

OPI
RDA2 (14.2%, p=0.001)

-1.5

-1.0

PPER

TA

0.0

BRH

0.5
RDA1 (23.7%, p=0.001)

-0.5

DROAD

1.0

BRCV

Figure 6.3.1E. RDA triplot with forward selected variables in arthropod assemblages. Taxa/species are shown in black (left, Table A6.3 for
taxa/species codes), with some species represented by a circle to avoid label overlapping (Taxa scores found in Table A6.5). Treatment hulls draw
the standard deviation from point scores. Codes for forward selected variables are shown in Table 6.2.3A. Permutation test by axis showed that
the first 3 axes were significant. Scaling = 2. EE - enhanced; BR - standard coarse-brash; NBR - standard fine-brash; F - forestry; B - bog.

RDA2 (14.2%, p=0.001)

0.6

0.4

0.2

0.0

-0.2

-0.4

1.0
0.5
0.0
-0.5
-1.0

226

-1.0

B
NBR

0.0

PAD
CGLA

CYCA

PASS
NBIG

TOB

RDA1 (16.7%, p=0.001)

-0.5

CPRO

AFU
PDIL

F

EE

0.5

LPIL

BR

RDA2 (12.7%, p=0.001)

-1.0

0.0

0.5
RDA1 (16.7%, p=0.001)

-0.5

TA

MOI

1.0

BRCV

BRCR

DPOOL

Figure 6.3.1F. RDA triplot with brash treatments (left) and forward selected variables (right) in carabid assemblages. Species are shown in black
(left, Table A6.3 for taxa/species codes), with some species represented by a circle to avoid label overlapping (Species scores are shown in Table
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6.4. DISCUSSION
6.4.1 - Short-term Effect of Brash Management on Community
Composition and Taxonomic Measures
To our knowledge, this is the first time that the short-term response of arthropod
assemblages and carabid communities to brash management in restored afforested
blanket bog is evaluated. The initial NMDS ordination shows significant overlap
between restoration treatments and bog, as bog can be seen as a subset of the larger
set of arthropods represented in restoration treatments. However, arthropod
assemblages differed taxonomically between restoration treatments, without clear
indication of similarity with bogs in community composition after 2 years of
restoration. Due to the short-term scale of this study, the fact that most bogs have a
slow recovery time (Lindsay et al. 2016), and the ecological preferences of aboveground arthropods, we would not have expected any substantial shift towards bog
assemblages at this stage of restoration. However, we did find differences between
arthropod assemblages and carabid communities with regards to taxonomic
measures, with arthropod assemblages seeming to prefer more structurally complex
habitats (BR), and carabid communities preferring habitats that show intermediate
habitat structure stages (NBR). We believe this to be a reflection of their ecological
requirements, since arthropod assemblages include species that primarily live in
vegetation or other structures above the ground (e.g. orb spiders, bugs), whilst
carabids are primarily ground dwelling beetles. However this highlights the value in
studying arthropod assemblages to the species level in order to fully understand
their ecological requirements.
It is worth making a distinction between species abundance, species richness, and
community composition. In forest restoration, for example, similar arthropod
abundance and richness than that of forest can be achieved in the short-term, but
community composition can remain quite different even though a temporal trend
towards the reference site can be observed in long-term studies (Pais & Varanda
2010). We also know that open habitat carabids respond slowly in boreal forests,
with community composition taking longer than species abundance and richness to
resemble the reference community, but can rapidly increase in abundance and
species richness in the second and third year after felling (Koivula et al. 2002; Koivula
& Niemelä 2003). We also know that both spatial and temporal factors affect
peatland arthropods (Coulson & Butterfield 1985). However, the similarities between
treatments in multidimensional space and their taxonomic metrics suggests that the
differences observed were perhaps not due to taxa/species identity as such but
rather their abundance, or more accurately, their activity/density. Some arthropod
groups are found in all treatments, including forestry and bog controls, yet their
activity/density (abundance) varied greatly at the taxon level; greater habitat and
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microhabitat preferences may have been distinguishable at the species level, though
logistical constraints prevented a finer scale of identification being acheived. So at
the taxon level, for instance, staphylinids were found in similar activity/density in
forestry and NBR treatments, but staphylinids were half of NBR for EE treatments,
but BR was one third the level of NBR. Similarly, spiders were found in low numbers
in forestry, but more than twice as many spiders were found in BR, showing similar
intermediate values between forestry and BR for NBR and EE treatments. Such
differences are more acute in particularly high activity/density taxa such as Opiliones,
which were roughly twice as abundant in NBR than BR or EE treatments, and five
times more abundant in NBR than in forestry. A similar response was observed at the
species level in carabids, where the activity/density of species such as L. pilicornis or
N. salina were twice or three times higher between restoration treatments. Thus, the
overall short-term response of arthropods and carabids to brash management was
sometimes a sharp reduction in abundance of typical forest species, and an increase
in habitat generalists or open habitat species, whilst still widely distributed across
treatments, something that has been observed in carabid studies in boreal forests
(Niemelä et al. 1996). Such changes in species activity/density could be explained by
changes in microclimate, loss of refuge or feeding resources, all of them directly or
indirectly linked to brash presence (e.g. Bird & Chatarpaul 1986; Gunnarsson 1996;
Bengtsson et al. 1997).
These changes in species activity/density referred to above are reflected in the
taxonomic metrics calculated. Forsinard is characterised by a matrix landscape of
relatively small habitat fragments (compared with the overall size of the reserve and
the original extension of open blanket bog) that could be easily reached by more
vagile taxa (e.g. crossover effect, Magura & Lövei 2017). Differences between
habitats in abundance and species richness are often found in soil arthropods (e.g.
Čuchta & Starý 2015), but perhaps not all taxonomic metrics might be appropriate
for monitoring arthropods in the restoration of afforested bog (e.g. Drozd et al.
2009). Within peatlands, blanket bogs tend to display lower arthropod species
richness than other types of peatland (Batzer & Boix 2016), yet taxonomic identity is
important because bog arthropod assemblages are characterised by tyrphobiontic
species. In this sense, it may be misleading to aim for higher values in taxonomic
diversity (Simpson and Shannon), evenness or even taxa richness in restored
arthropod assemblages, and perhaps it would be more appropriate to look for
responses to an ecological gradient that reflects the type of treatment, i.e. moisture,
as hygrophilous species will tend to be associated with bog or bog-like habitats.
Furthermore, in the short-term study (within 2 years of restoration) reported on
here, we are observing the initial response of arthropod assemblages and carabid
communities to brash management. When looking at species richness and Shannon's
diversity in carabid communities, we can be encouraged by a generally positive trend
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from forestry to blanket bog. However, long-term monitoring would be required to
assess what type of brash management provides the best conditions for the reestablishment of arthropod assemblages, including carabid beetles.
In a sense, the differences in community composition may be indicative of the
restoration trajectory that these communities might follow. These differences can be
difficult to tease apart at this early stage of restoration, but perhaps looking at the
species level can be more informative. For instance, the transitional state of the
assemblages we have documented is shown by the range of carabid species found in
restoration that are not usually found in bog. Most of the carabids found in this study
were not particularly prominent in the bog communities studied in Chapter 3, where
effectively the restoration applied was BR. This was perhaps related to the fact that
carabids seem to favour intermediate brash management strategies (NBR). In
Chapter 3, for instance, P. adstrictus was present in mid- to late restoration; whilst T.
rubens, of which only one specimen was found, was also present in mid-restoration.
In this study, E. cupreus was found in EE, but was not found in the chronosequence
documented in Chapter 3, even in the wettest restored sites. Although information
regarding the ecological preferences of peat bog carabids is scarce, all these species
seem to be rather hygrophilous (Luff 2007), with a varying degree of affinity for peat
bogs (Chapter 3). At this stage of restoration, however, it is difficult to know if their
presence here is due to their response to initial disturbance, their hygrophilous
nature, or the association with perhaps a simplified habitat structure as, for instance,
EE treatments, which are generally wetter, also display low brash levels more or less
equally distributed across the site.

6.4.2 - Differences between treatments
All treatments were found to be significantly different in terms of taxa/species
abundance and composition, for both arthropods and carabids. Taxonomic diversity
measures were also significantly different for arthropod assemblages between
treatments, whilst in carabids only Shannon's diversity and species richness were
significant. Furthermore, homogeneity of variances was barely met in carabids,
making difficult to ascertain if the significance observed was due to differences in
treatment means or differences in treatment dispersion. Because we had a nested
design, plot type was used as a nesting factor; yet high dispersion was found for all
treatments except bog (differences between bog replicates were discussed in
Chapter 3, as the same bogs were used in both chapters). High dispersion is to be
expected when the sites have recently experienced extreme disturbance (e.g.
Niemelä et al. 1996), as is the case in this short-term study. There could potentially
also be some discrepancies due to slight differences in the application of the
restoration management by different contractors across plots. Yet, PERMANOVA
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results still show significant differences between treatment means in the abundance
of arthropod and carabid assemblages, supporting the idea that different arthropod
taxa can respond differently to disturbance (Swart et al. 2017, General Discussion),
and perhaps strongly to habitat structure.
We are also observing a shift in taxa/species dominance, as forest specialists tend to
disappear after felling and are replaced by habitat generalist species, as well as those
favouring open habitats. Species richness was the most variable metric throughout
treatments in arthropod assemblages and carabid communities, which is not an
unusual trend in the restoration of arthropod assemblages in other type of habitats
(e.g. semideciduous forests Pais & Varanda 2010). In arthropods, restoration
treatments show a bit more variation in species richness (SBR=37, SNBR=31, SEE=29),
but this is perhaps because pioneer hygrophilous taxa rapidly assemble in EE
restoration plots; whilst carabids show similar species richness is observed in
restoration (SBR=13, SNBR=13, SEE=14). Compared to restoration, bog displays
intermediate species richness values (SART=32, SCAR=12).
Of all the restoration approaches tested here, enhanced restoration is hypothesised
to allow the recreation of bog conditions more accurately due to a quick rewetting
response. This has been shown to be the case in other peatland restoration projects
(Haapalehto et al. 2011), and the removal of brash allows for the recolonisation of
peat-forming vegetation in bog-like nutrient-poor conditions. However, we would
not expect blanket bog vegetation to form in restoration areas within the timescale
that we monitored, especially considering that species turnover after drainage tends
to be low (Vasander 1982). Enhanced restoration will likely attract more
hygrophilous species, which may have partly aquatic life cycles and could be less
mobile or more sedentary than less hygrophilous species. However, most of the manmade pools created in these treatment tend to be homogeneous in size, which
significantly reduces the number of taxa that can recolonise these new habitats
(Beadle et al. 2015). The two brash treatments, on the other hand, may attract more
generalist species and, in the case of BR, probably still a considerable amount of
forest species.
As this experiment focuses on recently restored sites, regardless of the particular
brash management applied, there will still be at least some quantity of brash to
facilitate persistence of forest species and, more importantly, tree stumps that
remain in place and can provide breeding resources for saproxylic species, such as
weevils. In addition, we have observed, in later restoration stages in Forsinard, some
regrowth of conifer saplings that, if not actively managed, might sustain forest
taxa/species; and more importantly, could be hampering the recolonisation of typical
bog species. However, brash removal should significantly decrease the abundance of
forest arthropods as the food supply and breeding substrate for a substantial
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proportion of species is largely taken away (Nittérus et al. 2004; Rudolphi &
Gustafsson 2005). Drained mires, with a thick peat layer and high amount of mineral
soil, tend to limit conifer growth (Moilanen et al. 2010), whilst the type of felling
management used has been shown to affect understory vegetation in boreal forests
(Jalonen & Vanha-Majamaa 2001) and will likely have similar effects on conifer
plantations. These two elements, coupled with blocking of ditches and brash
removal, could become an effective management strategy to limit re-growth of
conifer saplings and encourage bryophyte growth in newly rewetted areas. This may
promote the conditions needed for characteristic bog arthropods to return.
Brash management could be seeing as a reduction of natural site productivity, as the
nutrient rich components of woody biomass, such as foliage and twigs, are removed
(Mälkönen 1976). This pulse of nutrients could be seen as a boost of site productivity
to some extent, but in naturally nutrient-poor peatlands, the risk of nutrient leaching
to water bodies in afforested peatlands could be sizeable, in particular leaching of
phosphorus (Kaila et al. 2015). In this study we have not assessed the impact of brash
management on the nutrient cycling of blanket bog, but with the results obtained,
we argue that the actual amount of brash left on-site could have both a direct impact
on arthropod assemblages that rely on structural complexity for their life cycle, as in
the case of carabids (Gunnarsson et al. 2004), and also an indirect impact by affecting
bryophyte communities, impacting those taxa that rely on bryophyte habitat
engineering (creation of microforms) for their life cycles (Åström et al. 2005). It is
worth noting that the layer of pine needle found on top of the soil in forestry
remains untouched after EE restoration is applied, because removing too much brash
would lead to exposed bare peat. This could have additional implications for
sheltering, breeding and hunting opportunities of above-ground arthropods, which
may lead to significant short-term changes in the abundance of a range of carabids
and other arthropods (Nittérus & Gunnarsson 2006). Increasing the exposure cover
of bare peat would also have an impact in the carbon budget of the peatland, as bare
peat leads to drying out, cracking and thus an increase in gas fluxes (Mäkiranta et al.
2012). This can deviate from one of the primary habitat restoration goals, which is
achieving a net carbon sink, and require further intervention to address the issue
that will have more impacts in arthropod assemblages.

6.4.3 - Brash defines structural microhabitat in restoration sites
In the peatlands restored from afforestation studied here, the type of brash
management applied determines the initial microhabitat structure, specifically in the
form of brash cover, brash height and brash coarseness. Although we are limited by
the lack of literature looking at arthropod response to brash management in
afforested peatlands, it is possible to envisage the restoration of afforested blanket
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bog as a type of clear-felling management that leads to restoration rather than
further planting. We have chosen to characterise the arthropod response to brash
management in peatlands by the type of habitat rather than the type or amount of
brash found, because in that content we can use brash management studies of forest
arthropods and carabids to inform our results and provide recommendations for
future research.
In a range of forest management strategies, brash cover and brash height are
positively correlated with carabid abundance (Niemelä et al. 1996; Gunnarsson et al.
2004; Lassau et al. 2005; Vanbergen et al. 2005; Nittérus & Gunnarsson 2006).
Nonetheless, arthropod taxa initially display mix responses to felling disturbance
and/or brash management due to their wide range of ecological requirements
(Koivula & Niemelä 2003). For instance, carabid abundance can respond negatively to
brash removal whilst spider abundance may remain unaffected (Nittérus &
Gunnarsson 2006). In the case of carabids, it has been suggested that aggregation
distribution patterns observed in conifer forests can be due to active selection of
microhabitat by carabid species, most of which are ground predators. Thus, we
would argue that active selection of microhabitats could be extrapolated to other
arthropods in restored afforested blanket bog. This could include, for example,
utilising brash piles as shelter from predators (e.g. reptiles, amphibians, shrews and
birds), and also from harsh environmental conditions such as strong winds, rain or
intense sunshine. This would be particularly relevant shortly after felling for forest
species that persist on site and have a preference for closed habitats, or species
closely linked to particular gradients of moisture or temperature and which are at
risk of desiccation. In consequence, predatory arthropods may find brash to be ideal
hunting grounds, since many prey species will utilise brash for protection, shelter or
ovipositing.
Brash cover with a high degree of coarseness has been identified as an important
habitat for open habitat carabids in clearcut forests (Pearce et al. 2003), but little
research is available for arthropod assemblages. In this study brash is not a natural
feature of open blanket bog, however it might provide a buffer restoration habitat
for open habitat carabid species in the transition from forestry to bog. This may only
be a temporary state, as the structural complexity offered by brash cannot sustain
the complex environmental conditions characteristic of blanket bog that are
modulated by bryophytes and ericaceous shrubs. Bryophytes can modify soil
conditions and their internal climate relative to ambient conditions (by buffering soil
temperatures, reducing water evaporation and, providing moisture), thus allowing
many arthropods to survive (Biström & Pajunen 1989) and thrive in extreme
conditions (Gerson 1969) such as those found in blanket bog. Bryophytes also act as
foraging ground, ovipositing substrate and refugia from predators (Drozd et al. 2009),
and their spatial distribution most likely drives the community composition of
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arthropods across bogs, e.g. (Bezděk et al. 2006; Mieczan et al. 2014). However, the
ecological characteristics of many peatland arthropods are not well understood, and
it is therefore difficult to ascertain the true degree of affinity to blanket bog of many
of the arthropods examined in this study. There are only a few studies investigating
within-patch microhabitat utilisation (Främbs 1994), or within-peatland distribution
(Bezděk et al. 2006) in arthropods, or the link behind differential responses between
taxa, such as above-ground arthropods and flying arthropods. Thus, both the tyrphonature of peatland arthropods and blanket bog microhabitat use constitute clear
knowledge gaps that should to be addressed in order to aid understanding of the
response of these taxa to the restoration of afforested peatlands.

6.4.4 Future research
We aimed, here, to test the short-term response of arthropod communities to
restoration techniques. Following the results obtained in Chapters 3 and 4, it would
be of much interest to evaluate the long-term response of arthropods and carabid
communities to brash removal management. Specifically, there would be merit in
assessing if brash might act as a temporary microhabitat replacement in the
restoration process. This would be particularly relevant in the case of species for
which ecological preferences are not well known, as it would help understanding
species distribution patterns and affinity to treatment types. For instance E. cupreus
was only found in some enhanced treatments, and we only know that, at least in
Ireland, it favours wetlands and avoids bare peat or Sphagnum vegetation (National
Museums Northern Ireland 2009). In fact, it would be desirable to identify all
arthropods to species if possible, as different taxa may display varying responses to
restoration management and such analysis may help with identifying trade-offs in
cost-efficient conservation of biodiversity (Ahtikoski et al. 2017). Other restoration
techniques are currently being trialled in Forsinard, such as stump flipping or stump
harvesting. The latter is primarily directed at reducing pests (saproxylic insects) and
increasing biofuel mass, and show no evident long-term effects on beetle
assemblages in clear-felled conifer plantations (Shevlin et al. 2017). However, these
approaches might be used in conjunction with brash removal for an integrated
peatland restoration plan to promote characteristic blanket bog arthropod
assemblages and other ecosystem services of interest.

6.4.5 Conclusions
After two years of brash restoration management we conclude that there are
noticeable differences in arthropod assemblages, and to a lesser degree, carabid
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communities, between the three restoration treatments examined. Assemblages
have moved away from forestry, but no significant shift towards characteristic bog
assemblages is yet apparent. Taxonomic metrics (diversity indices) might not always
be suited to evaluate restoration efficiency since higher arthropod abundance and
species richness might not be the desired target in blanket bogs. Taxonomic identity
(species), on the other hand, is useful in the identification of tyrphophile and
tyrphobiontic species in the assemblage. Brash cover and brash height has been
identified as a structural habitat component that influences arthropod taxa
abundance and distribution, rather than assemblage composition, whereas carabids
are more responsive to brash coarseness, brash cover and wetness proxies. While
this short-term study suggests that the type of brash and how it has been spread onsite might have an influence on the response of arthropod assemblages, long-term
studies and regular monitoring are required to better understand the potentially
variable responses of arthropod assemblages to brash management.
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6.5 APPENDIX 6
Table A6.1. Description of the three sub-treatments within standard and enhanced
restoration treatments investigated in Chapter 6.

STANDARD BRASH & FURROW BLOCKING
Trees are felled and, if big enough, they are stripped and harvested (set aside on the
boundary of the plot near the main track to be collected by a timber lorry later on). Brash is
then left onsite covering ridge/furrow features (brash lines may or may not follow ridges; in
some standard replicates brash mats have been set for machinery and may cross ridges
perpendicularly). Also, there are areas covered in brash alternating with areas almost free of
brash in some, the latter looking very much like forest understory (Figure 1); whereas in
others brash has been crushed/mulched and evenly spread throughout the site, i.e. DK4; and
although furrows may be partially blocked by brash, peat dams are absent (Figure 2 in
comparison to Figure 3). Only collector drains are blocked under standard blocking
management.

Figure 1. DK3 Standard management (April 2016). On the left, a brash-free ridge with tree stumps
running along the ridge on each side, being the original peat surface, primarily covered by pine
needles, the space between them. On the right, a ridge covered in the brash left after stripping the

trees.
Figure 2. DK4 Standard management (April 2016). The whole plot is homogeneously covered in
mulch, with some brash found in furrows as well.
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ENHANCED BRASH & FURROW BLOCKING
Trees are felled and stripped as in the standard brash management, and the collector drain is
blocked. Additionally, enhanced furrow blocking involves blocking furrows with brash and
creating peat dams that might cause some disturbance to the original structure of the ridge
(Figure 3). Denser brash is removed from the site once the furrow blocking is complete,
leaving a variable amount of lighter tree debris scattered across the plot.

Figure 3. TOP ROW. DK3 Enhanced management (April 2016).On the left, a ridge flanked by blocked
furrows that show characteristic pools created by peat dams once the water table rises. On the
right, some damage inflicted by machinery in the ridge structure whilst creating peat dams to block
furrows. BOTTOM ROW. DK4 Enhanced management (April 2016). Both pictures show pools created
after furrow blocking.

Three brash treatments can be differentiated by the amount of brash left in the ridge:
1 - Standard brash. It has the highest amount of brash, it hasn't been crushed because it was
just left onsite after stripping the trees.
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2 - Standard non-brash. In the ridges where the machine was working, the surface mainly
comprises pine or spruce needles on the surface, resembling the forest understory usually
found in these plantations (mainly pine needles, mosses, i.e. Sphagnum spp., Polytrichum
spp. mosses and fungi but no low height vegetation).

3 - Enhanced. Most of the brash has been removed from the site so little wood debris is left
on the ridges.
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At treatment level, brash can be categorically accounted as follows: Standard brash = 1;
Standard non-brash = 2 and Enhanced brash = 3.

Standard non-brash might resemble more a forest treatment than other restoration
treatments, but it can easily be distinguished from it by the absence of canopy.

FOREST
Tree plantations follow a standardised arrangement of ridges and furrows, with trees being
planted on both flanks of a ridge and furrows, including a main collector drain strategically
located where water flows to help drain the site.

Table A6.2. Dichotomous key for the selection of pitfall trap locations for restoration
treatments in Dyke plantation (Chapter 6).

1

a) Treatment replicates with 1 block → Go to 2
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b) Treatment replicates with 2 blocks → Go to 5
c) Treatment replicates with 3 or more blocks → Go to 7

2

a) For STANDARD treatments, the plot is equally divided into 4 sub-plots. Standard
brash and standard non-brash treatments are assigned randomly to the sub-plot,
having 2 blocks for standard brash and 2 blocks for standard non-brash. Each block
contains one transect → Go to 3
b) For ENHANCED treatments, the plot is equally divided into 2 blocks. Both blocks
are enhanced brash treatments, each block containing one transect → Go to 4
N. B. The centre of the plot, irrespective of plot size, must be the greatest distance
from the treatment edge (at least 30 metres).

3

a) STANDARD BRASH. The direction of the transect is assigned randomly, always
following the brash line (in some locations brash lines might not run parallel to the
ridge/furrow arrangement). A 4 trap transect is set on the original peat surface of
the closest ridge (covered in brash) to the centre of the plot. If the closest ridge is
unsuitable, i.e. there is a wet clearing where trees were never planted or trees
were planted but never established, the next closest suitable ridge in the direction
of the transect is chosen.
Traps are set 5 metres apart in the middle of the ridge, corresponding to the
original peat surface (See Figure 1). If the brash is too compact or too bushy that
setting a trap is not possible, the trap is moved to the closest suitable location in
order to maintain a mean transect length of 15m. A trowel can be used to loosen
up the brash in order to reach the peat surface. The rim of the trap must be flushed
with the soil (See Figure 2).
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Figure 1. Pitfall traps are set on the original peat surface (green) within the ridge.
Typical ridge/furrow drainage layout of a conifer plantation on former peatland.
The original peat surface on the ridge is shown in green. Pitfall traps are shown as
filled blue circles, 5 m apart from each other.

Figure 2.Set up of a pitfall trap. The rim of the trap is flushed with the soil surface
(or vegetation surface if that is the surrounding habitat structure) to minimise
habitat disruption.

b) STANDARD NON-BRASH. The direction of the transect is assigned randomly,
always following the brash line(in some locations brash lines might not run parallel
to the ridge/furrow arrangement). A 4 trap transect is set on the original peat
surface of the closest ridge (almost free of brash in comparison to standard brash
treatment) to the centre of the plot. If the closest ridge is unsuitable, i.e. there is a
clearing where trees were never planted, the next closest suitable ridge in the
direction of the transect is chosen.
Traps are set 5 metres apart in the middle of the ridge, corresponding to the
original peat surface.. The rim of the trap must be flushed with the soil.

4

ENHANCED BRASH. The direction of the transect is assigned randomly, always
following the ridge line(in some locations brash lines might not run parallel to the
ridge/furrow arrangement). A 4 trap transect is set on the original peat surface of the
closest ridge (almost free of brash in comparison to standard brash treatment) to the
centre of the plot. If the closest ridge is unsuitable, i.e. there is a clearing where trees
were never planted, the next closest suitable ridge in the direction of the transect is
chosen following the random orientation used for the transect.
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Traps are set 5 metres apart in the middle of the ridge, corresponding to the original
peat surface. The rim of the trap must be flushed with the soil.

5

a) For STANDARD treatments, each block is equally divided into 2 blocks IF the block
fulfils the following condition: the centre of the block must be at least 30m from its
closest treatment edge. If not, the biggest block is divided into 2 following the same
criteria. Standard brash and standard non-brash treatments are assigned randomly
to the blocks, having 2 blocks for standard brash and 2 blocks for standard nonbrash. Each block contains one transect → Go to 6
b) For ENHANCED treatments → Go to 4

6

a) For STANDARD BRASH → Go to 3a
b) For STANDARD NON-BRASH → Go to 3b

7

a) 3 blocks:

- STANDARD. 3 blocks are selected if the centre point of each block is the greatest distance
(at least 30m) from the closest treatment edge irrespective of size. The biggest block is
divided into 2 equal blocks, giving a total of 4 blocks.
For STANDARD BRASH → Go to 3a
For STANDARD NON-BRASH → Go to 3a
N. B. If less than 3 blocks are available after further division of blocks → Go to 1

- ENHANCED. Select the 2 blocks where the centre point is the greatest distance (at least
30m) from its closest treatment edge irrespective of size → Go to 4

b) 4 or more blocks: → Go to 3b
- STANDARD. Select the 4 blocks where the centre point is the greatest distance (at least
30m) from the closest treatment edge.
→ Go to 3a for STANDARD BRASH
→ Go to 3a for STANDARD NON-BRASH
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N. B. If less than 4 blocks are available after further division of blocks → Go to 1

- ENHANCED. Select the 2 blocks where the centre point is the greatest distance (at least
30m) from the closest treatment edge irrespective of size → Go to 4
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Table

Figure A6.1. Illustration of how restoration treatments were divided.DK4 standard brash management (DK4SS, left) and enhanced brash
management (DK4EE, right). DK4SS is divided into four equal subplots, in two of which traps will be set in along brash lines, and the remaining
two along the non-brash lines. DK4EE is divided into two equal subplots (black lines). Starting at the centre point of each plot (black dot), a
transect with 4 pitfall traps is set (magnified section of DK4EE). Each pitfall trap is 5m apart, therefore each transect is 15m long. Each of the
three treatments (standard brash, standard non-brash and enhanced) has a total of
4 replicates.
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ORDER

Coleoptera

PHYLUM

Arthropoda

FAMILY
(SUB-GROUP)
Carabidae
Carabus glabratus
Carabus problematicus
Cychrus caraboides
Dyschirius globosus
Pterostichus adstrictus
Pterostichus niger
Pterostichus diligens
Notiophilus biguttatus
Notiophilus germinyi
Leistus terminatus
Loricera pilicornis
Nebria salina
Patrobus assimilis
Pterostichus nigrita/rhaeticus
Trechus obtusus
Trechus rubens
Bembidiom quadrimaculatum
Agonum ericeti
Agonum fuliginosum

SPECIES NAME
CAR
CGLA
CPRO
CYCA
DGLO
PAD
PNIGE
PDIL
NBIG
NGER
LTE
LPIL
NSAL
PASS
PNIGR
TOB
TRU
BQM
AER
AFU

CODE

TOTAL
IND
7164
1279
68
92
7
102
971
169
177
1
212
622
1903
195
352
296
3
1
100
38

TOTAL
(%)
7.8
1.40
0.70
0.10
0.00
0.11
1.05
0.18
0.19
0.00
0.24
0.72
2.07
0.21
0.38
0.32
0.00
0.00
0.10
0.04

A6.3. Invertebrate assemblage at Forsinard. Vertebrate specimens caught in the pitfall traps are also included. The assemblage is
represented by 4 phyla (Arthropoda, Chordata, Annelida, Mollusca). Arthropoda includes 15 orders and numerous families, in
particular 19 beetle families (Coleoptera).
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Elateridae
Pselaphinae
Scydmaeinidae
Entiminae
Cantharidae
Ptiilidae
Pselaphidae
Curculionoidea
Monotomidae
Gyrinidae
Scarabeidae
Dytiscidae

Hydrophilidae
Leioidae
Staphylinidae
Proteininae/
Omaliinae
(M.clypeata)
Silphidae
Nicrophorus vespilloides
Tanatophilus rugosus
Nicrophorus humator
Oiceoptoma thoracicum
Nicrophorus investigator

Elaphrus cupreus

2.56
2.45
0.10
0.00
0.00
0.01
0.32
0.02
0.00
0.00
0.25
0.05
0.02
0.76
0.06
0.01
0.02
0.07

2353
2257
68
4
9
15
297
16
26
1
228
49
16
698
56
6
17
62
NVES
TAR
NHU
OTH
NIN
ELA
PSE
SCY
ENT
CAN
PTI
PSE
CURC
MON
GYR
SCA
DYT

3.32

3050

MCL

0.54
5.96
5.19

0.00

467
5472
4773

6

HYD
LEI
STA

ECU
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Collembola
Hymenoptera

Heteroptera
Homoptera

Hemiptera

Plecoptera
Lepidoptera
Trichoptera
Diptera

Ichneumonoidea
Apidae

Formicidae

Auchenorrhyncha
Sternorrhyncha

Gerridae
Aphidoidea
& Adelgidae

Nematocera
Tipulidae
Brachycera

Histeridae
Lathidriidae

Myrmica ruginodis
Lasius niger

MRU
LNI
ICH
API

COLL

7483
5486
1509
1482
27
3977
2

64
2
65

APH
HET
HOM
RHY

40

GERR

1
25

14
50
6
8823
5002
44
3777
191
11

PLE
LEP
CAD
DIPT
NEM
TIP
BRA

HIS
LAT

8.15
5.98
1.64
1.61
0.03
4.33
0.00

0.07
0.00
0.07

0.04

0.01
0.05
0.01
9.6
5.45
0.05
4.11
0.20
0.01

0.00
0.03
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Chordata

Lacertidae

Squamata
Cricetidae

Soricidae
Salamandridae
Bufonidae
Ranidae

Prostigmata
Bdellidae
Trombiculidae
Erythraeidea
Mesostigmata
Oribatida
Phthiracaridae
Damaeidae
Ixodidae

Chilopoda
Lithobiomorpha
Diplopoda

Eulipotyphla
Urodela
Anura
Anura

Araneae
Pseudoscorpiones
Acari

Opiliones

Myriapoda

Shrew
Newt
Toad
Frog
Lizard (Zootoca vivipara,
Wagler 1823)
Vole

Nemastoma bimaculatum

V

L

S
N
T
F

PRO
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Figure A6.2. Rarefaction carabid accumulation curve for all treatments. NBR - non-brash
(purple); EE - enhanced (green); BR - brash (red); F - forest (aquamarine).
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Figure A6.3. Shepard plot for NMDS goodness of fit test. It plots ordination distances
against original dissimilarities, drawing a step line of the nonlinear fit. Large values
indicate poor fit. Two correlation-like statistics of goodness of fit are displayed: nonmetric
fit, based on the stress S (sqrt(1-S^2), and the linear fit, the correlation between fitted
values and ordination distances. TOP. Arthropod assemblages. Number of dimensions k=3,
stress = 0.21. BOTTOM. Carabid assemblages. Number of dimensions k=2, stress = 0.18
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Figure A6.4. NMDS output for arthropod assemblages. 3D dimension plot.

Table A6.4. Summary of GLM models for taxonomic measures.
Metric
Species richness (S)
Simpson(1-D)
Shannon (H)
Pielou's Evenness (J)

Arthropods
Poisson (link log)
Gaussian (link identity)
Gaussian (link identity)
Gaussian (link identity)

Carabids
Poisson (link log)
Gaussian (link identity)
Gaussian (link identity)
Gaussian (link identity)

Table A6.5. Taxa scores for the RDA triplot of arthropod assemblages.
TAXA

CAR
COLL
ARA
MESO
IXO
BDE
ERY
TROM

RDA1
-0.4224074322
0.1097274201
-0.2184858914
-0.0313775473
0.0483908108
-0.0796337936
-0.1113168445
0.0004522356

RDA2
0.1215781848
0.1056567429
-0.1142861814
0.0532624168
0.0064423491
-0.0144601946
-0.0343627236
-0.0424770104
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ORI
PHT
DAM
LEP
ICH
MRU
LNI
STA
MCL
LEI
HYD
NVES
TAR
ELA
PSE
SCY
CAN
CURC
SCA
MON
PTI
NEM
TIP
BRA
OPI
NBI
HET
HEMI
APHI
SIPH

0.0235637478
0.0519778616
0.1140977988
-0.0238741030
-0.0238787956
-0.3326170200
-0.0068101907
-0.0797780548
0.4059469112
0.0876106508
0.0349336998
-0.0953766604
-0.0070251686
0.0032307367
0.0114057458
-0.0097402284
-0.0033829054
0.0113510879
-0.0038796910
0.0044797101
0.0093083352
0.0770144862
0.0036911141
0.1184971943
0.2673373123
0.2124562409
-0.0003182911
-0.0319248871
-0.0182665277
0.0333098238

-0.1159600210
-0.0883014634
-0.1425001942
-0.0002332736
0.0961879357
-0.1718994642
0.0057711088
-0.0629183543
-0.2041871849
0.0970413075
-0.0290835397
0.0757867172
0.0074371778
0.0185663978
-0.0607389688
0.0068901173
0.0030907438
0.1185689564
0.0217723179
0.0121804769
0.0020427630
-0.0159430361
-0.0058533609
0.0065442945
0.3066445492
-0.1077213119
-0.0165637838
0.0615105389
-0.0184176355
-0.0007972347

Table A6.6. Species scores for the RDA triplot of carabid beetles.
SPECIES

AER
AFU
CGLA
CPRO
CYCA
DGLO
PAD

RDA1
-0.100539844
-0.214102797
-0.015313329
-0.505044426
-0.016668411
-0.036207793
0.010098239

RDA2
-0.021774352
-0.045391389
-0.184548412
-0.134650066
0.023874183
-0.010402419
-0.107313127
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PNIGE
PDIL
NBIG
LTE
LPIL
NSAL
PASS
PNIGR
TOB
TRU
ECU

-0.017723948
-0.214250438
0.231018397
-0.006127833
0.502211524
-0.012919641
0.054929836
-0.366713746
0.124407358
-0.004787509
0.006046048

-0.090524868
-0.092029912
0.044340385
-0.015767344
-0.479195293
-0.154418197
0.132740131
-0.152939118
0.498124196
-0.009758544
-0.004277915
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CHAPTER SEVEN
GENERAL DISCUSSION
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The overall aim of this thesis was to examine the effectiveness of the restoration of
formerly afforested blanket bog in facilitating the recovery of characteristic blanket
bog arthropod assemblages (Objective I), to determine what type of parameters are
key for the reassembly of arthropod assemblages throughout the restoration process
(Objective II), and to determine possible arthropod indicators of restoration success
(Objective III). In order to address these goals, we assessed the restoration trajectory
of above-ground arthropod assemblages under fell-to-waste management (tree
felling and drain-blocking), particularly looking at the relationship between carabid
beetles, carabid functional traits and environmental variables and potential
indicators of restoration success (chapters 3 and 4). Similarly, we used moth
communities to investigate broad patterns of distribution for an arthropod group
with complementary ecological requirements to those groups previously studied
(chapter 5). One of the main drivers influencing above-ground arthropods, habitat
structure, was then investigated by using carabid communities and comparing their
response to brash management (chapter 6). Ideas for future work necessary to
improve our understanding of arthropod assemblages in blanket bog have been
discussed throughout their respective chapters, but they will be integrated in this
chapter alongside recommendations of further actions. Finally, this research will be
put in the context of conservation policy and the Scottish Government's 2020 vision
for Scotland, which outlines the approach to peatland management that will be
taken in future decades.

7.1 RESEARCH HIGHLIGHTS
1. This is the first study addressing the effect of restoration methods by felling and
drain-blocking on formerly drained blanket bog that was afforested with non-native
conifers on above-ground arthropod assemblages, and their functional traits.
2. Objective I - We studied the short-term restoration response of arthropods and
carabids to three different types of brash management (standard coarse brash,
standard fine brash and enhanced brash management), in addition to drain-blocking
and tree felling. Clear differences were found between forestry and restoration
assemblages, although brash management approaches did not show significant
restoration trajectory differences at this stage (2 years since restoration began).
However, the associated changes in habitat structure as a consequence of brash
management have shown that arthropods seem to prefer structurally complex
habitats whilst carabids seem to prefer habitats with, on average, lower complexity
than that preferred by the wider arthropod assemblage. This is likely to reflect the
wide ecology of arthropods considered, whilst the carabid species considered are all
ground predators.
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3. We also studied the long-term restoration response of above-ground arthropod,
carabid beetles and moth assemblages, as well as carabid and moth functional traits,
by using a landscape scale space-for-time substitution (0-18 years since restoration
began):
I.

Objective I - It is clear from this study that the arthropod assemblages studied
in restoration habitats differ substantially from forestry assemblages, and even
though restoration assemblages might not resemble typical bog arthropod
assemblages yet, they are clearly diverging from those of forestry plantations.
A general convergence of arthropod assemblages of restoration plots with
arthropod assemblages of bog plots is observed 10 years after restoration
began in Forsinard. However, the divergence of 18 years since restoration plots
from the bog baseline suggests that those plots in particular, might not be
heading towards blanket bog anymore, instead moving towards an alternative
state.

II.

Objective I - Fell-to-waste management (where felled trees are left on site)
showed partial success in the reestablishment of typical bog arthropod
assemblages. This management technique did not re-establish typical bog
arthropods assemblages after 18 years of restoration, but some convergence
was observed nonetheless. Afforestation introduced some forest-specialised
species, as well as a number of habitat generalists. Tree felling phased out
forest-specialist carabids, but habitat generalists have persisted throughout the
restoration chronosequence. This suggests that restoration of arthropod
assemblages might be a longer term process than the timescale considered,
and that the microforms created primarily by Sphagnum mosses, which tend to
be either lacking or modestly present in restoration when compared to blanket
bog, are an essential requirement for typical bog arthropods. This seems
particularly true for carabids, for which tyrphobiont species are only found in
blanket bog and are believed to be intimately linked to bog microforms.

III.

Objective II - The carabid functional traits considered in restoration
(Morphological-Phenological-Physiological-Ecological Performance traits) did
not show convergence with carabid functional traits in blanket bog, indicating
that environmental filtering rather than functional traits describes better the
relationship between carabid beetles and their environment in the context of
restoration. Information on the most relevant carabid functional traits that
might shed light into biodiversity-ecosystem functional relationships in blanket
bog, such as microhabitat use, resource use and dispersal ability, are not widely
available. Traits were however discriminatory between treatment type,
associating hygrophilous carabids with blanket bog habitats.
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IV.

Objective II - The broad patterns of moth taxa distribution investigated initially
showed more progress of assemblages of restoration areas towards typical bog
assemblages than in carabids in the 18 years since restoration began. However
complementary analysis showed that afforestation did not really affect moth
assemblages in the same way carabid assemblages were affected. In moths, the
planting of trees introduced conifer-specialised species, but once the trees
were felled, those species disappear.

4. Objective II - A trait-based functional approach shows that certain suites of moth
traits (trait syndromes) are strongly associated with blanket bog, such as host plant
and taxonomic family/subfamily. These trait syndromes might be a useful tool to
assess the effect that restoration is having on moth assemblages.
5. Objective II - Competition does not play a prominent role in driving the reassembly of
carabid communities following restoration. Environmental filters on the other hand,
such as plot perimeter length and type of surrounding habitat (connectivity index),
are important and suggest potential legacy and edge effects. Vegetation parameters,
such as percentage cover of non-Sphagnum mosses, bare peat, shrubs and grasses
and sedges, highlight the importance of habitat structure for carabids. When
considering whole arthropod assemblages, connectivity index and temperature are
key environmental filters, whilst Sphagnum mosses instead of non-Sphagnum
mosses is the main habitat structure parameter for arthropod assemblages.
6. Objective II - Complementary responses to blanket bog restoration have been
observed for different arthropod taxa. Carabids respond to habitat structure
(Chapter 3, Chapter 4) and thus require a typical bog habitat structure in order to be
able to recolonise the habitat. Moths are more reliant on plant species composition,
as their functional traits showed substantial dependency on larval host plants
associated with particular types of habitat.
7. Objective III - The affinity of arthropods to blanket bog can be assessed by
considering bioindicators, that differentiate between forestry, restoration and bog
habitats. Arthropods tend to display low habitat specificity but high habitat fidelity at
the family level, which means that they are not always found exclusively in a
particular type of habitat, but they are found in most of the samples of said habitat.
Broad taxa, such as spiders are strongly associated with bog, whilst others such as
harvestmen are strongly associated with restoration. At the species level, carabid
species display a very high habitat specificity and habitat fidelity, which means that
they are mainly found in a particular type of habitat and in most of the samples of
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said habitat. Bog specialists, such as A. ericeti, are exclusively found in bog, whilst
habitat generalists such as P. niger and C. glabratus are often found in restoration.

7.2 SYNTHESIS DISCUSSION
7.2.1 Management Framework for the Restoration of Typical
Blanket Bog Arthropod Assemblages
The restoration of afforested blanket bog by tree felling and partial ditch blocking did
not bring back characteristic blanket bog arthropod and carabid assemblages after 18
years since restoration began, although some convergence of restoration
assemblages with bog assemblages was observed after 10 years of restoration.
Restoration management drastically changes the physical conditions of the
ecosystem. The habitat shifts from a closed conifer plantation to an open transitional
restoration state in which the physical conditions of the ground layer are drastically
changed. This particularly relates to brash management, which generates a variety of
types of habitat structure and thereby plant species composition to arthropods. In
addition, legacy effects can be observed through physical changes (e.g. ridges and
furrows), caused by ground preparation for tree plantations. These tend to persist
after tree removal if they are not specifically addressed, though peat
subsidence/swelling following rewetting could overcome some of these effects
(Anderson et al. 2000). Overall, restoration drives differentiation of arthropod
assemblages from those of forestry, but the assemblages found in older restoration
age classes are still different from those found in bog, suggesting that the
requirements of typical bog arthropods are not being met and/or a larger timescale
is required for the full recovery of arthropod assemblages in formerly afforested
peatlands. Revisiting the current state of scientific knowledge for the restoration of
formerly afforested peatlands presented in the introduction of this thesis (See
Chapter 1, Section 1.6), similar trends have been observed in recent years for other
biodiversity taxa, as well as other ecosystem functions related to climate change
mitigation (Table 7.2.1A).
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Ecosystem Function/Service
Diversity2

Biodiversity

Open Habitat Bird Species
Typical Bog Vegetation1,8,9
Microbial Community Diversity11
Aquatic Macroinvertebrates4
Terrestrial Arthropods
- Auchenorrhyncha Diversity5
- Carabid Beetles Diversity*
- Moths Diversity*
- Tick Density3
Testate Amoebae Diversity10

Climate
Change
Mitigation

Carbon Storage & Sequestration
Capacity6
Water Table Depth (acrotelm)1,7,8,9
Water Chemistry9
Greenhouse Emissions6

Afforestation

Restoration







ongoing

ongoing



























Table 7.2.1A. Current state of knowledge in 2018 of the impact of peatland afforestation
on different ecosystem functions and services. Arrows indicate the general trend observed
for the function considered, by which most functions are negatively affected by
afforestation (), but resemble bog values after restoration (). Ongoing indicates studies
that are currently in progress or unpublished. The table is based on (1) Anderson et al.
2000; (2) Anderson 2001; (3) Gilbert 2013; (4) Beadle et al. 2015; (5) Artz & Chapman 2016;
(6) Hambley 2016; (7) Gaffney 2017; (8) Anderson & Peace 2017; (9) Hancock et al. 2018;
(10) Creevy et al. 2018 and (11) Artz (pers. comm.). Categories marked with * indicates the
results obtained in this study.

It is plausible that certain thresholds are required to be met for the re-establishment
of typical blanket bog arthropod assemblages, and that these are controlled by a
combination of abiotic and biotic factors. Additionally, this thesis has shown that
bioindicator species can be used in the monitoring phase of restoration to assess if
the progression towards bog conditions is reflected in arthropod assemblages (Figure
7.2.1A). The initial threshold required to restore the waterlogged and acidic
conditions characteristic of blanket bog is raising the water table depth to near
natural blanket bog levels (fluctuating around the boundary between the acrotelm
and the catotelm), which is directly linked with the re-establishment of peat-forming
vegetation (Labadz et al. 2010; Gaffney 2017; Hancock et al. 2018). In theory, this can
be achieved by drain-blocking and tree felling. Drain-blocking usually involves the
blocking of the main collector drain, but a quicker recovery of the water table depth
can be encouraged by also blocking furrows with peat dams, plastic piling or other
suitable cost-effective techniques (Parry et al. 2014). However, incomplete recovery
of the water table depth has been observed in Forsinard (Gaffney 2017), which in
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conjunction with short-term restoration changes in water chemistry may have
implications for the recovery of bog vegetation (Gaffney 2017). Multiple studies
have found that both raised water table depth and the recolonisation of Sphagnum
mosses and sedges and/or low presence of grass species such as Molinia caerulea,
are key "restoration starters" for peatland biodiversity (Rochefort 2000; Haapalehto
et al. 2011; Taillefer & Wheeler 2012; Maanavilja et al. 2014; Hancock et al. 2018),
reinforcing the idea that these two parameters, water table depth and peat-forming
vegetation, are fundamental components of the initial restoration threshold (Figure
7.2.1A).
The structural habitat of forestry understory layers is much more simplified than the
intricate habitat complexity engineered by Sphagnum mosses in blanket bog. I
believe that the implementation of brash management techniques can aid in the
creation of some transitional habitat structure that encourages the recolonisation of
arthropod species whilst primary succession takes place (Chapter 6), and thus habitat
structure can also be considered a primary threshold. In Forsinard, for example,
felling trees, blocking drains and managing brash did not address all the physical
changes that took place as a result of afforestation and subsequent restoration.
However, microtopographic differences were minimised by the natural filling of
furrows with water, providing the foundations for the habitat structure ultimately
needed by blanket bog arthropods. Legacy effects, in the form of microtopographic
changes, have also been observed in other ecosystem functions such as water
chemistry (Gaffney 2017) and carbon storage (Hambley 2016), and these have
hampered the restoration process. Thus, we would argue that addressing these
changes in microtopography, which are likely to be intimately related with soil
moisture, should also be treated as a primary restoration threshold in order to
reduce site disturbance and encourage vegetation succession towards typical bog
vegetation (Figure 7.2.1A).
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Figure 7.2.1A. Hypothesised stepwise restoration trajectory of arthropod assemblages in formerly afforested blanket bog (red line). Numbers indicate the stage at
which assemblages are: 1 - Forestry (0 years); 2 - Early restoration (2 y); 3* - Current mid- restoration (10-18 y); 4 - Unknown potential late restoration stage; 5 - Open
blanket bog (+100 y). Transition thresholds summarise the changes deemed necessary to progress with restoration, whilst blue columns summarise the restoration
actions that can be implemented to achieve them. Further restoration thresholds are unknown at this stage. Indicator arthropod assemblages are shown in coloured
boxes: green boxes show dominant taxa in forestry; green/orange boxes indicate characteristic short-term carabid assemblages; orange boxes indicate characteristic
restoration assemblages; and purple boxes indicate typical blanket bog arthropod assemblages. Format adapted from Whisenant 1999.

Similarly, the typical furrow-ridge surface pattern required for tree planting can be
managed, for instance, by furrow-blocking, re-profiling or surface-smoothing
techniques (Parry et al. 2014). Infilling furrows with trees, however, has been shown
to be an ineffective rewetting tool in the short to medium restoration scale, as
furrows become wetter, but ridges tend to remain drier (Hancock et al. 2018);
although restoration sites display considerable variation in soil moisture even within
ridges (Figure 7.2.1B).
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Figure 7.2.1B. Boxplots for soil moisture values measured for the chronosequence
treatments (LEFT, unpublished data from Chapter 3) and brash management treatments
(RIGHT, unpublished data from Chapter 6). All measurements were taken on ridges at each
pitfall trap. Substantial variation is observed in soil moisture within and between
restoration treatments independently of age class, although the median for R2 is closer to
forestry than to other restoration treatments. All brash treatments are wetter than
forestry, but enhanced treatments are substantially wetter than standard brash
treatments. Box whiskers show extreme values at both ends of the scale, whilst the median
is represented by the black bold line and the box edges are the first and third quantile.

The above-ground arthropod assemblages studied in this thesis include a wide range
of taxa for which particular ecological requirements in peatlands are not well
understood. However, there must be specific associations between species and bog
habitats, as certain species are restricted to them (tyrphobionts), some are
frequently found in bog but not exclusively there (tyrphophiles), and other species
are found in a wide range of habitats including bogs (tyrphoneutral) (Spitzer & Danks
2006). Since arthropod diversity is often positively correlated with habitat
heterogeneity and diversity (Tews et al. 2004), it is likely that bog vegetation plays an
important role in the restoration of arthropod taxa in formerly afforested blanket
bog, and this is supported by the results obtained for carabid species. This is
especially relevant when looking at the characteristic microforms such as hummocks
and hollows that are primarily created by bog bryophytes, which provide moisture
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gradients that are key for reproductive and growing stages in many arthropods
(Glime 2017d). The persistence of furrow-ridge surface patterns might thus be
hampering the re-establishment of peat bog vegetation, as it has been shown that
bryophyte distribution in peatlands can be connected to factors such as surface
water chemistry, pH and height above the water table (Nicholson et al. 1996).
Because the aforementioned restoration thresholds apply to blanket bog arthropod
assemblages, which were characterised by specific carabid and moth species, as well
as a number of arthropod taxa (Figure 7.2.1A), it is hypothesised that secondary
thresholds concerning further raising of water table depth, the particular
composition and proportion cover of plant species, or species/taxa-specific ecological
requirements, might have to be taken into account to steer the restoration process
in the direction desired (Figure 7.2.1A). For example, we have seen that peatland
restoration tends to achieve partial success over the first five to ten years (Mazerolle
et al. 2006; Watts et al. 2008; Haapalehto et al. 2011; Noreika et al. 2015), and this
should be considered in management planning in order to define achievable
restoration expectations. This becomes fundamental when potentially conflicting
ecosystem services are being targeted by restoration. For the two key functions
targeted by restoration in Forsinard, biodiversity and carbon storage and
sequestration, the evidence discussed suggests that common goals can be found at
least at early to mid-restoration timescales (raising water table depth, re-establishing
peat-forming vegetation, addressing microtopographical changes), but further
research is required to assess if this continues to be the case in the long-term. This
could be related to unidentified potential restoration thresholds that might be
encountered in late-restoration stages (Figure 7.2.1A).

7.2.2 Functional Diversity Metrics
In this thesis, trait-based functional diversity metrics in carabid communities showed
no clear association with the restoration of afforested blanket bog. However,
functional diversity (FD) metrics have been proven to be useful predictors of
functionality and have been used in different ecological contexts and different taxa
(Villéger et al. 2010; Garnier et al. 2016). Our difficulty in successfully identifying
meaningful links between carabids and ecosystem functioning sheds light onto a
problem that has been vocalised in recent years and has become a recurring theme
in this thesis, which is a general lack of taxonomic knowledge and ecological traits for
arthropod taxa. In the case of moth taxa, FTs seemingly showed promising
associations between species and habitats, but testing this would require further
study including the use of vegetation data.
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In the case of carabids, a more specific within-habitat experimental design may assist
in elucidating carabid microhabitat preferences. In this thesis all pitfall traps were
placed on the original peat surface remaining on top of the ridges as a way to
standardise comparisons between habitats. In the case of open blanket bog,
sampling of microforms can offer evidence of the use of this type of microhabitat
structure, and perhaps preference towards environmental gradients such as
moisture and temperature. In restoration treatments, environmental gradients can
be explored by sampling both ridges and furrows, since it is suspected that soil
moisture/temperature and vegetation, for instance, can be markedly different
between these positions. This would also allow better understanding of carabid
movement within habitat types and between microhabitat patches. Microhabitat
structure could also be explored by further examining how species are distributed
between microhabitat patches.
In the case of moths, differences in restoration management could be incorporated
into future experimental designs, but the most important element to be included in
the sampling would be plant species cover and composition, which provides links
between species distribution and occurrence between different habitat types.

7.2.3 Potential Indicators of Restoration Progress
The restoration of blanket bog might show variable restoration success according to
the ecosystem function under study. For example, biodiversity and carbon storage
are key blanket bog functions that have been studied at the oldest restoration site in
Forsinard Flows NNR (Talaheel, Figure 7.2.3A). When biodiversity is considered, this
thesis has shown that characteristic blanket bog arthropod assemblages were not
fully restored after 18 years since restoration began by tree felling and drainblocking, but certain convergence was observed throughout the chronosequence
towards typical blanket bog assemblages. This is likely correlated to the incomplete
recovery of bog vegetation, particularly Sphagnum mosses (Hancock et al. 2018). A
lag in vegetation recovery in the short to mid-term is partly due to soil moisture
differences. These differences are the result of the aforementioned
microtopographical differences (ridges and furrows) associated with tree planting.
Dry soil conditions in relation to bog are still found in plough ridges, probably also
associated with the lower recolonisation rates displayed by vegetation at higher
terrain slope (Hancock et al. 2018). The incomplete recovery of bog vegetation has
also been suggested as a factor affecting the recovery of amoeba communities
(Creevy et al. 2018), closely linked to the hydrological regime created by bryophytes.
Blanket bogs are hydrological units in which the water table depth is critical for
vegetation growth; in a healthy peatland, water table depth is found 5 cm below the
surface of the top acrotelm layer, as plant root systems can utilise water at varying
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depths (Labadz et al. 2010). The incomplete recovery of water table depth and pH
has been documented in Talaheel as a legacy effect of drainage and afforestation
(Gaffney 2017), with associated effects on vegetation succession. Whilst the typical
bog vegetation assemblage relies on the moisture gradients created by water table
depth, taxa such as desmid algae are strongly associated with the moisture and pH
gradients created by the particular microtopography of blanket bog microforms, such
as hummock-lawn-pool microhabitats (Goodyer 2014). On the other hand, when
looking at carbon storage and sequestration, Hambley (2016) has shown that carbon
storage properties can recover to similar levels to those of other undrained and
generally regarded pristine peatlands in the Northern Hemisphere, at least in some
parts of the Forsinard reserve (whilst Talaheel acted as a net carbon sink, other
restoration areas of the reserve were carbon sources). However, he also suggests
that bringing other blanket bog metrics, such as water table depth to blanket bog
values, and addressing legacy effects such as microtopography, would enhance the
net carbon sink aspect of the bog. A knock-on effect would then be expected as a
result of the carbon function being brought back to baseline bog values, with positive
effects for blanket bog vegetation and associated wildlife (Figure 7.2.3A).

Figure 7.2.3A. Conceptual schematization of the key parameters governing blanket bog
habitats that are suggested to affect arthropods and other biodiversity (amoeba
protozoans and desmid algae) in Talaheel Forsinard Flows. Blue boxes indicate abiotic
parameters (microtopography, soil moisture and related water table depth (WTD) and pH);
the green box indicates a biotic parameter (Sphagnum mosses). Grey boxes indicate the
type of effects observed as a consequence of drivers of bog degradation (afforestation),
and interventions to halt such impacts (restoration). The effects of restoration on carbon
storage is also illustrated. Results are taken from research conducted at the oldest
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restoration site in Forsinard Flows NNR, Talaheel (Goodyer 2014, Hambley 2016, Gaffney
2017, Hancock et al. 2018, Creevy et al. 2018).

These results, in combination with other studies not necessarily based on a
chronosequence design, can help identify indicators of restoration success, as well as
negative indicators of deviation from restoration targets. The use of these type of
indicators in a management plan should provide a more complete picture of the
effectiveness of restoration in peatland habitats. We thus recommend that a
peatland restoration plan with key restoration targets and objectives for biodiversity
uses the threshold framework provided in Figure 7.2.1A. This framework can work as
a restoration baseline, and should be adjusted according to the management history
of the site, the type of damage suffered by the habitat, and the type of peatland.
Although our results suggest that at the initial stages of restoration multiple ES might
be synchronised, this might not be the case in the long-term. Thus, the results
presented in this thesis, in combination with other studies not necessarily based on a
chronosequence design, can help identify indicators of restoration success, as well as
negative indicators of deviation from restoration targets, that allow for active
monitoring of the restoration process. Thus, we first provide a summary of potential
indicators of restoration progress available for formerly afforested blanket bog (Table
7.2.3A). Then, we offer other potential indicators for peat bogs that have been
restored by addressing degradation agents, not necessarily restricted to afforestation
(Table 7.2.3B). Both type of indicators could be informative in the monitoring of
formerly afforested peatlands. For a particular peatland restoration project, the
indicators provided here should be used as a guideline, as the particular monitoring
plan followed will be based on the needs and resources available for the restoration
project.
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Afforestation
Impact

Restoration
Trajectory

Restoration
Trajectory

Restoration
Trajectory

Brash
Management

Monitoring
Condition

Reco (respiration)
GPP (photosynthesis)
Soil temperature
Soil moisture

Water table depth
Water chemistry:
Plant nutrients (phosphate,
NH3, K)
Al, Ca, Fe, Mn

Monitoring Indicator

- Restoration reduces losses of CO2 with increasing time
since the start o restoration
- Stalling effect of microtopography (forestry legacy - drier
ridges and wetter furrows on vegetation re-establishment  Overall vegetation cover
(Sphagnum spp., grasses, i.e.
- Initial (6y) recovery towards bog-like vegetation, recovery Molinia caerulea)
of water table level
 Water table depth
- Afforestation directly reduces amoeba diversity by
reducing light availability, disturbance, changing nutrient
availability and lowering the water table.
 Protista (Testate amoebae)


- Legacy effects (in complete recovery of WTD, pH)

observed at 17 years

- Restoration effects, short-term changes in the
concentration of elements scavenged by trees

- Forestry effects, rapid recovery of in surface and
porewater following tree felling
- Differences in furrow-ridge fluxes dependent on
restoration age (higher Reco at younger ages)


- Microtopographic differences particularly influenced by
Reco


- Standard felling - increase water quality in surface water
- Enhanced felling - increase water quality in surface water

Key Findings

(Creevy et al. 2018)

(Hancock et al. 2018)

(Hambley 2016)

(Gaffney 2017)

Author
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- Legacy effects hampering the re-establishment of
Sphagnum mosses slow down the recovery of typical bog
amoeba communities
- Presence of tyrphobiont aquatic arthropods in natural
pools
- Permanent pools display higher taxon richness than
temporary pools
- Variation in restoration man-made pool size facilitates
colonisation by a wider range of taxa
- Proximity to water bodies encourages faster colonisation
- Hummock-pool microtopographic gradient distinctive
desmids communities are found in patterned blanket mire,
strongly associated with pH and water table depth.

- More diverse communities found with consistent supply
of water close to the water table.


- Tyrphobiont carabids are exclusively found in blanket bog
(A. ericeti), whilst generalist species are found in
restoration
Zygnematophyceae
(Desmidiales)
Desmid communities
Coleoptera (Carabidae)

Aquatic macroinvertebrates

(Goodyer 2014)

(Downie et al. 1998;
Standen
1999;
Towers 2004; Beadle
et al. 2015)

Bog species: Carabus
(Pravia 2018)
problematicus, Pterostichus
nigrita/rhaeticus, Agonum
Restoration
- Certain arthropod taxa are strongly associated with bog- ericeti, A. fuliginosum
Progress
like habitats (Carabids, spiders)
Restoration species: C.
glabratus, P. niger, Trechus
obtusus, Leistus terminatus
 Arthropods: Carabids, Araneae
Table 7.2.3A. Potential indicators of restoration progress identified for formerly afforested blanket bog. All studies have been conducted in open
blanket bog in Forsinard Flows NNR or within the Flow Country.

Bog Condition

Bog Condition

Restoration
Progress

Bog Condition

Restoration
Progress
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Afforested
blanket bog*

Mountain
Blanket Bog

Upland
Blanket Bog

Ombrotrophic
bog

Peatland
Type

Restoration
Impacts

Bog Condition

Restoration
Progress

Restoration
Trajectory

Bog Condition

Monitoring
Condition

Bare peat, lichens, Empetrum
nigrum, Polytrichum strictum

Sphagnum rubellum, Mulia
anomala, Picea mariana

Monitoring Indicator

- Lakes dominated by Diptera, Trichoptera,
Heteroptera and Coleoptera. Significant

- No hydrochemical differences between
restored and intact pools. Neither for taxon
richness, abundance, community composition or
structure
 Aquatic macroinvertebrates

- Testate amoeba are sensitive to water table
level and restoration techniques
- Increase in diversity and abundance of wet- Protista (Testate amoebae)
indicator species (Amphitrema stenostoma,
Archerella flavum, Arcella discoides, Difflugia
bacillifera and D. bacillarium) in dammed and
re-profiled treatments.

- Certain vegetation is indicative of restoration
success (bryophyte Sphagnum rubellum, Mylia
nomala; and tree Picea mariana).
- Certain parameters are indicative of
restoration failure (bare peat, lichens,
Polytrichum strictum, ericaceous shrub E.
nigrum).

Key Findings

et

et

al.

al.

(Hannigan et al.
2011; Baars et al.
2014)

(Swindles
2016)

(González
2013)

Authors
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Raised Bog

Mountane
Blanket Bog

Afforested
Mire*

Restoration
Impacts

Bog Condition

Restoration
Impacts

Bog Condition

 Insecta (Odonata)
 Dragonflies & damselflies

- Dessication of Sphagnum reduces oribatid Acari, Oribatida (Oribatid
species richness.
mites)
- Oribatid distribution related to cover of herbs
and pine needle litter, soil moisture and
vegetation temperature index. Similar species

- Microhabitat structure was restored for water Acari, Hydrachnidia (Water
mites after 25 years of rewetting.
mites)

- Spider bog indicator species can be a
conservation value surrogate for all invertebrate Arachnida (epigeic spiders)
bog fauna (naturalness index>0.5 and species
quality index>1.8).

- Drained sites had lower abundance and
species richness than pristine sites.

- Odonata influenced by geology and altitudinal
differences.*

- Coleoptera and Heteroptera influenced by
changes in water chemistry.*

differences in community composition between
lakes.

(Lehmitz 2014)

(Więcek et al. 2013)

(Scott et al. 2006)

(Elo et al. 2015)

(Drinan et al. 2013)*

(Drinan et al. 2013)*
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Ombrotrophic
Peatland

Blanket Bog

Upland
Blanket Bog

Peat
Decomposition

Peat
Decomposition

Climate Change
Mitigation

Carbon Budget

Restoration
Impacts

- Collembola contribute significantly to the
decomposition of Sphagnum fuscum, with
species feeding on different carbon sources.
Addition of vascular plant litter (Betula
pubescens)
eliminates
species-specific Collembola (Springtails)
differences.
- Collembola are unaffected by the physical
impacts of extreme precipitation and the shortterm variability in moisture conditions

- Higher temperatures increase annelid activity,
 Annelida, Oligochaeta
resulting in twofold increase in the release of
 (Enchytraeid worms)
CO2 and DOC fluxes.

- Adult cranefly abundance increases with soil
moisture (which in turn increases with drain
blocking)
 Diptera, Tipulidae (Craneflies)
- Cranefly abundance is a significant predictor of
Golden plover abundance.

composition regardless.
- Tyrphophile species (Pergalumna nervosa,
Pilogalumna
tenuiclava,
Malaconothrus
monodactylus, Mainothrus badius, Nothrus
pratensis) extinct in restoration.

(Krab et al. 2013;
Krab et al. 2014)

(Carrera et al. 2009;
Carrera et al. 2011)

(Carroll 2012)
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Restoration
Impacts

Raised Bog

- Species richness was lower in pristine and early Hymenoptera, Formicidae
restoration bogs than in older restoration bogs. (Ants)
Species richness increased in clearcut forests.

(Vepsäläinen et al.
2000)

(Spitzer et al. 1999;
Bezděk et al. 2006)

Table 7.2.3B. Potential indicators of restoration progress for restored peat bogs that have been impacted by drainage, afforestation and/or other
agents.

Bog Condition

Peat Bog

- High proportion of tyrphobiontic and
tyrphophile moth species. Presence of some Coleoptera, Carabidae (Ground
tyrphobiont carabids.
beetles)
 Lepidoptera (Moths)
- Non-random distribution of species:
tyrphobionts in core peat habitat; tyrphophiles
in bog margin and other type of habitats.

7.3 IMPLICATIONS FOR CONSERVATION POLICY
Based on the significant carbon storage potential of peatlands (UK National
Ecosystem Assessment 2011), and the fact that Scotland has about 60% of UK
peatlands, equivalent to 1,620 Mt of carbon (Marsden & Ebmeier 2012), the vision
for Scotland's National Peatland Plan is a very broad statement to "protect, manage
and restore peatlands to maintain their natural functions, biodiversity and benefits”
(SNH 2015b). For the particular case of afforested peatlands, a strategic partnership
with Forestry Commission Scotland seeks to manage peatlands "for carbon, alongside
other priorities such as timber production, biodiversity, environmental protection of
water and hydrological impacts, and landscape" (FCS 2015; FCS 2016). Despite a clear
intention to optimise ecosystem functions such as biodiversity conservation and
carbon storage, even at the international level (IPCC 2014; Joosten 2015), these
functions are intertwined with homocentric economic interests such as
timber;hence, they operate in an economic market where biodiversity has been
shifted from an ecosystem function to an ecosystem service (ES). As a societal
commodity, biodiversity and other ES are thrown in the mix of cost-benefit analyses
where many relevant biotic and abiotic factors are not properly assessed, thus often
leading to inadequate protection of key ecosystem functions (Peterson et al. 2010).
The key question here is why can biodiversity and perhaps other peatland ecosystem
functions be so vulnerable to market shifts and conservation policies, to which two
complementary reasons can be suggested. Firstly, gaps in the understanding of how
peatland habitats work or the efficacy of interventions such as restoration, albeit
significant progress has been achieved in recent decades in the UK (Parry et al. 2014),
make it difficult to accurately define their role in peatlands. Whilst many arthropod
species are often considered to be part of relict peat bog communities (Spitzer &
Danks 2006), there are still many unknown ecological links between particular taxa or
species and their role in food webs, their ecological preferences, or their importance
at varied scales such as at the individual or population level. Secondly and more
importantly, is the homocentric reframing of ecological functions in economic
terms that culminated in the aforementioned ES framework. In this widely applied
monetary-based framework, it is difficult to both define and place an economic
value on peatland biodiversity because of the uncertainties mentioned above, and it
does not necessarily have a measurable economic value in societal terms. Thus,
biodiversity has become, in the ES framework, a commodity often stripped away of
its inherent value in the natural world, especially when the development of markets
for ES is used to resolve environmental problems under seemingly win-win situations
(Peterson et al. 2010). For example, hypothetically, the destruction of blanket bog in
Forsinard would not necessarily be offset by preserving or restoring blanket bog in
other parts of the Flow Country, as intrinsic differences will be found between these
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two seemingly equal type of habitats with regards to biodiversity assemblages, soil
properties or ecosystem functions. In fact, research suggests (e.g. Moreno-Mateos et
al. 2012) that restoration will likely be unable to completely reverse the damage
caused by tree planting. Thus, in this homocentric view of biological conservation,
biodiversity ends up becoming an abstract concept to which full consideration is not
necessarily given in policies such as climate change mitigation (Bonn et al. 2014), or
biodiversity conservation for that matter.
Peterson et al. (2010) offer Karl Marx's economic theories as an analogy to explain
how markets and conservation policies can fail to protect ecosystem functions such
as biodiversity, where the ecosystem worker is the organism producing ES, and ES is
a proxy for the labour required to produce commodities (Boyd & Banzhaf 2007). The
abstract monetary value (or exchange value) given to ecosystem functions in the ES
framework ultimately obscures the material use value of the ecosystem function in
question, which includes the sum of raw goods, mechanisms and time that the
ecosystem worker has spent to create them, and surely other aspects that probably
cannot be measured by humans. As a result, the monetary value we give to ES
conceals the actual contribution from nature to create the final product. In Marx's
words, ecosystem functions considered as ES (commodities) are "becoming in reality
the embodiment of their values. When they assume this money-shape, commodities
strip off every trace of their natural use-value, and of the particular kind of labour to
which they owe their creation, in order to transform themselves into the uniform,
socially recognised incarnation of homogeneous human labour. We cannot tell from
the mere look of a piece of money, for what particular commodity it has been
exchanged. Under their money-form all commodities look alike" (Marx 1906). What
this means is that the concept of ES removes the value of the individual ecosystem
worker (biotic component, for instance, biodiversity) transforming raw materials
(abiotic components, for instance, biodiversity contribution to nutrient cycling) that
eventually become human commodities (for instance, a healthy functioning peatland
that provides a town with clean water and prevents flooding). This is actually an idea
currently debated in the context of sustainable food production and other markets,
often referred as hidden costs (e.g. Gulisano et al. 2018), but that can be applied to
any other commodity. It points to a deep contradiction of economic markets that has
yet to be resolved, whereby consumers are only concerned with the actual monetary
price of the commodity, therefore cheapening its value overall. This is particularly
true for ES markets, where ecosystem function and biodiversity are concepts too
difficult to grasp. Peterson et al. (2010) then argues that the monetisation of a
function such as biodiversity actually achieves the opposite of what ES stand for, that
is, increasing public awareness of the importance of biodiversity. Thus, it has become
clear that thinking of biodiversity solely in economic terms probably neglects
socioeconomic, political and ecological costs likely associated with the conservation
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of biodiversity that are not always aligned with biodiversity interests. Hence, a
comprehensive understanding of the spatial, temporal and social cost/benefit
outcomes of conservation efforts is essential, with the acknowledgement that, in
certain cases, conservation might be justified for biodiversity's sake rather than
direct benefits to society or an arbitrary monetary value (Chan et al. 2007).
Unfortunately, win-win scenarios are rare in nature conservation, and most
initiatives tend to favour human welfare in one way or another (MEA 2005).
Lastly, it is worth reiterating that peatlands are complex ecological ecosystems, even
its perception as habitats by humans can be highly subjective (Byg et al. 2017). The
complexity and contradictions surrounding peatland habitats emphasise the need for
long-term monitoring programmes that accurately assess the effect that newly
developed conservation policies have placed in restoration quotas as in, for instance,
the case of the Scottish Government and the Peatland Action Programme managed
by SNH (https://www.eurosite.org/eurosite-news/peatland-action-in-scotland/).
Such efforts are part of Scotland's Biodiversity Strategy 2020 Challenge, which is
based on biodiversity and community-based projects and supplements the 2004
publication Scotland's Biodiversity: It's in Your Hands (Scottish Executive 2004).
Scotland's conservation strategy is based on the conservation and enhancement of
biodiversity in Scotland (The Scottish Government 2013) underpinning the ambitious
Aichi Targets set by the United Nations Convention on Biological Diversity
(https://www.cbd.int/sp/targets/). The last review of the Scottish conservation
targets highlights that, for the specific cases of biodiversity and habitat loss,
challenges remain to embed conservation policies in practice. Habitat restoration,
particularly peatland restoration, is in this context viewed as a way to reduce habitat
degradation and fulfil Aichi targets for conservation and climate change mitigation
(Marrs et al. 2016). However, the restoration of peatlands is still found in an early
stage in Scotland, and the results achieved so far are yet to be evaluated.
This thesis shows that the old tenet "if we build it, they will come", or field of dreams
hypothesis, might not be a plausible outcome for all above-ground arthropod taxa,
and that some restoration techniques at the very least are unable to rebuild the right
habitat structure required by these groups in the short to medium-term (up to 20
years). This is further supported by the research discussed regarding
microtopography, vegetation composition, moisture and water chemistry that have
shown to be determinant factors in the blanket bog habitat at RSPB Forsinard Flows
(Hambley 2016; Gaffney 2017; Hancock et al. 2018; Creevy et al. 2018) , the largest
forest-to-bog peatland restoration project undertaken to date in Britain. It is evident
that further research is required to fully understand the relationship between
peatland habitats and biodiversity, as well as their response to restoration
management and their role in bog habitats. Biodiversity as a fundamental ecosystem
function must be always present in site management planning, whilst being mindful
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of the inherent differences between animal taxa, their relationship with ecosystem
function and potential response to disturbance. But most importantly, management
should be flexible enough to lend itself to adjustments, and further intervention, in
order to fulfil wildlife and habitat conservation plans that benefit all, including
biodiversity for biodiversity's sake if needed be.

276

REFERENCES
Agassiz D.J.L., Beavan S.D. & Heckford R.J., 2015. Dataset: Checklist of the Lepidoptera of the
British Isles - Data. Natural History Museum Data Portal (data.nhm.ac.uk) Natural History
Museum. Available at: http://data.nhm.ac.uk/dataset/checklist-of-the-lepidoptera-ofthe-british-isles-data [Accessed January 24 2018]
Ahtikoski A., Hänninen R., Siipilehto J., Hynynen J., Siitonen J., Koskela T. & Kojola S., 2017.
Cost-Efficiency of Alternative Forest Conservation Targets a Case Study from Finland.
Journal of Biodiversity Management Forestry 6
Alexander P.D., Bragg N.C., Meade R., Padelopoulos G. & Watts O., 2008. Peat in horticulture
and conservation: the UK response to a changing world. Mires and Peat 3, 1–10
Alison J., Duffield S.J., Morecroft M.D., Marrs R.H. & Hodgson J.A. 2017. Successful
restoration of moth abundance and species-richness in grassland created under agrienvironment schemes. Biological Conservation 213, 51–58
Andersen A.N., Hoffmann B.D. & Somes J., 2003. Ants as indicators of minesite restoration:
Community recovery at one of eight rehabilitation sites in central Queensland. Ecological
Management and Restoration 4(1), 12–19
Andersen R., Farrell C., Graf M., Muller F., Calvar E., Frankard P., Caporn S. & Anderson P.,
2017. An overview of the progress and challenges of peatland restoration in Western
Europe. Restoration Ecology 25(2), 271–282
Andersen R., Wells C., Macrae M.,& Price J., 2013. Nutrient mineralisation and microbial
functional diversity in a restored bog approach natural conditions 10 years post
restoration. Soil Biology and Biochemistry 64, 37–47
Anderson A.R., Ray D. & Pyatt D.G., 2000. Physical and hydrological impacts of blanket bog
afforestation at Bad a'Cheo Caithness: the first 5 years. Forestry 73(5), 467–478
Anderson M.J., 2001. A new method for non-parametric multivariate analysis of variance.
Austral Ecology 26(1), 32–46
Anderson M.J., 2006. Distance-Based Tests for Homogeneity of Multivariate Dispersions.
Biometrics 62(1), 245–253
Anderson M.J. & Walsh D.C.I., 2013. PERMANOVA ANOSIM and the Mantel test in the face of
heterogeneous dispersions: What null hypothesis are you testing? Ecological Monographs
83(4),557–574
Anderson P.A., Tallis J.H. & Yalden D.W., 1998. Restoring moorlands : the Moorland
Management Project phase 3 report Bakewell: Peak District Moorland Management
Project
Anderson R., 2001. Forestry Commission Technical Paper 32: Deforesting and restoring peat
bogs
a
review
Edinburgh.
Available
at:
https://www.forestry.gov.uk/PDF/FCTP032.pdf/$FILE/FCTP032.pdf [Accessed February 21
2018]
Anderson R., 2010. Restoring afforested peat bogs: results of current research Northern
Research Station
Anderson R. & Peace A., 2017. Ten-year results of a comparison of methods for restoring
afforested blanket bog. Mires and Peat 19(6), 1–23
Andriesse J.P. 1988. Nature and management of tropical peat soils Food and Agriculture
Organization
of
the
United
Nations.
Available
at:
http://www.fao.org/docrep/x5872e/x5872e00.htm#Contents [Accessed February 20
2018]
Angus R.B., Brown R.E. & Bryant L.J., 2000. Chromosomes and identification of the sibling
species Pterostichus nigrita (Paykull) and P. rhaeticus(Heer) (Coleoptera: Carabidae).
Systematic Entomology 25(3), 325–337

277

Angus R.B., Galián J., Wrase D.W. & Chaladz, G., 2008. The western Palaearctic species of the
Pterostichus nigrita (Paykull) complex, with the description of a new species from Spain
and a new subspecies of P. nigrita from Anatolia (Coleoptera, Carabidae). Nouv Rev
Entomol25, 297-316
Antvogel H. & Bonn V., 2001. Environmental parameters and microspatial distribution of
insects: a case study of carabids in an alluvial forest. Ecography 24(4), 470–482
Armstrong A., Holden J., Kay P., Foulger M., Gledhill S., McDonald A.T. & Walker A., 2009.
Drain-blocking techniques on blanket peat: A framework for best practice. Journal of
Environmental Management 90(11), 3512–3519
Armstrong A., Holden J., Kay P., Foulger M., Gledhill S., McDonald A.T. & Walker A., 2010.
The impact of peatland drain-blocking on dissolved organic carbon loss and discolouration
of water; results from a national survey. Journal of Hydrology 381(1–2), 112–120
Arnold A.I., Reinhardt A., Korczynski I., Grüning M. & Thies C., 2016. Positive feedback
between climate change forests pests and the carbon cycle. Annals of Applied BioSciences 3(1), 12-15
Artz R.R.E.,Chapman S.J., Donnelly D. & Matthews R., 2012. Potential Abatement from
Peatland Restoration. ClimateXChange Enquiry (1202-02)
Artz R.R.E. & Chapman S.J., 2016. Peatlands. A summary of research outputs supported or
facilitated by the Environmental Change Programme of the Scottish Government’s
Portfolio
of
Strategic
Research
2011-2016
Available
at:
http://www.hutton.ac.uk/sites/default/files/files/publications/Peatlands
final_web_reduced size.pdf [Accessed April 3 2018]
Artz R.R.E.,Donnelly D., Cuthbert A., Evans C., Smart S., Reed M., Kenter J., Clark J., 2012.
Restoration of lowland raised bogs in Scotland: Emissions savings and the implications of
a changing climate on lowland raised bog condition Final report. Scottish Wildlife Trust
ArtzR.R.E, Donnelly D., Andersen R., Mitchell R., Chapman S.J., Smith J., Smith P., Cummins
R., Balana B. & Cuthbert A., 2014. SNH Commissioned Report 562: Managing and
restoring blanket bog to benefit biodiversity and carbon balance – a scoping study
Available at: http://www.snh.org.uk/pdfs/publications/commissioned_reports/562.pdf
Asam Z.Z., Nieminen M., O’Driscoll C., O'Connor M., Sarkkola S., Kaila A., Sana A., Rodgers M.,
Zhan X. & Xiao L., 2014a. Export of phosphorus and nitrogen from lodgepole pine (Pinus
contorta) brash windrows on harvested blanket peat forests. Ecological Engineering 64,
161–170
Asam Z.Z., Nieminen M., Kaila A.& Xiao L., 2014b. Nutrient and heavy metals in decaying
harvest residue needles on drained blanket peat forests. European Journal of Forest
Research 133(6),969–982
Åström, M., Dynesius M., Hylander K., & Nilsson C., 2005. Effects of slash harvest on
bryophytes and vascular plants in southern boreal forest clear-cuts. Journal of Applied
Ecology 42(6),1194–1202
Atmar W. & Patterson B.D., 1993. The measure of order and disorder in the distribution of
species in fragmented habitat. Oecologia 96(3),373–382
Atmar W. & Patterson B.D., 1995. The nestedness temperature calculator: a visual basic
program including 294 presence-absence matrices. AICS Research Inc.
Audino L.D., Louzada J. & Comita L., 2014. Dung beetles as indicators of tropical forest
restoration success: Is it possible to recover species and functional diversity? Biological
Conservation 169. 248–257
August P.V., 1983. The Role of Habitat Complexity and Heterogeneity in Structuring Tropical
Mammal Communities. Ecology 64(6),1495–1507
Aukema B., 1991. Fecundity in relation to wing-morph of three closely related species of the
melanocephalus group of the genus Calathus (Coleoptera: Carabidae). Oecologia
87(1),118–126

278

Aukema B., 1995. The evolutionary significance of wing dimorphism in carabid beetles
(Coleoptera: Carabidae). Researches on Population Ecology 37(1),105–110
Aukema B. 1990. Wing-length determination in two wing-dimorphic Calathus species
(Coleoptera: Carabidae). Hereditas 113(3),189–202
Ausden M., 2013. Climate Change Adaptation: Putting Principles into Practice. Environmental
Management (March 2013),1–14
Avery M. & Leslie R., 1990. Birds and Forestry 1st ed. M. Avery & R. Leslie eds. London:
Bloomsbury Publishing
Avgin S.S. & Luff M.L., 2010. Ground beetles (Coleoptera: Carabidae) as bioindicators of
human impact. Munis Entomology & Zoology 5(1),209–215
Ayre K., 2001. Effect of predator size and temperature on the predation of Deroceras
reticulatum (Muller) (Mollusca) by carabid beetles. Journal of Applied Entomology
125(7),389–395
Baars J.R., Murray D.A., Hannigan E., & Kelly-Quinn M., 2014. Macroinvertebrate
assemblages of small upland peatland lakes in Ireland. Biology and Environment:
Proceedings of the Royal Irish Academy 114B(3), p.233
Baars M.A., 1979a. Catches in pitfall traps in relation to mean densities of carabid beetles.
Oecologia 41(1),25–46
Baars M.A., 1979b. Patterns of Movement of Radioactive Carabid Beetles. Oecologia
44(1),125–140
Baars M.A., 1982. Running for life. Studies on the locomotory activity and population
dynamics of Pterostichus versicolor Sturm and Calathus melanocephalus L. (Carabidae).
Biological Station Wijster Zoology - University of Amsterdam.
Bachand M., Pellerin S., Côté S.D., Moretti M., De Cáceres M., Brousseau P.M., Cloutier C.,
Hébert C., Cardinal É., Martin J.L. & Poulin M., 2014. Species indicators of ecosystem
recovery after reducing large herbivore density: Comparing taxa and testing species
combinations. Ecological Indicators 38,12–19
Bain C.G., Joosten H., Reed M., Evans C., Thompson A., Coupar A., Coath M., 2012. Kyoto
Protocol and National Accounting for Peatlands. Edinburgh. Available at:
http://www.iucn-uk-peatlandprogramme.org/sites/www.iucn-ukpeatlandprogramme.org/files/KyotoProtocol&NationalAccountingforPeatlandsrevised
2012.pdf [Accessed April 12 2018]
Bain C.G., Bonn A., Stoneman R., Chapman S., Coupar S., Evans M., Gearey B., Howat M.,
Joosten H., Keenleyside C., Labadz J., Lindsay R., Littlewood N., Lunt P., Miller C.J., Moxey
A., Orr H., Reed M., Smith P., Swales V. Thompson D.B.A., Thompson P.S., Van de Noort
R., Wilson J.D., Worrall F., 2011. IUCN UK Commission of Inquiry on Peatlands. Available
at: http://roar.uel.ac.uk/3591/ [Accessed November 27 2017]
Baini F., Bologna M.A., Pitzalis M., Taiti S., Taglianti A.V. & Zapparoli M., 2014. Assessing
patterns of co-occurrence and nestedness of arthropod assemblages in an artificialnatural Mediterranean forest mosaic (Isopoda Oniscidea Coleoptera Carabidae).
Rendiconti Lincei-Scienze Fisique e Naturali 25(3),339–350
Baker S.C. & Barmuta L.A., 2006. Evaluating spatial autocorrelation and depletion in pitfalltrap studies of environmental gradients. Journal of Insect Conservation 10(3),269–276
Barbaro L., Rossi J.P., Vetillard F., Nezan J. & Jactel H., 2007. The spatial distribution of birds
and carabid beetles in pine plantation forests: the role of landscape composition and
structure. Journal of Biogeography 34(4),652–664
Barbaro L. & Van Halder I., 2009. Linking bird carabid beetle and butterfly life-history traits to
habitat fragmentation in mosaic landscapes. Ecography 32(2),321–333
Barber C.B., Dobkin D.P. & Huhdanpaa H., 1996. The quickhull algorithm for convex hulls.
ACM Transactions on Mathematical Software 22(4),469–483

279

Barber H.S., 1931. Traps for cave-inhabiting insects. Journal of the Elisha Mitchell Scientific
Society 46(2),259–266
Barber K.E., 1993. Peatlands as scientific archives of past biodiversity. Biodiversity and
Conservation 2(5),474–489 [Accessed November 27 2017]
Bargmann T., Heegaard E., Hatteland B.A., Chipperfield J.D. & Grytnes J.A., 2016. Species trait
selection along a prescribed fire chronosequence. Insect Conservation and Diversity
9(5),446–455
Barraclough T.G. Hogan J.E. & Vogler A.P., 1999. Testing whether ecological factors promote
cladogenesis in a group of tiger beetles (Coleoptera: Cicindelidae). Proceedings of the
Royal Society B: Biological Sciences 266,1061–1067
Barrios E., 2007. Soil biota ecosystem services and land productivity. Ecological Economics
64(2) 269–285
Barton P.S., Gibb H., Manning A.D., Lindenmayer D.B. & Cunningham S.A., 2011.
Morphological traits as predictors of diet and microhabitat use in a diverse beetle
assemblage. Biological Journal of the Linnean Society 102(2),301–310
Batzer D.P. & Boix D., 2016. Invertebrates in freshwater wetlands : an international
perspective on their ecology 1st ed. Springer International Publishing
Bauer L.J., 1989. Moorland Beetle Communities on Limestone “Habitat Islands”. I. Isolation
Invasion and Local Species Diversity in Carabids and Staphylinids. The Journal of Animal
Ecology 58(3), 1077
Bauer T., 1985. Different adaptation to visual hunting in three ground beetle species of the
same genus. Journal of Insect Physiology 31(8),593–601
Bauer T., 1982. Predation by a carabid beetles specialized for catching collembola.
Pedobiologia 24,169–179
Baur B., 2014. Dispersal-limited species – A challenge for ecological restoration. Basic and
Applied Ecology 15(7),559–564
BC 2016. Scottish moth caterpillars by habitat. Butterfly Conservation - East Scotland Branch.
Available at: http://www.eastscotland-butterflies.org.uk/caterpillars_All habitats.html
[Accessed November 21 2017]
BC 2009. Adult Macromoths of the month - East Sutherland (Scotland). Available at:
http://www.eastscotland-butterflies.org.uk/monthphotos/VC107.html
[Accessed
February 26 2018].
Beadle J.M., Brown L.E. & Holden J., 2015. Biodiversity and ecosystem functioning in natural
bog pools and those created by rewetting schemes. Wiley Interdisciplinary Reviews:
Water 2(2),65–84
Beck J. Kitching I.J. & Linsenmair K.E., 2006. Effects of habitat disturbance can be subtle yet
significant: Biodiversity of hawkmoth-assemblages (Lepidoptera: Sphingidae) in
Southeast-Asia. Biodiversity and Conservation 15(1),465–486
Bedford S.E. & Usher M.B., 1994. Distribution of arthropod species across the margins of
farm woodlands. Agriculture Ecosystems & Environment 48(3) 295–305.
Behan-Pelletier V.M. & Bissett B. 1994. Oribatida of Canadian peatlands. Entomological
Society of Canada 169,73–88
Belanger S.D., 1976. The microarthropod community of Sphagnum moss with emphasis on
the Oribatei. State University of New York
de Bello F., Lavorel S., Díaz S., Harrington R., Cornelissen J.H., Bardgett R.D., Berg M.P.,
Cipriotti P., Feld C.K., Hering D. & da Silva P.M., 2010. Towards an assessment of multiple
ecosystem processes and services via functional traits. Biodiversity and Conservation
19(10),2873–2893
Belovsky G.E. & Slade J.B.,2017. Grasshoppers affect grassland ecosystem functioning:
Spatial and temporal variation. Basic and Applied Ecology 26, 24-34

280

Belyea L.R. & Lancaster J., 1999. Assembly Rules within a Contingent Ecology. Oikos
86(3),402–416
Belyea L.R. & Malmer N., 2004. Carbon sequestration in peatland: Patterns and mechanisms
of response to climate change. Global Change Biology 10(7),1043–1052
Bengtsson J. Persson T. & Lundkvist H., 1997. Long-Term Effects of Logging Residue Addition
and Removal on Macroarthropods and Enchytraeids. The Journal of Applied Ecology 34(4),
1014
Benjamini Y. & Hochberg Y., 1995. Controlling the False Discovery Rate: A Practical and
Powerful Approach to Multiple Testing. Journal of the Royal Statistical Society. Series B
(Methodological) 57,289–300
Bergerot B.,Merckx T., Van Dyck H. & Baguette M., 2012. Habitat fragmentation impacts
mobility in a common and widespread woodland butterfly: do sexes respond differently?
BMC Ecology 12(1), 5
Bernhardt-Römermann M., Römermann C., Nuske R., Parth A., Klotz S., Schmidt W. & Stadler
J. 2008. On the identification of the most suitable traits for plant functional trait analyses.
Oikos 117(10),1533–1541
Betzholtz P.-E. & Franzen M., 2011. Mobility is related to species traits in noctuid moths.
Ecological Entomology 36(3),369–376
Bezděk A. Jaroš J. & Spitzer K., 2006. Spatial distribution of ground beetles (Coleoptera:
Carabidae) and moths (Lepidoptera) in the Mrtvý luh bog Šumava Mts (Central Europe): A
test of habitat island community. Biodiversity and Conservation 1,381–395
Biagiotti G., Pereira J.A.A., Ribas C.R., Korasaki V., Zanetti R. & Queiroz A.C.M.D., 2013.
Richness and species composition of ants in the recovery process of a gully erosion. Cerne
19(4),661–668
Billett M.F., Charman D.J., Clark J.M., Evans C.D., Evans M.G., Ostle N.J., Worrall F., Burden
A., Dinsmore K.J., Jones T., McNamara N.P.,2010. Carbon balance of UK peatlands:
Current state of knowledge and future research challenges. Climate Research 45(1),13–29
Birch J.C., Billett M.F., Charman D.J., Clark J.M., Evans C.D., Evans M.G., Ostle N.J., Worrall F.,
Burden A., Dinsmore K.J., Jones T. & McNamara N.P., 2010. Cost-effectiveness of dryland
forest restoration evaluated by spatial analysis of ecosystem services. Proceedings of the
National Academy of Sciences of the United States of America 107(50),21925–30
Bird G.A. & Chatarpaul L., 1986. Effect of whole-tree and conventional forest harvest on soil
microarthropods. Canadian Journal of Zoology 64(9), 1986–1993 [Accessed January 7
2018]
Birkhofer K., Dietrich C., John K., Schorpp Q., Zaitsev A.S. & Wolters V., 2016. Regional
Conditions and Land-Use Alter the Potential Contribution of Soil Arthropods to Ecosystem
Services in Grasslands. Frontiers in Ecology and Evolution 3, 150
Bishop T.R., Robertson M.P., van Rensburg B.J., Parr C.L.,2015. Contrasting species and
functional beta diversity in montane ant assemblages. Journal of Biogeography
42(9),1776–1786
Biström O. & Pajunen T., 1989. Occurrence of Araneae Pseudoscorpionida Opiliones
Diplopoda Chilopoda and Symphyla in Polytrichum commune and Sphagnum s moss
stands in two localities in southern Finland. Memoranda Societatis pro Fauna et Flora
Fennica 65, 109–128
Blakely T.J. & Didham R.K., 2010. Disentangling the mechanistic drivers of ecosystem-size
effects on species diversity. Journal of Animal Ecology 79(6),1204–1214
Blanchet F.G. Legendre P. & Borcard D., 2008. Forward Selection of explanatory variables.
Ecology 89(9),2623–2632
Blanckenhorn W.U., 2000. The Evolution of Body Size: What Keeps Organisms Small? The
Quarterly Review of Biology 75(4),385–407

281

Blodau C., 2002. Carbon cycling in peatlands — A review of processes and controls.
Environmental Reviews 10(2),111–134
Blumfield T.. & Xu Z., 2003. Impact of harvest residues on soil mineral nitrogen dynamics
following clearfall harvesting of a hoop pine plantation in subtropical Australia. Forest
Ecology and Management 179(1–3),55–67
den Boer P.J. 1985. Fluctuations of density and survival of carabid populations. Oecologia
67(3), 322–330
den Boer P.J., van Huizen T.H.P., den Boer-Daanje W., den Bieman K., 1979. Wing
Polymorphism and Dimorphism in Ground Beetles as Stages in an Evolutionary Process
(Coleoptera: Carabidae). Entomologia Generalis 6(24),107–134
Den Boer P.J., 1990. Density limits and survival of local populations in 64 carabid species with
different powers of dispersal. Journal of Evolutionary Biology 3(1),19–48
Den Boer P.J., 1970. On the Significance of Dispersal Power for Populations of Carabid
Beetles (Coleoptera Carabidae). Oecologia 4(4),1–28
Boetzl F.A. Schneider G. & Krauss J., 2016. Asymmetric carabid beetle spillover between
calcareous grasslands and coniferous forests. Journal of Insect Conservation 20(1),49–57
Bokhorst S., Wardle D.A., Nilsson M.C. & Gundale M.J., 2014. Impact of understory mosses
and dwarf shrubs on soil micro-arthropods in a boreal forest chronosequence. Plant and
Soil 379(1–2), 121–133
Bonn A., Reed M.S., Evans C.D., Joosten H., Bain C., Farmer J., Emmer I., Couwenberg J.,
Moxey A., Artz R. & Tanneberger F., 2014. Investing in nature: Developing ecosystem
service markets for peatland restoration. Ecosystem Services 9, 54–65
Bonn A., Allott T., Evans M., Joosten H. & Stoneman R., 2016. Peatland Restoration and
Ecosystem Services: Science Policy and Practice. Cambridge University Press
Bonte D., Vandenbroecke N., Lens L. & Maelfait J.P., 2003. Low propensity for aerial dispersal
in specialist spiders from fragmented landscapes. Proceedings of the Royal Society of
London B: Biological Sciences 270(1524), 1601–7
Boomsma J.J. & Isaaks J.A., 1982. Effects of inundation and salt on the survival of ants in a
sandy coastal plain. Ecological Entomology 7(2), 121–130
Börjesson P., 2000. Economic valuation of the environmental impact of logging residue
recovery and nutrient compensation. Biomass and Bioenergy 19(3), 137–152
Bowden J., 1982. An Analysis of Factors Affecting Catches of Insects in Light-Traps. Bulletin of
Entomological Research 72(4), 535
Boyd J. & Banzhaf S., 2007. What are ecosystem services? The need for standardized
environmental accounting units. Ecological Economics 63(2–3), 616–626
ter Braak C.J.F., Cormont A. & Dray S., 2012. Improved testing of species traits–environment
relationships in the fourth-corner problem. Ecology 93(7), 1525–1526
ter Braak C.J.F.& Smilauer P. 2002. CANOCO Reference Manual and CanoDraw for Windows
User’s Guide: Software for Canonical Community Ordination (version 4.5). Available at:
https://library.wur.nl/WebQuery/wurpubs/reports/341885 [Accessed January 31 2018].
ter Braak C.J.F. & Smilauer P., 1998. CANOCO reference manual and user’s guide to Canoco
for Windows: software for canonical community ordination (version 4) Centre for
Biometry
Brady V.J., Cardinale B.J., Gathman J.P. & Burton T.M., 2002. Does facilitation of faunal
recruitment benefit ecosystem restoration? An experimental study of invertebrate
assemblages in wetland mesocosms. Restoration Ecology 10(4), 617–626
Bragazza L., Freeman C., Jones T., Rydin H., Limpens J., Fenner N., Ellis T., Gerdol R., Hájek M.,
Hájek T. & Iacumin P., 2006. Atmospheric nitrogen deposition promotes carbon loss from
peat bogs. Proceedings of the National Academy of Sciences of the United States of
America 103(51), 19386–9

282

Bragg O.M., 2002. Hydrology of peat-forming wetlands in Scotland. Science of the Total
Environment 294(1–3), 111–129
van Breemen N., 1995. How Sphagnum bogs down other plants. Trends in Ecology &
Evolution 10(7), 270–275
Brigid A., Starčevid M., Hrašovec B. & Elek Z., 2014a. Old forest edges may promote the
distribution of forest species in carabid assemblages (Coleoptera: Carabidae) in Croatian
forests. European Journal of Entomology 111(5), 715–725
Brigid A., Vujčid-Karlo S., Alegro A., Šegota V. & Ternjej I.,2014b. Ecology biology and
conservation of Pterostichus rhaeticus Heer 1837 (Coleoptera: Carabidae) at the edge of
its distribution range in the Western Balkans. Italian Journal of Zoology 81(4), 517–529
Brigid A., Vujčid-Karlo S., Alegro A., Šegota V. & Ternjej I., 2017. Spatial distribution of insect
indicator taxa as a basis for peat bog conservation planning. Ecological Indicators 80, 344–
353
van den Brink P.J., Den Besten P.J., bij de Vaate A. & ter Braak C.J., 2009. Principal response
curves technique for the analysis of multivariate biomonitoring time series.
Environmental Monitoring and Assessment 152(1–4), 271–281
van Den Brink P.J., Ter C.J.F. & Dlo B. 1999. Principal Response Curves: Analysis of TimeDependent Multivariate Responses of Biological Community to Stress. Environmental
Toxicology and Chemistry 18(2), 138–148
Brooks D.R., Bater J.E., Clark S.J., Monteith D.T., Andrews C., Corbett S.J., Beaumont D.A. &
Chapman J.W., 2012b. Large carabid beetle declines in a United Kingdom monitoring
network increases evidence for a widespread loss in insect biodiversity. Journal of Applied
Ecology 49(5), 1009–1019
Brooks D.R., Storkey J., Clark S.J., Firbank L.G., Petit S. & Woiwod I.P., 2012a. Trophic links
between functional groups of arable plants and beetles are stable at a national scale.
Journal of Animal Ecology 81(1), 4–13
Brooks S., Stoneman R., Hanlon A., Thom T., 2014. Conserving bogs - The Management
Handbook.
Yorkshire
Partnership.
Available
at:
https://issuu.com/peat123/docs/conserving_bogs [Accessed November 27 2017]
Brooks S. & Stoneman R., 1997. Tree removal at langlands moss. Conserving Peatlands, 315–
322
Brose U., 2003. Bottom-up control of carabid beetle communities in early successional
wetlands: mediated by vegetation structure or plant diversity? Oecologia 135(3), 407–413
Brouat C., Sennedot F., Audiot P., Leblois R. & Rasplus J.Y., 2003. Fine-scale genetic structure
of two carabid species with contrasted levels of habitat specialization. Molecular Ecology
12(7), 1731–1745
Brown G.R. & Matthews I.M., 2016. A review of extensive variation in the design of pitfall
traps and a proposal for a standard pitfall trap design for monitoring ground-active
arthropod biodiversity. Ecology and Evolution 6(12), 3953–3964
Bruin J., Geest L.P.S. & Sabelis M.W., 1999. Ecology and Evolution of the Acari. In Proceedings
of the 3rd Symposium of the European Association of Acarologists 1-5 July 1996
Amsterdam the Netherlands. Springer Netherlands
Bruneau P. & Johnson S.M., 2014. SNH Commissioned Report 701: Scotland’s peatland definitions
&amp;
information
resources
Edinburgh.
Available
at:
http://www.snh.org.uk/pdfs/publications/commissioned_reports/701.pdf
Bryan K.M. & Wratten S.D. 1984. The responses of polyphagous predators to prey spatial
heterogeneity: aggregation by carabid and staphylinid beetles to their cereal aphid prey.
Ecological Entomology 9(3), 251–259
Buchanan G.M., Grant M.C., Sanderson R.A. & Pearce-Higgins J.W., 2006. The contribution of
invertebrate taxa to moorland bird diets and the potential implications of land-use
management. Ibis 148(4), 615–628

283

Buchholz S., Jess A.M., Hertenstein F. & Schirmel J., 2010. Effect of the colour of pitfall traps
on their capture efficiency of carabid beetles (Coleoptera: Carabidae) spiders (Araneae)
and other arthropods. European Journal of Entomology 107(2), 277–280
Buchholz S.N., Hannig K.N. & Schirmel J.N., 2009. Ground beetle assemblages of peat bog
remnants in northwest Germany (Coleoptera: Carabidae). Entomologia Generalis 32(2),
127–144
Bullock J.M., Aronson J., Newton A.C., Pywell R.F. & Rey-Benayas J.M., 2011. Restoration of
ecosystem services and biodiversity: Conflicts and opportunities. Trends in Ecology and
Evolution 26(10), 541–549
Bultman T.L. & Uetz G.W., 1982. Abundance and community structure of forest floor spiders
following litter manipulation. Oecologia 55(1), 34–41
Bultman T.L. & Uetz G.W., 1984. Effect of Structure and Nutritional Quality of Litter on
Abundances of Litter-dwelling Arthropods. American Midland Naturalist 111(1)
Büscher B., Sullivan S., Neves K., Igoe J., Brockington D., 2012. Towards a synthesized critique
of neoliberal biodiversity and conservation. Capitalism Nature Socialism 23, 4-30
Büscher B., 2012. Payments for ecosystem services as neoliberal conservation:
(Reinterpreting) evidence from the Maloti-Drakensberg, South Africa. Conservation and
Society 10, 29-41
Bussell J., Jones D.L., Healey J.R. & Pullin A.S., 2010. How do draining and re-wetting affect
carbon stores and greenhouse gas fluxes in peatland soils? CEE review, 08–012
Butchart S.H.M., Walpole M., Collen B., Van Strien A., Scharlemann J.P., Almond R.E., Baillie
J.E., Bomhard B., Brown C., Bruno J. & Carpenter K.E., 2010. Global biodiversity: indicators
of recent declines. Science 328(5982), 1164–8
Butterfield J., 1997. Carabid community succession during the forestry cycle in conifer
plantations. Ecography 20(6), 614–625
Butterfield J., 1992. The effect of conifer plantations on the invertebrate communities of
peat moorland. Peatland ecosystems and man: an impact assessment. International Peat
Society Cambridge University Press Cambridge, 309–315
Butterfield J., Luff M. & Babes M., 1995. Carabid beetle communities as indicators of
conservation potential in upland forests. Forest Ecology and Management 79(1), 63–77
Byg A., Martin-Ortega J., Glenk K. & Novo P., 2017. Conservation in the face of ambivalent
public perceptions – The case of peatlands as “the good the bad and the ugly.” Biological
Conservation 206, 181–189
Byrne K.A. & Farrell E.P., 2005. The effect of afforestation on soil carbon dioxide emissions in
blanket peatland in Ireland. Forestry 78(3), 217–227
De Cáceres M., 2013. How to use the indicspecies package (version 1.7. 1). Centre Tecnològic
Forestal de Catalunya Catalonia
De Cáceres M.& Legendre P., 2009. Associations between species and groups of sites: indices
and statistical inference. Ecology 90(12), 3566–3574
Cadogan B.L. & Laing J.E., 1977. A technique for rearing predaceous mite Balaustium putmani
(Acarina: Erythraeidae) with notes on its biology and life history. The Canadian
Entomologist 109(12), 1535–1544
Cadotte M.W., Arnillas C.A., Livingstone S.W. & Yasui S.L.E., 2015. Predicting communities
from functional traits. Trends in Ecology & Evolution 30(9), 510–511
Cadotte M.W., Carscadden K. & Mirotchnick N., 2011. Beyond species: Functional diversity
and the maintenance of ecological processes and services. Journal of Applied Ecology
48(5), 1079–1087
Cadotte M.W. & Tucker C.M., 2017. Should Environmental Filtering be Abandoned? Trends in
Ecology & Evolution 32, 429–437
Calmé S. & Desrochers A., 2000. Biogeographic aspects of the distribution of bird species
breeding in Québec’s peatlands. Journal of Biogeography 27, 725–732

284

Cañedo-Argüelles M. & Rieradevall M. 2011. Early succession of the macroinvertebrate
community in a shallow lake: Response to changes in the habitat condition. Limnologica Ecology and Management of Inland Waters 41(4), 363–370
Cannell M.G.R., Dewar R.C. & Pyatt D.G., 1993. Conifer Plantations on Drained Peatlands in
Britain - a Net Gain or Loss of Carbon. Forestry 66(4), 353–369
Cardinale B.J., Duffy J.E., Gonzalez A., Hooper D.U., Perrings C., Venail P., Narwani A., Mace
G.M., Tilman D., Wardle D.A. & Kinzig A.P., 2012. Biodiversity loss and its impact on
humanity. Nature 489(7415), 326–326
Cardoso P., Silva I., de Oliveira N.G. & Serrano A.R., 2004. Indicator taxa of spider (Araneae)
diversity and their efficiency in conservation. Biological Conservation 120(4), 517–524
Carignan V. & Villard M.A., 2002. Selecting Indicator Species to Monitor Ecological Integrity:
A Review. Environmental Monitoring and Assessment 78(1), 45–61
Carrera N., Barreal M.E., Rodeiro J. & Briones M.J.I., 2011. Interactive effects of temperature
soil moisture and enchytraeid activities on C losses from a peatland soil. Pedobiologia
54(5–6), 291–299
Carrera N., Barreal M.E., Gallego P.P. & Briones M.J., 2009. Soil invertebrates control
peatland C fluxes in response to warming. Functional Ecology 23(3), 637–648
Carroll M.J., Heinemeyer A., Pearce-Higgins J.W., Dennis P., West C., Holden J., Wallage Z.E.
& Thomas C.D., 2015. Hydrologically driven ecosystem processes determine the
distribution and persistence of ecosystem-specialist predators under climate change.
Nature Communications 6, 7851
Carroll, M., Dennis, P., Ewing, S. & Heinemeyer, A., 2014. Impacts of drainage and climate
change on keystone insects and upland breeding birds. In BOU’s Annual Conference Ecology and Conservation of birds in upland and alpine habitats
Carroll M.J., Dennis P., Pearce-Higgins J.W. & Thomas C.D., 2011. Maintaining northern
peatland ecosystems in a changing climate: Effects of soil moisture drainage and drain
blocking on craneflies. Global Change Biology 17(9), 2991–3001
Carroll M.J., 2012. The Ecology of British Upland Peatlands: climate change drainage
keystone species and breeding birds. University of York. Available at:
http://etheses.whiterose.ac.uk/3296/1/MJCarroll_PhD_Thesis_Final.pdf
[Accessed
November 21 2017]
Carter D.O., Yellowlees D. & Tibbett M., 2006. Cadaver decomposition in terrestrial
ecosystems. Naturwissenschaften 94(1), 12–24
Cavender-Bares J., Ackerly D.D., Baum D.A. & Bazzaz F.A., 2004. Phylogenetic overdispersion
in Floridian oak communities. The American naturalist 163(6), 823–43
CBD 2008. COP 9 Decision IX/16 - Biodiversity and climate change Bonn. Available at:
http://www.ciesin.columbia.edu/repository/entri/docs/cop/CBD_COP009_dec16.pdf
[Accessed April 16 2018]
Chan K.M.A., Pringle R.M., Ranganathan J.A.I., Boggs C.L., Chan Y.L., Ehrlich P.R., Haff P.K.,
Heller N.E., Al‐Khafaji K. & Macmynowski D.P., 2007. When Agendas Collide: Human
Welfare and Biological Conservation. Conservation Biology 21(1), 59–68
Chapin F.S., Zavaleta E.S., Eviner V.T., Naylor R.L., Vitousek P.M., Reynolds H.L., Hooper D.U.,
Lavorel S., Sala O.E., Hobbie S.E. & Mack M.C., 2000. Consequences of changing
biodiversity. Nature 405(6783), 234–242
Chapman S.J., Bell J., Donnelly D. & Lilly A., 2009. Carbon stocks in Scottish peatlands. Soil
Use and Management 25(2), 105–112
Charman D., 2002. Peatlands and environmental change. Wiley
Cheli G.H. & Corley J.C., 2010a. Effi cient Sampling of Ground-Dwelling Arthropods Using
Pitfall Traps in Arid Steppes. Neotropical Entomology 277(396), 912–917
Cheli G.H. & Corley J.C., 2010b. Efficient sampling of ground-dwelling arthropods using pitfall
traps in arid steppes. Neotropical Entomology 39(6), 912–917

285

Chévene F., Doleadec S. & Chessel D., 1994. A fuzzy coding approach for the analysis of longterm ecological data. Freshwater Biology 31(3), 295–309
Chu H., 1949. How to know the immature insects. Brown Company
Čivid K. & Jones-Walters L., 2010. Peatlands in Ecological Networks in Europe Peatlands in
Ecological Networks in Europe. November 2010 report. ECNC European Centre for Nature
Conservation.
Clark W.H. & Blom P.E., 1992. An efficient and inexpensive pitfall trap system. Entomological
News 103(2), 55–59
Clarke K.R., Somerfield P.J. & Chapman M.G. 2006. On resemblance measures for ecological
studies including taxonomic dissimilarities and a zero-adjusted Bray–Curtis coefficient for
denuded assemblages. Journal of Experimental Marine Biology and Ecology 330(1), 55–80
Clarke S., 2009. Balancing Environmental and Cultural Impact against the Strategic Need for
Wind Power. International Journal of Heritage Studies 15(2–3), 175–191
Clay G.D., Worrall F., Clark E. & Fraser E.D., 2009. Hydrological responses to managed
burning and grazing in an upland blanket bog. Journal of Hydrology 376(3–4), 486–495
Clements F.E., 1936. Nature and Structure of the Climax. The Journal of Ecology 24(1), 252
Clymo R.S., 1984. The limits to peat bog growth. Philosophical Transactions of the Royal
Society of London B: Biological Sciences 303(1117), 605–654
Cole L.J., McCracken D.I., Dennis P., Downie I.S., Griffin A.L., Foster G.N., Murphy K.J. &
Waterhouse T., 2002. Relationships between agricultural management and ecological
groups of ground beetles (Coleoptera: Carabidae) on Scottish farmland. Agriculture
Ecosystems and Environment 93(1), 323–336
Colwell R.K., 2009. Biodiversity: Concepts Patterns and Measurement. In The Princeton guide
to ecology, 257–263
Conrad K.F., Warren M.S., Fox R., Parsons M.S. & Woiwod I.P., 2006. Rapid declines of
common widespread British moths provide evidence of an insect biodiversity crisis.
Biological Conservation 132(3), 279–291
Costanza R., d'Arge R., de Groot R., Farber S., Grasso M., Hannon B., Limburg K., Naeem S.,
O'Neill R.V., Paruelo J., Raskin G.R., Sutton P., van der Belt M., 1997. The value of the
world's ecosystem services and natural capital. Nature 387, 253–260
Corbet S.A., Williams I.H. & Osborne J.L., 1991. Bees and the Pollination of Crops and Wild
Flowers in the European Community. Bee World 72(2), 47–59
Cornwell W.K., Schwilk D.W. & Ackerly D.D., 2006. A trait-based test for habitat filtering:
convex hull volume. Ecology 87(6), 1465–1471
Corti R., Larned S.T. & Datry T., 2013. A comparison of pitfall-trap and quadrat methods for
sampling ground-dwelling invertebrates in dry riverbeds. Hydrobiologia 717(1), 13–26
Coulson J., Bauer L., Butterfield J., Downie I., Cranna L. & Smith C., 1995. The invertebrates of
the northern Scottish Flows and a comparison with other peatland habitats. Heaths and
moorland: cultural landscapes, 74–91
Coulson J.C. & Butterfield J., 1978. An Investigation of the Biotic Factors Determining the
Rates of Plant Decomposition on Blanket Bog. The Journal of Ecology 66(2), 631
Coulson J.C. & Butterfield J.E.L., 1985. The invertebrate communities of peat and upland
grasslands in the North of England and some conservation implications. Biological
Conservation 34(3), 197–225
Coulson J.C. Butterfield J.E.L. & Henderson E., 1990. The Effect of Open Drainage Ditches on
the Plant and Invertebrate Communities of Moorland and on the Decomposition of Peat.
Journal of Applied Ecology 27(2), 549–561
Coulson S.J., Hodkinson I.D., Webb N.R., Mikkola K., Harrison J.A. & Pedgley D.E., 2002. Aerial
colonization of high Arctic islands by invertebrates: the diamondback moth Plutella
xylostella (Lepidoptera: Yponomeutidae) as a potential indicator species. Diversity and
Distributions 8(6), 327–334

286

Creevy A.L., Andersen R., Rowson J.G. & Payne R.J., 2018. Testate amoebae as functionally
significant bioindicators in forest-to-bog restoration. Ecological Indicators 84, 274–282
Crist T.O. & Ahern R.G., 1999. Effects of habitat patch size and temperature on the
distribution and abundance of ground beetles (Coleoptera: Carabidae) in an old field.
Environmental Entomology 28(4), 681–689
Cristescu R.H., Frère C. & Banks P.B., 2012. A review of fauna in mine rehabilitation in
Australia: Current state and future directions. Biological Conservation 149(1), 60–72
Crotty F. & Shepherd M., 2014. A key to soil mites in the UK. Test version 2: 1st April.
Čuchta P. & Starý J., 2015. Preliminary results of a study on the soil mesofauna in disturbed
spruce forest stands near Čertovo and Plešné Lakes in the Bohemian Forest (Czech
Republic). Acta Soc. Zool. Bohem 79, 161–167
Cuddington K., 2011. Legacy Effects: The Persistent Impact of Ecological Interactions.
Biological Theory 6(3), 203–210
Cumming G.S., 2007. Global biodiversity scenarios and landscape ecology. Landscape Ecology
22(5), 671–685
Cumming G.S. & Child M.F., 2009. Contrasting spatial patterns of taxonomic and functional
richness offer insights into potential loss of ecosystem services. Philosophical transactions
of the Royal Society of London. Series B Biological sciences 364(1524), 1683–92
Curtis D.J. & Corrigan H., 1990. Peatland spider communities and land management on a
scottish island. European Arachnology, 97–102
Daily G.C. & Matson P.A., 2008. Ecosystem Services: from theory to implementation. PNAS
105, 9455–9456
Dalthorp D., 2004. The generalized linear model for spatial data: assessing the effects of
environmental covariates on population density in the field. Entomologia Experimentalis
et Applicata 111(2), 117–131
Danielsen F., Beukema H., Burgess N.D., Parish F., Brühl C.A., Donald P.F., Murdiyarso D.,
Phalan B.E.N., Reijnders L., Struebig M. & Fitzherbert E.B., 2009. Biofuel Plantations on
Forested Lands: Double Jeopardy for Biodiversity and Climate. Conservation Biology 23(2),
348–358
Dapkus D., 2000. Comparison of Lepidoptera communities of Čepkeliai raised bog Baloša and
Palios peatlands. Acta Zoologica Lituanica 10(4), 85–88
Dapkus D., 2004a. Lepidoptera Associated with Pine Bogs of Different Successional Stages.
Acta Zoologica Lituanica 14(3), 26–30
Dapkus D., 2004b. Lepidoptera associated with the Notigalë peat bog (Lithuania). Ekologija 2,
33–36
Dapkus D., 2001. Macrolepidoptera of Lithuanian peatbogs. Norwegian Journal of
Entomology 48, 161–166
Dapkus D. & Tamutis V., 2008. Assemblages of beetles (Coleoptera) in a peatbog and
surrounding pine forest. Baltic Journal of Coleopterology 1, 31–40
Davies G.M., Kettridge N., Stoof C.R., Gray A., Ascoli D., Fernandes P.M., Marrs R., Allen K.A.,
Doerr S.H., Clay G.D. & McMorrow J., 2016. The role of fire in UK peatland and moorland
management: the need for informed unbiased debate. Philosophical transactions of the
Royal Society of London. Series B Biological sciences 371(1696), 20150342
Davies K.F. & Margules C.R., 1998. Effects of habitat fragmentation on carabid beetles:
experimental evidence. Journal of Animal Ecology 67(3), 460–471
Davies M.J., 1953. The contents of the crops of some British carabid beetles. Entomologist's
Monthly Magazine 89, 18–23
Davis A.L.V., Van Aarde R.J., Scholtz C.H. & Delport J.H., 2003. Convergence between dung
beetle assemblages of a post-mining vegetational chronosequence and unmined dune
forest. Restoration Ecology 11(1), 29–42

287

Day K.R. & Carthy J., 1988. Changes in carabid beetle communities accompanying a rotation
of sitka spruce. Agriculture Ecosystems & Environment 24(4), 407–415
Defra 2009. The Peatland Compendium Available at: http://www.iucn-ukpeatlandprogramme.org/sites/www.iucn-uk-peatlandprogramme.org/files/Defra
report_0.pdf
Degen T., Mitesser O., Perkin E.K., Weiß N.S., Oehlert M., Mattig E. & Hölker F., 2016. Street
lighting: sex-independent impacts on moth movement. Journal of Animal Ecology 85(5),
1352–1360
Dennis P. Aspinall R.J. & Gordon I.J. 2002. Spatial distribution of upland beetles in relation to
landform vegetation and grazing management Basic and Applied Ecology. Basic Applied
Ecologyl 3, 183–193
Dennis P., Young M.R. & Gordon I.J., 1998. Distribution and abundance of small insects and
arachnids in relation to structural heterogeneity of grazed indigenous grasslands.
Ecological Entomology 23(3), 253–264
Dennis R.L.H., Shreeve T.G. &van Dyck H., 2003. Towards a functional resource-based
concept for habitat: a butterfly biology viewpoint. Oikos 102(2), 417–426
Dennison D.F. & Hodkinson I.D., 1983. Structure of the predatory beetle community in a
woodland soil ecosystem. I. Prey selection. Pedobiologia 25(2), 109–115
Desender K. & Alderweireldt M., 1990. Yearly and seasonal variation of carabid diel activity in
pastures and cultivated fields. Revue d’Écologie et de Biologie du Sol 27(4), 423–433
Desender K., Ervynck A. & Tack G. 1999. Beetle diversity and historical ecology of woodlands
in Flanders. Belgian Journal of Zoology 129(1), 139–156
Desrochers A. & van Duinen G.-J. 2006. Peatland Fauna. Boreal Peatland Ecosystems 188, 67–
100
Desrochers R.E. & Anand M., 2004. From traditional diversity indices to taxonomic diversity
indices. International Journal of Ecology and Environmental Sciences 30, 85–92
Devictor V., Clavel J., Julliard R., Lavergne S., Mouillot D., Thuiller W., Venail P., Villeger S. and
Mouquet N.,2010. Defining and measuring ecological specialization. Journal of Applied
Ecology 47(1), 15–25
Devictor V., Julliard R. & Jiguet F., 2008. Distribution of specialist and generalist species along
spatial gradients of habitat disturbance and fragmentation. Oikos 117(4), 507–514
Devoto M., Bailey S. & Memmott J., 2011. The “night shift”: nocturnal pollen-transport
networks in a boreal pine forest. Ecological Entomology 36(1), 25–35
Dieleman C.M., Branfireun B.A., McLaughlin J.W. & Lindo Z., 2014. Climate change drives a
shift in peatland ecosystem plant community: Implications for ecosystem function and
stability. Global Change Biology, 1–8
Digweed S.C., 1995. Digging out the“ digging-in effect” of pitfall traps: influences of depletion
and disturbance on catches of ground beetles (Coleoptera: Carabidae). Pedobiologia 39,
561–576
van Dijk T.S. & den Boer P.J., 1992. The Life Histories and Population Dynamics of Two
Carabid Species on a Dutch Heathland. 1. Fecundity and the Mortality of Immature
Stages. Oecologia 90, 340–352
Dı ́az S. & Cabido M., 2001. Vive la différence: plant functional diversity matters to ecosystem
processes. Trends in Ecology & Evolution 16(11), 646–655
Doak P., 2000. Population consequences of restricted dispersal for an insect herbivore in a
subdivided habitat. Ecology 81(7), 1828–1841
Dobson A., Lodge, D. Alder, J., Cumming G.S., Keymer J., McGlade J., Mooney H., Rusak J.A.,
Sala O., Wolters V. & Wall D., 2006. Habitat loss trophic collapse and the decline of
ecosystem services. Ecology 87(8), 1915–1924

288

Dolédec S., Chessel D., Ter Braak C.J.F. & Champely S., 1996. Matching species traits to
environmental variables: a new three-table ordination method. Environmental and
Ecological Statistics 3(2), 143–166
Dorman D.C. & Haschek W.M., 1991. Fatal propylene glycol toxicosis in a horse. Journal of
the American Veterinary Medical Association 198(9), 1643–4
Dormann C.F., Gruber B. & Fründ J., 2008. Introducing the bipartite package: analysing
ecological networks. interaction 1, 0–2413793
Dorrepaal E., Toet S., van Logtestijn R.S., Swart E., van de Weg M.J., Callaghan T.V. & Aerts R.,
2009. Carbon respiration from subsurface peat accelerated by climate warming in the
subarctic. Nature 460(7255), 616–619
Downie I.S., Coulson J.C., Foster G.N. & Whitfield D.P., 1998. Distribution of aquatic
macroinvertebrates within peatland pool complexes in the Flow Country Scotland.
Hydrobiologia 377, 95–105
Doyle G.J., 1990. Phytosociology of Atlantic blanket bog complexes in north-west Mayo.
Ecology and conservation of Irish peatlands 75, 90
Doyle G.J., 1982. The vegetation ecology and productivity of Atlantic blanket bog in Mayo
and Galway western Ireland. Journal of Life Sciences Royal Dublin Society 3(1), 147–164
Dray S., Choler P., Dolédec S., Peres-Neto P.R., Thuiller W., Pavoine S. & ter Braak C.J., 2014.
Combining the fourth-corner and the RLQ methods for assessing trait responses to
environmental variation. Ecology 95(1), 14–21
Dray S., Chessel D. & Thioulouse J., 2003. Co-inertia analysis and the linking of ecological data
tables. Ecology 84(11), 3078–3089
Dray S. & Dufour A.B., 2007. The ade4 Package: Implementing the Duality Diagram for
Ecologists. Journal of Statistical Software 22(4), 1–20
Dray S. & Legendre P., 2008. Testing the species traits-environment relationships: the fourthcorner problem revisited. Ecology 89(12), 3400–3412
Dray S., Legendre P. & Blanchet F.G., 2013. packfor: Forward Selection with permutation.
Drees C., Matern A., Vermeulen R. & Assmann T., 2007. The influence of habitat quality on
populations: a plea for an amended approach in the conservation of Agonum ericeti.
Baltic Journal of Coleopterology 7(1), 1–8
Drinan T.J., Foster G.N., Nelson B.H., O'Halloran J. & Harrison S.S.C., 2013. Macroinvertebrate
assemblages of peatland lakes: Assessment of conservation value with respect to
anthropogenic land-cover change. Biological Conservation 158, 175–187
Drozd P., Dolný A., Kočárek P. & Plášek V., 2009. Patterns of abundance and higher taxa
composition of moss arthropod association in submountain and mountain forest
ecosystem. Nowellia bryologica 38, 23–30
Drozdová M., Šipoš J. & Drozd P., 2009. Predation risk for insects living in moss cushions:
comparison between different strata of mountain forest. Troisièmes Rencontres
Bryologiques Internationales 38, 13–18
Duff A.G., 2012. Beetles of Britain & Ireland. Volume 1: Sphaeriusidae to Silphidae Norfolk.
Dufrêne M. & Legendre P., 1997. Species assemblages and indicator species: the need for a
flexible asymmetrical approach. Ecological Monographs 67(3), 345–366
van Duinen G. A., Verberk W.C.E.P. & Esselink H., 2007. Persistence and recolonisation
determine success of bog restoration for aquatic invertebrates: A comment on Mazerolle
et al. (2006). Freshwater Biology 52(2), 381–382
van Duinen G.J., Brock A.M., Kuper J.T., Leuven R.S., Peeters T.M., Roelofs J.G., Van Der Velde
G., Verberk W.C. & Esselink H., 2003. Do restoration measures rehabilitate fauna diversity
in raised bogs? A comparative study on aquatic macroinvertebrates. Wetlands Ecology
and Management 11(6), 447–459
Dunn R.R., 2004. Recovery o f Faunal Communities During Tropical Forest Regeneration.
Conservation Biology 18(2), 302–309

289

van Dyck H. & Baguette M., 2005. Dispersal behaviour in fragmented landscapes: Routine or
special movements? Basic and Applied Ecology 6(6), 535–545
EC 2008. The economics of ecosystems and biodiversity. EuropeanCommission, Brussels
EC 2009. Composite Report on the Conservation Status of Habitat Types and Species as
required under Article 17 of the Habitats Directive COM (2009) 358 final. Available at:
http://eur-lex.europa.eu/LexUriServ/LexUriServ.do?uri=COM:2009:0358:FIN:EN:PDF
[Accessed March 27 2018]
EC 2017. The Common Agricultural Policy (CAP). Agriculture and Rural Development.
Available at: https://ec.europa.eu/agriculture/cap-overview/history_en [Accessed March
27 2018]
Eccles C., 2005. The Peatlands of Caithness & Sutherland. Management Strategy 2005-2015
Available
at:
http://ec.europa.eu/environment/life/project/Projects/index.cfm?fuseaction=home.sho
wFile&rep=file&fil=Peatlands Management Strategy.pdf
Eccles C., 2015. The Peatlands of Caithness and Sutherland - Management Strategy 2015 2025 Available at: https://www.nature.scot/sites/default/files/Publication 2015 - The
Peatlands of Caithness and Sutherland - Management Strategy 2015 - 2025 - Consultative
draft.pdf [Accessed January 18 2018]
Ekschmitt K., Wolters V. & Weber M., 1997. Spiders carabids and staphylinids: the ecological
potential of predatory macroarthropods. InFauna in Soil Ecosystems. Recycling Processes
Nutrient Fluxes and Agricultural Production. New York, 307–362
Ehrlich P.R. & Ehrlich A.H., 1981. Extinction: the causes and consequences of the
disappearance of species. Random House, New York
Elmes G.W. & Wardlaw J.C., 1982a. A population study of the antes Myrmica sabuleti and
Myrmica scabrinodis living at two sites in the South of England. 2. Effect of above-nest
vegetation. Animal Ecology 51(651)
Elmes G.W. & Wardlaw J.C., 1982b. A population study of the ants Myrmica sabuleti and
Myrmica scabrinoides living at two sites in the South of England. 1. A Comparison of
colony populations. Animal Ecology 51(651)
Elo M., Penttinen J. & Kotiaho J.S., 2015. The effect of peatland drainage and restoration on
Odonata species richness and abundance. BMC Ecology 15(1), 1–8
Ernsting G., 1977. Effects of food deprivation and type of prey on predation by Notiophilus
biguttatus F. (Carabidae) on springtails (Collembola). Oecologia 31(1), 13–20
Ernsting G. & Isaaks J.A., 1997. Effects of temperature and season on egg size hatchling size
and adult size in Notiophilus biguttatus. Ecological Entomology 22(1), 32–40
Ernsting G. & Werf D.C., 1988. Hunger partial consumption of prey and prey size preference
in a carabid beetle. Ecological Entomology 13(2), 155–164
Erwin K.L. 2009. Wetlands and global climate change: the role of wetland restoration in a
changing world. Wetlands Ecology and Management 17(1), 71–84
Esch E.D., Jacobs J.M., Bergeron C. & Spence J.R., 2007. Correcting for detection biases in the
pitfall trapping of ground beetles (Coleopetera : Carabidae). In Back to the Roots and Back
to the Future? Towards a New Synthesis between Taxonomic Ecological and
Biogeographical Approaches in Carabidology. Pensoft Publishers
European Commission 1979. The Birds Directive - Council Directive (79/409/EEC) Brussels.
Available
at:
http://ec.europa.eu/environment/nature/legislation/birdsdirective/index_en.htm
[Accessed March 19 2018]
European Commission 1992. The Habitats Directive - Council Directive 92/43/EEC Brussels.
Available
at:
http://ec.europa.eu/environment/nature/legislation/habitatsdirective/index_en.htm
[Accessed March 19 2018]

290

European Union 1992. Habitats Directive. Council Directive 92/43/EEC of 21 of May 1992 on
the conservation of natural habitats and of wild fauna and flora. Official Journal of the
European
Union
206
7–50.
Available
at:
https://brestnatura.org/media/filer_public/06/01/060159e6-e45b-44eb-b2db2bf3293e79bc/habitat_directive_1992.doc
Evans C.D., Bonn A., Holden J., Reed M.S., Evans M.G., Worrall F., Couwenberg J. & Parnell
M., 2014. Relationships between anthropogenic pressures and ecosystem functions in UK
blanket bogs : Linking process understanding to ecosystem service valuation. Ecosystem
Services 9, 5–19
Evans M. & Warburton J., 2007. Geomorphology of Upland Peat 1st ed. Oxford: Blackwell
Publishing
Evans M.E.G. & Forsythe T.G., 2009. Feeding mechanisms and their variation in form of some
adult ground-beetles (Coleoptera: Caraboidea). Journal of Zoology 206(1), 113–143
Evans W.G., 1983. Habitat Selection in the Carabidae. The Coleopterists Bulletin 37(2), 164–
167
Eyre M.D., 1994. Strategic explanations of carabid species distributions in northern England.
In: Desender K., Dufrêne M., Loreau M., Luff M.L., Maelfait JP. (eds) Carabid Beetles:
Ecology and Evolution. Series Entomologica, vol 51
Eyre M.D., Luff M.L., Staley J.R. & Telfer M.G., 2003. The relationship between British ground
beetles (Coleoptera Carabidae) and land cover. Journal of Biogeography 30(5), 719–730
Eyre M.D. & Luff M.L., 2004. Ground beetle species (Coleoptera Carabidae) associations with
land cover variables in northern England and southern Scotland. Ecography 27(4), 417–
426
Eyre M.D., Luff M.L. & Woodward J.C., 2003. Grouse moor management: Habitat and
conservation implications for invertebrates in southern Scotland. Journal of Insect
Conservation 7(1), 21–32
Fahrig L., 2003. Effects of Habitat Fragmentation on Biodiversity. Annual Review of Ecology
Evolution and Systematics 34(1), 487–515
Fahy O. & Gormally M., 1998. A comparison of plant and carabid beetle communities in an
Irish oak woodland with a nearby conifer plantation and clearfelled site. Forest Ecology
and Management 110(1–3), 263–273
Fauth J.E., Bernardo J., Camara M., Resetarits Jr W.J., Van Buskirk J. & McCollum S.A., 1996.
Simplifying the Jargon of Community Ecology: A Conceptual Approach. The American
Naturalist 147(2), 282–286
FCS 2015. Deciding future management options for afforested deep peatland - Practice Guide
Edinburgh.
Available
at:
http://scotland.forestry.gov.uk/images/corporate/pdf/afforested-deep-peatlandmanagement-options.pdf
FCS 2016. Supplementary guidance to support the FC Forest and Peatland Habitats Guideline
Note
(2000)
Edinburgh.
Available
at:
http://scotland.forestry.gov.uk/images/corporate/pdf/peatland-habitats-supplementaryguidance-june-2016.pdf
Ferrante M., Barone G. & Lövei G.L., 2017. The carabid Pterostichus melanarius uses
chemical cues for opportunistic predation and saprophagy but not for finding healthy
prey. BioControl 62(6), 741–747
Ferreira Quadros A., Caubet Y. & Araujo P.B., 2009. Life history comparison of two terrestrial
isopods in relation to habitat specialization. Acta Oecologica 35(2), 243–249
Finch O.D., 2005. Evaluation of mature conifer plantations as secondary habitat for epigeic
forest arthropods (Coleoptera: Carabidae; Araneae). Forest Ecology and Management
204(1), 23–36

291

Fischer C., Schlinkert H., Ludwig M., Holzschuh A., Gallé R., Tscharntke T. & Batáry, P., 2013.
The impact of hedge-forest connectivity and microhabitat conditions on spider and
carabid beetle assemblages in agricultural landscapes. Journal of Insect Conservation
17(5), 1027–1038
Flynn C., Griffin C.T., Coll J. & Williams C.D., 2016. The diversity and composition of moth
assemblages of protected and degraded raised bogs in Ireland. Insect Conservation and
Diversity 9(4), 302–319
Flynn D.F.B., Gogol‐Prokurat M., Nogeire T., Molinari N., Richers B.T., Lin B.B., Simpson N.,
Mayfield M.M. & DeClerck F., 2009. Loss of functional diversity under land use
intensification across multiple taxa. Ecology Letters 12(1), 22–33
Fonseca C.R. & Ganade G., 2001. Species functional redundancy random extinctions and the
stability of ecosystems. Journal of Ecology 89(1), 118–125
Forestry Commission 2002. Sustainable Forest Management. The International Framework
Edinburgh. Available at: https://www.forestry.gov.uk/PDF/sfm.pdf/$FILE/sfm.pdf
[Accessed February 21 2018]
Forister M.L., McCall A.C., Sanders N.J., Fordyce J.A., Thorne J.H., O’Brien J., Waetjen D.P. &
Shapiro A.M., 2010. Compounded effects of climate change and habitat alteration shift
patterns of butterfly diversity. Proceedings of the National Academy of Sciences 107(5),
2088–2092
Foss P.J. & O’Connell C., 1998. The IPCC Peatland Conservation and Management Handbook
Irish Peatland Conservation Council.
Foster B.L., Dickson T.L., Murphy C.A., Karel I.S. & Smith V.H., 2004. Propagule pools mediate
community assembly and diversity-ecosystem regulation along a grassland productivity
gradient. Journal of Ecology 92(3), 435–449
Fountain-Jones N.M., Baker S.C. & Jordan G.J., 2014. Moving beyond the guild concept:
developing a consistent functional trait framework for terrestrial beetles. Ecological
Entomology40, 1–13
Fowler D.,Hargreaves K.J., Macdonald J.A. & Gardiner B., 1995. Methane and CO2 exchange
over peatland and the effects of afforestation. Forestry: An International Journal of Forest
Research68(4), 327-334
Fox R., Oliver T.H., Harrower C., Parsons M.S., Thomas C.D. & Roy D.B., 2014. Long-term
changes to the frequency of occurrence of British moths are consistent with opposing and
synergistic effects of climate and land-use changes.Journal of Applied Ecology 51(4), 949–
957
Fox R., 2013. The decline of moths in Great Britain: a review of possible causes. Insect
Conservation and Diversity, 6(1), 5-19
Främbs H., 1994. The importance of habitat structure and food suply for Carabid beetles
(Coleoptera Carabidae) in peat bogs. Memoirs of the Entomological Society of Canada
126(S169) 145–159.
Främbs H., Dormann W. & Mossakowski D., 2002. Spatial distribution of carabid beetles on
Zehlau bog. Baltic Journal of Coleopterology 2(1), 7–13
Franzé N.M., Schweiger O. & Betzholtz P.E., 2012. Species-Area Relationships Are Controlled
by Species Traits. PLoS ONE 7(5), p.e37359
Franzén M. & Johannesson M., 2007. Predicting extinction risk of butterflies and moths
(Macrolepidoptera) from distribution patterns and species characteristics. Journal of
Insect Conservation 11(4), 367–390
Frolking S., Roulet N. & Fuglestvedt J., 2006. How northern peatlands influence the Earth’s
radiative budget: Sustained methane emission versus sustained carbon sequestration.
Journal of Geophysical Research: Biogeosciences 111(1), 1–10

292

Fuentes-Montemayor E., Goulson D. & Park K.J., 2011. The effectiveness of agri-environment
schemes for the conservation of farmland moths: Assessing the importance of a
landscape-scale management approach. Journal of Applied Ecology 48(3), 532–542
Fukami T., Bezemer T.M., Mortimer S.R. & van der Putten W.H., 2005. Species divergence
and trait convergence in experimental plant community assembly. Ecology Letters 8(12),
1283–1290
Fuller R.J., Oliver T.H. & Leather S.R., 2008. Forest management effects on carabid beetle
communities in coniferous and broadleaved forests: implications for conservation. Insect
Conservation and Diversity 1(4), 242–252
Futuyma D.J., 2001. Ecological Specialization and Generalization. In C. W. Fox C.W., Roff D.A.,
Fairbairn D.J.. Evolutionary Ecology: Concepts and Case Studies. Oxford University Press
Futuyma D.J. & Moreno G., 1988. The Evolution of Ecological Specialization. Annual Review
of Ecology and Systematics 19(1), 207–233
Gabryś G., Roland E., Mąkol J. & Lehtinen P.T., 2009. Erythraeoidea (Acari: Prostigmata:
Parasitengona) of Finland - State of knowledge and new data. Zeszyty Naukowe
Uniwersytetu Przyrodniczego we Wroclawiu: Biologia i Hodowla Zwierzat 572, 21–28
Gaffney P.J., 2017. The effects of bog restoration in formerly afforested peatlands on water
quality and aquatic carbon fluxes. University of the Highlands and Islands
Gagic V., Bartomeus I., Jonsson T., Taylor A., Winqvist C., Fischer C., Slade E.M., SteffanDewenter I., Emmerson M., Potts S.G. & Tscharntke T., 2015. Functional identity and
diversity of animals predict ecosystem functioning better than species-based indices.
Proceedings. Biological sciences 282(1801), p.20142620
Gardner S.M., 1991. Ground Beetle (Coleoptera: Carabidae) Communities on Upland Heath
and Their Association with Ground beetle (Coleoptera: Carabidae) communities on upland
heath and their association with heathland flora. Journal of Biogeography 1817(18), 281–
289
Garnier E., Navas M.L. & Grigulis K., 2016. Plant functional diversity : organism traits
community structure and ecosystem properties.Oxford University Press
Gaston K.J., Bennie J., Davies T.W. & Hopkins J., 2013. The ecological impacts of nighttime
light pollution: a mechanistic appraisal. Biological Reviews 88(4), 912–927
Gaublomme E., Eggermont H. & Hendrickx F., 2014. Local extinction processes rather than
edge effects affect ground beetle assemblages from fragmented and urbanised old beech
forests.Insect Conservation and Diversity 7(1), 82–90
Gaydecki P.A., 1984. A quantification of the behavioural dynamics of certain Lepidoptera in
response to light. Cranefield University
Gearey B., Bermingham N., Chapman H., Charman D., Fletcher W., Fyfe R., Quartermaine J. &
Van de Noort R., 2010. Peatlands and the Historic Environment. IUCN UK Commission of
Inquiry on Peatlands. Edinburgh
Gerisch M., Agostinelli V., Henle K. & Dziock F., 2012. More species but all do the same:
Contrasting effects of flood disturbance on ground beetle functional and species diversity.
Oikos 121(4), 508–515
Gerisch M., 2014. Non-random patterns of functional redundancy revealed in ground beetle
communities facing an extreme flood event J. Harwood ed. Functional Ecology 28(6),
1504–1512
Gerlach A., Voigtländer K. & Heidger C.M., 2009. Influences of the behaviour of epigeic
arthropods (Diplopoda Chilopoda Carabidae) on the efficiency of pitfall trapping. Soil
Organisms 81(3), 773–790
Gerlach J., Samways M. & Pryke J., 2013. Terrestrial invertebrates as bioindicators: An
overview of available taxonomic groups. Journal of Insect Conservation 17(4), 831–850
Gerson U., 1969. Moss-Arthropod Associations. The Bryologist 72(4), 495

293

Gibb H. & Hochuli D.F., 2002. Habitat fragmentation in an urban environment: large and
small fragments support different arthropod assemblages. Biological Conservation 106(1),
91–100
Giffard B., Martin L., De Smedt P., Brunet J., Cousins S., Diekmann M., Hermy M., Liira J.,
Valdés A., Wulf M. & Decocq G., 2015. More slug-predator Carabid beetles in the edge of
forest fragments than in their interior. In IUFRO Landscape Ecology: Sustaining ecosystem
services in forest landscapes, 68–68
Gilbert L., 2013. Can restoration of afforested peatland regulate pests and disease? Journal
of Applied Ecology 50(5), 1226–1233
van Gils S., van der Putten W.H. & Kleijn D., 2016. Can above-ground ecosystem services
compensate for reduced fertilizer input and soil organic matter in annual crops?. Journal
of Applied Ecology 53(4), 1186–1194
Glenk K., Schaafsma M., Moxey A., Martin-Ortega J. & Hanley N., 2013. A framework for
valuing spatially targeted peatland restoration. Ecosystem Services 9, 20–33
Glime J.M., 2017a. Arthropods: Habitat Relations. In J. M. Glime ed. Bryophyte Ecology.
Volume 2. Bryological Interaction. Michigan: Michigan Technological University;
International
Association
of
Bryologists.
Available
at:
http://digitalcommons.mtu.edu/cgi/viewcontent.cgi?article=1090&context=bryo-ecolsubchapters [Accessed January 10 2018]
Glime J.M., 2017b. Arthropods: Harvestmen and Pseudoscorpions. In J. M. Glime ed.
Bryophyte Ecology. Michigan: Michigan Technolog ical University and the International
Association of Bryologist
Glime J.M., 2017c. Arthropods: Mite Habitats Minor Arachnids and Myriapods. In J. M. Glime
ed. Bryophyte Ecology. Volume 2. Michigan: Michigan Technological University and the
International Association of Bryologists/ Available at: http://digitalcommons.mtu.edu/b
ryophyte-ecology2/ [Accessed March 9 2018]
Glime J.M., 2017d. Bryophyte Ecology. Volume 2 Last Updat. J. M. Glime ed. Available at:
http://digitalcommons.mtu.edu/bryophyte-ecology2/ [Accessed October 25 2017]
Glime J.M., 2017f. Terrestrial Insects: Habitat and Adaptations. In J. M. Glime ed. Bryophyte
Ecology. Volume 2. Michigan: Michigan Technological University and the International
Association of Bryologists
Glime J.M., 2017e. Terrestrial Insects: Holometabola - Coleoptera Families. In J. M. Glime ed.
Bryophyte Ecology. Volume 2. Michigan: Michig an Technological University and the
International Association o f Bryologists
Glime J.M. & Lissner J., 2017. Arthropods: Arachnida - Spider Habitats. In Bryophyte Ecology
Volume 2. Bryological Interaction. Michigan: Michigan Technological University;
Interanational
Association
of
Bryologists
p.
50.
Available
at:
http://digitalcommons.mtu.edu/cgi/viewcontent.cgi?article=1092&context=bryo-ecolsubchapters [Accessed November 23 2017]
Gómez-Baggethun E., de Groot R., Lomas P.L. & Montes C., 2010. The history of ecosystem
services in economic theory and practice: from early notions to markets and payment
schemes. Ecological economics69, 1209-1218
González E., Rochefort L., Boudreau S., Hugron S. & Poulin M., 2013. Can indicator species
predict restoration outcomes early in the monitoring process? a case study with
peatlands. Ecological Indicators 32, 232–238
González E. & Rochefort L., 2014. Drivers of success in 53 cutover bogs restored by a moss
layer transfer technique. Ecological Engineering 68, 279–290
Goodyer E., 2014. Quantifying the desmid diversity of Scottish blanket mires. Aberdeen
University
Gotelli N.J., 2000. Null model analysis of species co-occurrence patterns. Ecology 81(9),
2606–2621

294

Gotelli N.J. & Colwell R.K., 2001. Quantifying biodiversity: procedures and pitfalls in the
measurement and comparison of species richness. Ecology Letters 4(4), 379–391
Gotelli N.J. & Ellison A.M., 2013. EcoSimR 1.00. Available online at: Available online at:
http://www. uvm. edu/~ ngotelli/EcoSim/EcoSim. html (downloaded Jun 1st 2015)
Gotelli N.J. & Graves G.R., 1996. Null models in ecology. Washington D. C.: Smithsonian
Institution Press. Available at: http://www.uvm.edu/~ngotelli/nullmodelspage.html
Gotelli N.J., Hart E.M. & Ellison A.M., 2015. Co-occurrence Analysis. Available at:
http://docs.ecosimr.org/vignettes/CoOccurrenceVignette.html [Accessed November 21
2017]
Gotelli N.J. & McCabe D.J., 2002. Species co-occurrence: A meta-analysis of J. M. Diamond’s
Assembly rules model. Ecology 83(8), 2091–2096
Great Britain 1981. Wildlife and Countryside Act 1981 London: Statute Law Database.
Available at: http://www.legislation.gov.uk/ukpga/1981/69/contents [Accessed March 19
2018]
Greenslade P.J.M., 1964a. Pitfall Trapping as a Method for Studying Populations of Carabidae
(Coleoptera). Source Journal of Animal Ecology 33(2), 301–310
Greenslade P.J.M., 1964b. The Distribution Dispersal and Size of a Population of Nebria
brevicollis (F.) with Comparative Studies on Three Other Carabidae. The Journal of Animal
Ecology 33(2)
Grimbacher P.S. & Catterall C.P. 2007. How much do site age habitat structure and spatial
isolation influence the restoration of rainforest beetle species assemblages? Biological
Conservation 135(1), 107–118
Grime J.P., 1998. Benefits of plant diversity to ecosystems: immediate filter and founder
effects. Journal of Ecology 86(6), 902–910
Grime J.P., 1997. Biodiversity and Ecosystem Function: The Debate Deepens. Science
277(5330), 1260–1261
Grime J.P., 2002. Declining plant diversity: empty niches or functional shifts? Journal of
Vegetation Science 13(4), 457–460
Groenendijk D. & Ellis W.N., 2011. The state of the Dutch larger moth fauna. Journal of Insect
Conservation 15(1–2), 95–101
van Grunsven R.H.A., Lham D., van Geffen K.G. & Veenendaal E.M., 2014. Range of attraction
of a 6-W moth light trap. Entomologia Experimentalis et Applicata 152(1), 87–90
Gulisano G., StranoA., De Luca A.I., Falcone G., Iofrida N. & Stillitano T., 2018. Evaluating the
Environmental Economic and Social Sustainability of Agro-Food Systems Through Life
Cycle Approaches. Sustainable Food Systems from Agriculture to Industry, 123–152
Gunnarsson B., 1996. Bird Predation and Vegetation Structure Affecting Spruce-Living
Arthropods in a Temperate. Journal of Animal Ecology (3), 389–397
Gunnarsson B., Nittérus K. & Wirdenäs P., 2004. Effects of logging residue removal on
ground-active beetles in temperate forests. Forest Ecology and Management 201(2), 229–
239
Gustavsson L., Haus S., Ortiz C.A., Sathre R. & Le Truong N., 2015. Climate effects of
bioenergy from forest residues in comparison to fossil energy. Applied Energy 138, 36–50
Haapalehto T.O., Vasander H., Jauhiainen S., Tahvanainen T. & Kotiaho J.S., 2011. The Effects
of Peatland Restoration on Water-Table Depth Elemental Concentrations and Vegetation:
10 Years of Changes. Restoration Ecology 19(5), 587–598
Haase H. & Balkenhol B., 2015. Spiders (Araneae) as subtle indicators for successional stages
in peat bogs. Wetlands Ecology and Management 23(3), 453–466
Haggith M., 2008. Paper trails: from trees to trash - the true cost of paper 1st Editio. Virgin
Books/Random House
Hahn M., 2015. Lepidoptera in agricultural landscapes - The role of field margins the effects
of agrochemicals and moth pollination services. University Koblenz-Landau

295

Hahn M. & Brühl C.A., 2016. The secret pollinators: an overview of moth pollination with a
focus on Europe and North America. Arthropod-Plant Interactions 10(1), 21–28
Hallmann C.A., Sorg M., Jongejans E., Siepel H., Hofland N., Schwan H., Stenmans W., Müller
A., Sumser H., Hörren T. & Goulson D., 2017. More than 75 percent decline over 27 years
in total flying insect biomass in protected areas.PLOS ONE 12(10), p.e0185809
Halsall N.B. & Wratten S.D., 1988. The efficiency of pitfall trapping for polyphagous predatory
Carabidae. Ecological Entomology 13(3), 293–299
Hambley G., 2016. The effect of forest-to-bog restoration on net ecosystem exchange in The
Flow Country peatlands. University of Stirling
Hancock M., Grant M. & Wilson J., 2009. Associations between distance to forest and spatial
and temporal variation in abundance of key peatland breeding bird species. Bird Study
56(1), 53–64
Hancock M.H., Klein D., Andersen R. & Cowie N.R., 2018. Vegetation response to restoration
management of a blanket bog damaged by drainage and afforestation. Applied
Vegetation Science 21(2), 167-178
Hancock M.H. & Legg C.J., 2012. Pitfall trapping bias and arthropod body mass. Insect
Conservation and Diversity 5(4), 312–318
Hannigan E., Mangan R. & Kelly-Quinn M., 2011. Evaluation of the success of mountain
blanket bog pool restoration in terms of aquatic macroinvertebrates. Biology and
Environment 111(2), 95–105
Hargreaves K.J., Milne R.,& Cannell M.G.R., 2003. Carbon balance of afforested peatland in
Scotland. Forestry 76(3), 299–317
Harvey P.R., Nellist D.R. & Telfer M.G., 2002. Provisional Atlas of British spiders (Arachnida
Araneae). Centre for Ecology and Hydrology
Hawes C., Evans H.F. & Stewart A.J.A., 2013. Interference competition not predation explains
the negative association between wood ants (Formica fusca) and abundance of ground
beetles (Coleoptera: Carabidae). Ecological Entomology 38(4), 315–322
Hayward S.A.L., Worland M.R., Convey P. & Bale, J.S., 2004. Habitat moisture availability and
the local distribution of the Antarctic Collembola Cryptopygus antarcticus and Friesea
grisea. Soil Biology and Biochemistry 36(6), 927–934
Heino J., 2005. Metacommunity patterns of highly diverse stream midges: gradients
chequerboards and nestedness or is there only randomness? Ecological Entomology
30(5), 590–599
Helgason B.L., Gregorich E.G., Janzen H.H., Ellert B.H., Lorenz N. & Dick R.P., 2014. Long-term
microbial retention of residue C is site-specific and depends on residue placement. Soil
Biology and Biochemistry 68, 231–240
Heliölä J., Koivula M. & Niemelä J., 2001. Distribution of carabid Beetles (coleoptera
Catabidae) across a Boreal Forest-Clearcut Ecotone. Conservation Biology 15(2), 370–377
Helmus M.R., Savage K., Diebel M.W., Maxted J.T. & Ives A.R., 2007. Separating the
determinants of phylogenetic community structure. Ecology Letters 10(10), 917–925
Hendrickx F., Maelfait J.P., Desender K., Aviron S., Bailey D., Diekotter T., Lens L., Liira J.,
Schweiger O., Speelmans M. & Vandomme V., 2009. Pervasive effects of dispersal
limitation on within- and among-community species richness in agricultural landscapes.
Global Ecology and Biogeography 18(5), 607–616
Hengeveld R., 1979. Polyphagy Oligophagy and Food Specialization in Ground Beetles
(Coleoptera Carabidae). Netherlands Journal of Zoology 30(4), 564–584
Hertz M., 1927. Huomioita petokuoriaisten olinpaikoista. Luonnon Ystävä 31, 218–222
Hilderbrand R.H., Watts A.C. & Randle A.M., 2005. The Myths of Restoration Ecology. Ecology
and Society 10(1)
Hill M.O. & Smith A.J.E., 1976. Principal Component Analysis of Taxonomic Data with MultiState Discrete Characters. Taxon 25(2/3), 249

296

Hobbs R.J., Higgs E. & Harris J.A., 2009. Novel ecosystems: implications for conservation and
restoration. Trends in Ecology and Evolution 24(11), 599–605
Hodecek J., Kuras T., Sipos J. & Dolny A., 2015. Post-industrial areas as successional habitats:
Long-term changes of functional diversity in beetle communities. Basic and Applied
Ecology 16(7), 629–640
Hodgson J.A., Thomas C.D., Wintle B.A. &d Moilanen A., 2009. Climate change connectivity
and conservation decision making: back to basics. Journal of Applied Ecology 46(5), 964–
969
Hoekman D., LeVan K.E., Ball G.E., Browne R.A., Davidson R.L., Erwin T.L., Knisley C.B.,
LaBonte J.R., Lundgren J., Maddison D.R. & Moore W., 2017. Design for ground beetle
abundance and diversity sampling within the National Ecological Observatory Network.
Ecosphere8(4), p.e01744
Holden J., Walker J., Evans M.G., Worrall F. & Bonn A., 2008. A compendium of peat
restoration and management projects. Defra report SP0556.
Holden J., Shotbolt L., Bonn A., Burt T.P., Chapman P.J., Dougill A.J., Fraser E.D.G., Hubacek
K., Irvine B., Kirkby M.J. & Reed M.S., 2007. Environmental change in moorland
landscapes. Earth-Science Reviews 82(1–2), 75–100
Holden J., Evans M.G., Burt T.P. & Horton M., 2006. Impact of Land Drainage on Peatland
Hydrology. Journal of Environment Quality 35(5), p.1764
Holden J., 2005. Peatland hydrology and carbon release: why small-scale process matters.
Philosophical transactions. Series A Mathematical physical and engineering sciences
363(1837), 2891–2913
Holden J. & Burt T.P., 2003. Hydrological studies on blanket peat: the significance of the
acrotelm-catotelm model. Journal of Ecology 91(91), 86–102
Holden J., Chapman P.J. & Labadz J.C., 2004. Artificial drainage of peatlands: hydrological and
hydrochemical process and wetland restoration. Progress in Physical Geography 28(1),
95–123
Holland J.M. & Luff M.L., 2000. The effects of agricultural practices on Carabidae in
temperate agroecosystems. Integrated Pest Management Reviews 5, 109–129
Hölldobler B. & Wilson E.O., 1990. The ants. Belknap Press of Harvard University Press
Holmes P.R., Fowles A.P., Boyce D.C. & Reed D.K., 1993a. The ground beetle (Coleoptera:
Carabidae) fauna of welsh peatland biotopes - species assemblages in relation to peatland
habitats and management. Biological Conservation 65, 61-67
Holmes P.R., Boyce D.C. & Reed D.K. 1993b. The ground beetle (Coleoptera: Carabidae)
fauna of welsh peatland biotopes: factors influencing the distribution of ground beetles
and conservation implications. Biological Conservation 63, 153-161
Holopainen J.K., 1992. Catch and sex ratio of Carabidae (Coleoptera) in pitfall traps filled with
ethylene glycol or water. Pedobiologia 36(5), 257–261
Holyoak M., Jarosik V. & Novák I., 1997. Weather-induced changes in moth activity bias
measurement of long-term population dynamics from light trap samples. Entomologia
Experimentalis et Applicata 83, 329–335
Honek A., Martinkova Z., Saska P. & Pekar S.,2007. Size and taxonomic constraints determine
the seed preferences of Carabidae (Coleoptera). Basic and Applied Ecology 8(4), 343–353
Honek A., 1988. The effect of crop density and microclimate on pitfall trap catches of
Carabidae Staphylinidae (Coleoptera) and Lycosidae (Araneae) in cereal fields.
Pedobiologia 32(3–4), 233–242
Honěk A., 1993. Intraspecific Variation in Body Size and Fecundity in Insects: A General
Relationship. Oikos 66(3), 483
Honěk A., Martinkova Z. & Jarosik V., 2003. Ground beetles (Carabidae) as seed predators.
European Journal of Entomology 100(4), 531–544

297

Hooper D.U., Chapin III F.S. & Ewel J.J., 2005. Effects of biodiversity on ecosystem
functioning: a consensus of current knowledge. Ecological Monographs 75(1), 3–35
Hooper D.U. & Vitousek P.M., 1997. The Effects of Plant Composition and Diversity on
Ecosystem Processes. Science 277(5330), 1302–1305
Hopkins G.W. & Freckleton R.P., 2002. Declines in the numbers of amateur and professional
taxonomists: implications for conservation. Animal Conservation 5(3), 245–249
Humphrey J.W., Hawes C., Peace A.J., Ferris-Kaan R. & Jukes M.R., 1999. Relationships
between insect diversity and habitat characteristics in plantation forests. Forest Ecology
and Management 113(1), 11–21
Humphrey J.W., Ferris R. & Quine C., 2003. Biodiversity in Britain’s Planted Forests. Results
from t he Forestry Commission’s Biodiversity Assessment Project Edinburgh
Hunter M.D., Kozlov M.V., Itämies J., Pulliainen E., Bäck J., Kyrö E.M. & Niemelä P., 2014.
Current temporal trends in moth abundance are counter to predicted effects of climate
change in an assemblage of subarctic forest moths. Global Change Biology 20, 1723–1737
Hunter M.D., 2001. Insect population dynamics meets ecosystem ecology: effects of
herbivory on soil nutrient dynamics. Agricultural and Forest Entomology 3(2), 77–84
Hunter M.D., 2002. Landscape structure habitat fragmentation and the ecology of insects.
Agricultural and Forest Entomology 4(3), 159–166
Huttunen J.T., Nykänen H., Martikainen P.J. & Nieminen M., 2003. Fluxes of nitrous oxide and
methane from drained peatlands following forest clear-felling in southern Finland. Plant
and Soil 255(2), 457–462
Iftekhar M.S., Polyakov M., Ansell D., Gibson F. & Kay G.M., 2017. How economics can
further the success of ecological restoration. Conservation Biology 31(2), 261–268
Igondová E. & Majzlan O., 2015. Assembalges of ground beetles (Carabidae Coleoptera) in
peatland habitats surrounding dry pine forests and meadows. Folia Oecologica 42(1), 21–
28
Ingram H.A.P., 1978. Soil layers in mires: function and terminology. Journal of Soil Science
29(2), 224–227
Ings T.C. & Hartley S.E., 1999. The effect of habitat structure on carabid communities during
the regeneration of a native Scottish forest. Forest Ecology and Management 119, 123–
136
IPCC 2014. Climate Change 2014: Synthesis Report. Contribution of Working Groups I II and III
to the Fifth Assessment Report of the Intergovernmental Panel on Climate Change
Available at: https://ipcc.ch/report/ar5/
IUCN 2017. The Peatland Code Edinburgh. Available at: http://www.iucn-ukpeatlandprogramme.org/peatland-code
Izsák J. & Papp L., 2000. A link between ecological diversity indices and measures of
biodiversity. Ecological Modelling 130(1–3), 151–156
Jalonen J. & Vanha-Majamaa I., 2001. Immediate effects of four different felling methods on
mature boreal spruce forest understorey vegetation in southern Finland. Forest Ecology
and Management 146(1–3), 25–34
Jansen M.J.W. & Metz J.A.J., 1979. How many victims will a pitfall make? Acta Biotheoretica
28(2), 98–122
Januschke K., Jähnig S.C., Lorenz A.W. & Hering D., 2014. Mountain river restoration
measures and their success(ion): Effects on river morphology local species pool and
functional composition of three organism groups. Ecological Indicators 38, 243–255
JNCC 2007. Report on the Species and Habitat Review 2007 Available at:
http://www.jncc.gov.uk/page-5155 [Accessed March 27 2018]
JNCC 2011. Towards an assessment of the state of UK Peatlands Available at:
http://jncc.defra.gov.uk/pdf/jncc445_web.pdf

298

JNCC 2016. UK Biodiversity Action Plan. Priority Habitat Descriptions Blanket Bog Available at:
http://jncc.defra.gov.uk/page-5155 [Accessed February 16 2018]
JNCC 2015. UK Upland Habitats - Blanket Bog. Joint Nature Conservation Committee.
Available at: http://jncc.defra.gov.uk/page-6325 [Accessed November 27 2017]
Johansson T., Hjältén J., Olsson J., Dynesius M. & Roberge J.M., 2016. Long-term effects of
clear-cutting on epigaeic beetle assemblages in boreal forests. Forest Ecology and
Management 359, 65–73
Johnson L.C. & Damman A.W.H., 1991. Species-Controlled Sphagnum Decay on a South
Swedish Raised Bog. Oikos 61(2), 234
Jonason D., Franzén M. & Ranius T., 2014. Surveying Moths Using Light Traps: Effects of
Weather and Time of Year.PLoS ONE 9(3), p.e92453
Jonsson B.G., Kruys N. & Ranius T., 2005. Ecology of Species Living on Dead Wood – Lessons
for Dead Wood Management. Silva Fennica 39(2), 289–309
Joosten H., 1997. European mires: a preliminary status report. International mire
conservation group members newsletter, 10–13
Joosten H., 2001. Identifying peatlands of international biodiversity importance Available at:
imcg.net [Accessed February 20 2018]
Joosten H., 2015. Peatlands climate change mitigation and biodiversity conservation: An
issue brief on the importance of peatlands for carbon and biodiversity conservation and
the role of drained peatlands as greenhouse gas emission hotspots. Nordic Council of
Ministers
Joosten H., 2009. The Global Peatland CO2 Picture: peatland status and drainage related
emissions in all countries of the world. Wageningen: Wetlands International
Joosten H. & Clarke D., 2002. Wise use of mires and peatlands.International Mire
Conservation Group and International Peat Society, 304
Joosten H., Tapio-Biström M.L. & Tol S., 2012. Peatlands - guidance for climate change
mitigation through conservation rehabilitation and sustainable use. Food and Agriculture
Organization of the United Nations
Jordán F., Magura T., Tóthmérész B., Vasas V. & Ködöböcz, V., 2007. Carabids (Coleoptera:
Carabidae) in a forest patchwork: a connectivity analysis of the Bereg Plain landscape
graph. Landscape Ecology 22(10), 1527–1539
Jost L., 2010. The Relation between Evenness and Diversity. Diversity 2(2), 207–232
Joy J. & Pullin A.S., 1999. Field studies on flooding and survival of overwintering large heath
butterfly Coenonympha tullia larvae on Fenn’s and Whixall Mosses in Shropshire and
Wrexham U.K. Ecological Entomology 24(4), 426–431
Judas M., Dornieden K. & Strothmann U., 2002. Distribution patterns of carabid beetle
species at the landscape-level. Journal of Biogeography 29(4), 491–508
Jukes M.R., Peace A.J. & Ferris R., 2001. Carabid beetle communities associated with
coniferous plantations in Britain: the influence of site ground vegetation and stand
structure. Forest Ecology and Management 148(1–3), 271–286
Kaila A., Laurén A., Sarkkola S., Koivusalo H., Ukonmaanaho L., O'Driscoll C., Xiao L., Asam Z.
& Nieminen M., 2015. Effect of clear-felling and harvest residue removal on nitrogen and
phosphorus export from drained norway spruce mires in southern finland. Boreal
Environment Research 20, 693–706
Kamenova S., Tougeron K., Cateine M., Marie A. & Plantegenest M., 2015. Behaviour-driven
micro-scale niche differentiation in carabid beetles. Entomologia Experimentalis et
Applicata 155(1), 39–46
Kareksela S., Haapalehto T., Juutinen R., Matilainen R., Tahvanainen T. & Kotiaho J.S., 2015.
Fighting carbon loss of degraded peatlands by jump-starting ecosystem functioning with
ecological restoration. Science of The Total Environment 537, 268–276

299

Kaukonen M., Ruotsalainen A.L., Wäli P.R., Männistö M.K., Setälä H., Saravesi K., Huusko K. &
Markkola A., 2013. Moth herbivory enhances resource turnover in subarctic mountain
birch forests?.Ecology 94(2), 267–272
Keddy P.A., 2010. Wetland ecology : principles and conservation Cambridge University Press.
Keeling C.I. & Bohlmann J., 2006. Genes enzymes and chemicals of terpenoid diversity in the
constitutive and induced defence of conifers against insects and pathogens. New
Phytologist 170(4), 657–675
Keith D.A., Holman L., Rodoreda S., Lemmon J. & Bedward M., 2007. Plant functional types
can predict decade-scale changes in fire-prone vegetation. Journal of Ecology 95(6),
1324–1337
Kimmel K. & Mander U., 2010. Ecosystem services of peatlands: Implications for restoration.
Progress in Physical Geography 34(4), 491–514
Kinchin I.M., 1990. The moss fauna 3: Arthropods. Journal of Biological Education 24(2), 93–
99
Kindlmann P. & Burel F., 2008. Connectivity measures: a review. Landscape Ecology 23(8),
879–890
Kindt R. & Kindt M.R., 2007. The BiodiversityR Package
Kirkpatrick L., 2016. Bat exploitation of Sitka Spruce plantations: Impacts of management on
bats and nocturnal invertebrates. University of Stirling. Available at:
https://dspace.stir.ac.uk/bitstream/1893/25312/3/Thesis_LucindaKirkpatrick.pdf
[Accessed February 3 2018]
Kitching R.L., Orr A.G., Thalib L., Mitchell H., Hopkins M.S. & Graham A.W., 2000. Moth
assemblages as indicators of environmental quality in remnants of upland Australian rain
forest. Journal of Applied Ecology 37(2) 284–297.
Kleyer M., Dray S., Bello F., Lepš J., Pakeman R.J., Strauss B., Thuiller W. & Lavorel S., 2012.
Assessing species and community functional responses to environmental gradients:
Which multivariate methods? Journal of Vegetation Science 23(5), 805–821
Klinger L.F., 1996. The Myth of the Classic Hydrosere Model of Bog Succession. Arctic and
Alpine Research 28(1), 1
Knapp M., Baranovská E. & Jakubec P., 2016. Effects of Bait Presence and Type of
Preservative Fluid on Ground and Carrion Beetle Samples Collected by Pitfall Trapping.
Environmental Entomology 45(4), 1022–1028
Knapp M. & Ruzicka J., 2012. The effect of pitfall trap construction and preservative on catch
size species richness and species composition of ground beetles (Coleoptera: Carabidae).
European Journal of Entomology 109(3), 419–426
Koivula M., Punttila P., Haila Y. & Niemelä J., 1999. Leaf litter and the small-scale distribution
of carabid beetles ( Coleoptera Carabidae ) in the boreal forest. 22(4), 424–435
Koivula M., Kotze D.J., Hiisivuori L. & Rita H., 2003. Pitfall trap efficiency: do trap size
collecting fluid and vegetation structure matter? Entomologica Fennica 14, 1–14
Koivula M., Hyyryläinen V. & Soininen E., 2004. Carabid beetles (Coleoptera: Carabidae) at
forest-farmland edges in southern Finland. Journal of Insect Conservation 8(4), 297–309
Koivula M., Kukkonen J. & Niemelä J., 2002. Boreal carabid-beetle (Coleoptera Carabidae)
assemblages along the clear-cut originated succession gradient. Biodiversity and
Conservation 11, 1269–1288
Koivula M. & Niemelä J., 2003. Gap felling as a forest harvesting method in boreal forests:
responses of carabid beetles (Coleoptera Carabidae). Ecography 26, 179–187
Koivula M.J., 2001. Carabid beetles in boreal managed forests. p.22. Available at:
https://helda.helsinki.fi/bitstream/handle/10138/22331/carabidb.pdf?sequence=2
[Accessed November 21 2017]
Koivula M.J. & Vermeulen H.J.W., 2005. Highways and forest fragmentation - Effects on
carabid beetles (Coleoptera Carabidae). Landscape Ecology 20, 911–926

300

Kotze D.J. & O'Hara R.B. 2003. Species decline – but why? Explanations of carabid beetle
(Coleoptera Carabidae) declines in Europe. Oecologia 135, 138–148
Krab E.J., Aerts R., Berg M.P., van Hal J. & Keuper F., 2014. Northern peatland Collembola
communities unaffected by three summers of simulated extreme precipitation. Applied
Soil Ecology 79, 70–76
Krab E.J., Berg M.P., Aerts R., van Logtestijn R.S. & Cornelissen J.H., 2013. Vascular plant litter
input in subarctic peat bogs changes soil invertebrate diets and decomposition patterns.
Soil Biology and Biochemistry 63, 106–115
Kraft N.J.B., Adler P.B., Godoy O., James E.C., Fuller S. & Levine J.M., 2015. Community
assembly coexistence and the environmental filtering metaphor.Functional Ecology 29(5),
592–599
Krauss J., Bommarco R., Guardiola M., Heikkinen R.K., Helm A., Kuussaari M., Lindborg R.,
Öckinger E., Pärtel M., Pino J. & Pöyry J., 2010. Habitat fragmentation causes immediate
and time-delayed biodiversity loss at different trophic levels. Ecology Letters 13(5), 597–
605
Kremen C., Colwell R.K., Erwin T.L., Murphy D.D., Noss R.A. & Sanjayan M.A., 1993.
Terrestrial Arthropod Their Use in Assemblages: Conservation Planning. Conservation
Biology 7(4), 796–808
von Krogerus R., 1939. Zur Ökologie nordischer Moortiere. Verh 7, 1213–1231
Kruskal J.B., 1964. Nonmetric multidimensional scaling: A numerical method. Psychometrika
29(2), 115–129
Kulkarni S.S., Dosdall L.M. & Willenborg C.J., 2015. The Role of Ground Beetles (Coleoptera:
Carabidae) in Weed Seed Consumption: A Review. Weed Science 63(2) 355–376.
Kupryjanowicz J., Hajdamowicz I., Stankiewicz A. & Starega W., 1998. Spiders of some raised
peat bogs in Poland. Proceedings of the 17th European Colloquium of Arachnology
Edinburgh 1997, 267–272
Kuzmanovic M., Dolédec S., de Castro-Catala N., Ginebreda A., Sabater S., Muñoz I. & Barceló
D., 2017. Environmental stressors as a driver of the trait composition of benthic
macroinvertebrate assemblages in polluted Iberian rivers. Environmental Research 156,
485–493
Kvamme T., 1976. Mire invertebrate fauna at Eidskog Norway. IV. Carabidae and
Curculionidae (Col.). Norw. J. Entomol. 23, 189–191
Labadz J., Clutterbuck B., Allott T., Evans M., Butcher D., Billett M., Stainer S., Yallop A., Jones
P., Innerdale M., Harmon N., Maher K., Bradbury R., Mount D., O Brien H. & Hart R., 2010.
Peatland Hydrology.IUCN UK Commission of Inquiry on Peatlands. Edinburgh
Labandeira C.C. & Sepkoski J.J., 1993. Insect Diversity in the Fossil Record. Science 261, 310–
315
Lacasella F., Gratton C., De Felici S., Isaia M., Zapparoli M., Marta S. & Sbordoni V., 2015.
Asymmetrical responses of forest and “beyond edge” arthropod communities across a
forest–grassland ecotone. Biodiversity and Conservation 24(3), 447–465
Lagisz M., 2008. Changes in morphology of the ground beetle Pterostichus oblongopunctatus
F. (Coleoptera; Carabidae) from vicinities of a zinc and lead smelter. Environmental
Toxicology and Chemistry 27(8), 1744
Laine A., Byrne K.A., Kiely G. & Tuittila E.S., 2007. Patterns in Vegetation and CO2 Dynamics
along a Water Level Gradient in a Lowland Blanket Bog. Ecosystems 10(6), 890–905
LaKind J.S., McKenna E.A., Hubner R.P. & Tardiff R.G., 1999. A Review of the Comparative
Mammalian Toxicity of Ethylene Glycol and Propylene Glycol. Critical Reviews in
Toxicology 29(4), 331–365
Laliberté A.E., Legendre P., Shipley B., 2015. Package FD. Available at: https://cran.rproject.org/web/packages/FD/FD.pdf

301

Laliberté E. & Legendre P., 2010. A distance-based framework for measuring functional
diversity from multiple traits. Ecology 91(1), 299–305
Lambeets K.,Vandegehuchte M.L., Maelfait J.P. & Bonte D., 2008. Understanding the impact
of flooding on trait-displacements and shifts in assemblage structure of predatory
arthropods on river banks. Journal of Animal Ecology 77(6), 1162–1174
Lang A., 2000. The pitfalls of pitfalls: a comparison of pitfall trap catches and absolute density
estimates of epigeal invertebrate predators in arable land. J. Pest Science 73(9), 99–106
Langdon P. Hughes P. & Brown T., 2012. Peat stratigraphy and climate change. Quaternary
International 268, 1–8
Langdon P.G., Barber K.E. & Hughes P.D.M., 2003. A 7500-year peat-based palaeoclimatic
reconstruction and evidence for an 1100-year cyclicity in bog surface wetness from
Temple Hill Moss Pentland Hills southeast Scotland. Quaternary Science Reviews 22(2–4),
259–274
van Langevelde F., Ettema J.A., Donners M., WallisDeVries M.F. & Groenendijk D., 2011.
Effect of spectral composition of artificial light on the attraction of moths. Biological
Conservation 144(9), 2274–2281
Larsen K.J., Work T.T. & Purrington F.F., 2003. Habitat use patterns by ground beetles
(Coleoptera: Carabidae) of northeastern Iowa. Pedobiologia 47, 288–299
Lassau S.A., Hochuli D.F., Cassis G. & Reid C.A., 2005. Effects of habitat complexity on forest
beetle diversity: do functional groups respond consistently?.Diversity and distributions
11(1), 73–82
Laughlin D.C., 2014. Applying trait-based models to achieve functional targets for theorydriven ecological restoration. Ecology Letters.
Lavelle P., Decaëns T., Aubert M., Barot S., Blouin M., Bureau F., Margerie P., Mora P. & Rossi
J.P., 2006. Soil invertebrates and ecosystem services. European Journal of Soil Biology 42,
S3–S15
Lavorel S. & Garnier E., 2002. Predicting changes in community composition and ecosystem
functioning from plant traits: revisting the Holy Grail. Functional Ecology 16, 545–556
Leather S.R., 2005. Insect sampling in forest ecosystems. Blackwell Publishing
Leather S.R., Day K.R. & Salisbury A.N., 1999. The biology and ecology of the large pine
weevil Hylobius abietis (Coleoptera: Curculionidae): a problem of dispersal?.Bulletin of
Entomological Research 89, 3–16
Legendre P., 1993. Spatial auto correlation - trouble or new paradigm? Ecology 74(6), 1659–
1673
Legendre P. & Gallagher E.D., 2001. Ecologically meaningful transformations for ordination of
species data. Oecologia 129(2), 271–280
Legendre P., Galzin R. & Harmelin-Vivien M.L., 1997. Relating behaviour to habitat: solutions
to the fourth corner problem. Ecology 78(2), 547–562
Legendre P. & Legendre L.F.J., 2012. Numerical ecology. Elsevier Science
Legendre P. & Legendre L.F.J., 1998. Numerical Ecology. Elsevier Science
Lehmitz R., 2014. The oribatid mite community of a German peatland in 1987 and 2012 –
effects of anthropogenic desiccation and afforestation. Soil Organisms 86(2), 131–145
Leponce M., Theunis L., Delabie J.H. & Roisin Y., 2004. Scale dependence of diversity
measures in a leaf-litter ant assemblage. Ecography 27, 253–267
Lindroth C., 1986. Fauna Entomologica Scandinavica. The Carabidae (Coleoptera) of
Fennoscandia and Denmark. Scandinavian Science Press
Lindroth C.H., 1974. Coleoptera. Family Carabidae. Handbooks for the identification of British
Insects Royal Entomological Society
Lindroth C.H., 1979. The Theory of Glacial Refugia. In Carabid Beetles. Springer Netherlands
385–394

302

Lindsay R., 1995. Bogs: the ecology classification and conservation of ombrotrophic mires
Edinburgh. Available at: http://roar.uel.ac.uk/3594/
Lindsay R., 2010. Peatbogs and Carbon - A critical synthesis. ERG University of East London.
Lindsay R., 2016. Peatland Classification. In C. M. Finlayson et al. eds. The Wetland Book.
Springer Netherlands 1–14.
Lindsay R. 1988. Part I: Peatland ecology. The Flow Country: The peatlands of Caithness and
Sutherland, 5–32
Lindsay R., Birnie R. & Clough J., 2014. Briefing Note No 4. Ecological impacts of forestry on
peatlands. IUCN UK Committee Peatland Programme. Available at: http://www.iucn-ukpeatlandprogramme.org/sites/www.iucn-uk-peatlandprogramme.org/files/4
Forestry
final - 5th November 2014.pdf [Accessed October 12 2017]
Lindsay R., Birnie R. & Clough J., 2016. IUCN UK Committe Peatland Programme. Briefing
Note No 11. Peatland restoration Edinburgh. Available at: http://www.iucn-ukpeatlandprogramme.org/sites/www.iucn-uk-peatlandprogramme.org/files/11 Peatland
Restoration_FINAL.pdf [Accessed January 9 2018]
Lindsay R., Campus S. & Lane W., 2010. Peatbogs and carbon: a critical synthesis to inform
policy development in oceanic peat bog conservation and restoration in the context of
climate
change
Available
at:
http://www.wwwtest.rspb.org.uk/Images/Peatbogs_and_carbon_tcm9-255200.pdf
[Accessed November 27 2017]
Lindsay R. & Immirzi C.P., 1996. An inventory of lowland raised bogs in Great Britain. p.94.
Available at: http://www.snh.gov.uk/publications-data-and-research/publications/searchthe-catalogue/publication-detail/?id=1220.
Littlewood N.A., Anderson P., Artz R., Bragg O., Lunt P. & Marrs R., 2010. Peatland
Biodiversity. IUCN UK Commission of Inquiry on Peatlands. Edinburgh
Littlewood N.A., Dennis P., Pakeman R.J. & Woodin S.J., 2006. Moorland restoration aids the
reassembly of associated phytophagous insects. Biological Conservation 132, 395–404
Lomov B., Keith D.A., Britton D.R. & Hochuli D.F., 2006. Are butterflies and moths useful
indicators for restoration monitoring? A pilot study in Sydney’s Cumberland Plain
Woodland. Ecological Management and Restoration 7(3), 204–210
Loreau M., 1990. Competition in a Carabid Beetle Community: A Field Experiment.
Oikos58(1), 25
Loreau M., 1991. Species abundance patterns and the structure of ground-beetle
communities. Annales Zoologici Fennici 28(2), 49–56
Loreau M., Naeem S. & Inchausti, P., 2002. Biodiversity and Ecosystem Functioning: Synthesis
and Perspectives. Oxford University Press, Oxford
Lövei G., 2008. Ecology and conservation biology of ground beetles (Coleoptera: Carabidae)
in an age of increasing human dominance. Europe, 1–145
Lövei G.L. & Sunderland K.D., 1996. Ecology and Behavior of Ground Beetles (Coleoptera:
Carabidae). Annual Review of Entomology 41(1), 231–256
Lovett G.M. & Ruesink A.E., 1995. Carbon and nitrogen mineralization from decomposing
gypsy moth frass. Oecologia 104(2), 133–138
Luck G.W., Lavorel S., McIntyre S. & Lumb K., 2012. Improving the application of vertebrate
trait-based frameworks to the study of ecosystem services. Journal of Animal Ecology
81(5), 1065–1076
Luff M.L., 1986. Aggregation of some Carabidae in pitfall traps. In XVIIth International
Congress of Entomology. Hamburg
Luff M.L., 1978. Diel activity patterns of some field Carabidae. Ecological Entomology 3(1),
53–62
Luff M.L., 1998. Provisional atlas of the ground beetles (Coleoptera Carabidae) of Britain.

303

Luff M.L., 1990. Pterostichus rhaeticus Heer (Col. Carabidae) a British species previously
confused with P. nigrita (Paykull) Entomologist’s Monthly Magazine
Luff M.L., 1975. Some features influencing the efficiency of pitfall traps. Oecologia 19(4),
345–357
Luff M.L., 2007. The Carabidae (ground beetles) of Britain and Ireland. RES handbooks for the
identification of British Insects Vol 4 Part 2. Field Studies Council
Luff M.L., Eyre M.D. & Rushton S.P., 1992. Classification and prediction of grassland habitats
using ground beetles (Coleoptera Carabidae). Journal of Environmental Management
35(4), 301–315
Lunt P., Allot T., Anderson P., Buckler M., Coupar A., Jones P.S. & Worrall P. 2010. Impacts of
peatland restoration
Lytle D.A. & Poff L.N., 2004. Adaptation to natural flow regimes. Trends in Ecology &
Evolution 19(2), 94–100
Maanavilja L., Aapala K., Haapalehto T., Kotiaho J.S. & Tuittila E.S., 2014. Impact of drainage
and hydrological restoration on vegetation structure in boreal spruce swamp forests.
Forest Ecology and Management 330, 115–125
MacArthur R.H. & Wilson E.O., 1963. An equilibrium theory of insular zoogeography.
Evolution 17(4), 373–387
Macdonald J., Fowler D., Hargreaves K.J., Skiba U., Leith I.D. & Murray M.B., 1998. Methane
emission rates from a northern wetland; response to temperature water table and
transport. Atmospheric Environment 32(19), 3219–3227
Mace G.M., Norris K. & Fitter A.H., 2012. Biodiversity and ecosystem services: A multilayered
relationship. Trends in Ecology and Evolution 27(1), 19–25
Macgregor C.J., Macgregor C.J., Evans D.M., Fox R. & Pocock M.J., 2017. The dark side of
street lighting: impacts on moths and evidence for the disruption of nocturnal pollen
transport. Global Change Biology 23(2), 697–707
Maclean N., 2015. A less green and pleasant land : our threatened wildlife. Cambridge
University Press
Maes D., Vanreusel W., Talloen W. & van Dyck, H., 2004. Functional conservation units for
the endangered Alcon Blue butterfly Maculinea alcon in Belgium (Lepidoptera:
Lycaenidae). Biological Conservation 120(2), 229–241
Magura T., 2002. Carabids and forest edge: spatial pattern and edge effect. Forest Ecology
and Management 157(1–3), 23–37
Magura T., 2017. Ignoring functional and phylogenetic features masks the edge influence on
ground beetle diversity across forest-grassland gradient. Forest Ecology and Management
384, 371–377
Magura T. & Lövei G.L., 2017. Environmental filtering is the main assembly rule of ground
beetles in the forest and its edge but not in the adjacent grassland. Insect Science
Magura T., Lövei G.L. & Tóthmérész B., 2017. Edge responses are different in edges under
natural versus anthropogenic influence: a meta-analysis using ground beetles. Ecology
and Evolution 7(3), 1009–1017
Magura T., Tóthmérész B. & Elek Z., 2003. Diversity and composition of carabids during a
forestry cycle. Biodiversity and Conservation 12(1), 73–85
Magura T., Tóthmérész B. & Molnár T., 2001. Forest edge and diversity: Carabids along
forest-grassland transects. Biodiversity and Conservation10, 287–300
Magurran A.E., 2005. Biological diversity. Current Biology 15(4), 116–118
Magurran A.E., 2013. Ecological diversity and its measurement Springer Science & Business.
Magurran A.E., 2004. The commonness and rarity of species. In Measuring Biological
Diversity. Blackwell Science
Májeková M., Paal T., Plowman N.S., Bryndová M., Kasari L., Norberg A., Weiss M., Bishop
T.R., Luke S.H., Sam K. & Le Bagousse-Pinguet Y., 2016. Evaluating Functional Diversity:

304

Missing Trait Data and the Importance of Species Abundance Structure and Data
Transformation.PLOS ONE 11(2), p.e0149270
Majer J.D., 2009. Animals in the Restoration Process-Progressing the Trends. Restoration
Ecology 17(3), 315–319
Mäkiranta P., Riutta T., Penttilä T. & Minkkinen K., 2010. Dynamics of net ecosystem CO2
exchange and heterotrophic soil respiration following clearfelling in a drained peatland
forest. Agricultural and Forest Meteorology 150(12), 1585–1596
Mäkiranta P., Laiho R., Penttilä T. & Minkkinen K., 2012. The impact of logging residue on soil
GHG fluxes in a drained peatland forest. Soil Biology and Biochemistry 48, 1–9
Mälkönen E., 1976. Effect of whole-tree harvesting on soil fertility. Silva Fennica 10(3)
Manley C., 2015. British Moths.A & C Black Publishers Ltd
Manly B.F.J., 1995. A Note on the Analysis of Species Co-Occurrences. Ecology 76(4), 1109–
1115
Markó B., Kiss K. & Gallé L., 2004. Mosaic structure of ant communities (Hymenoptera:
Formicidae) in Eastern Carpathian marshes: Regional versus local scales. Acta Zoologica
Academiae Scientiarum Hungaricae 50(2), 77–95
Marrs S., Bassett D., Foster S., McSorley C., Fraser K., 2016. Scotland’s Biodiversity Progress
to
2020
Aichi
Targets
Edinburgh.
Available
at:
https://www.nature.scot/sites/default/files/2017-11/Aichi-Targets-Interim-ReportSeptember-2016-A2098126.pdf [Accessed April 24 2018]
Marsden K. & Ebmeier S., 2012. SPICe Briefing. Peatlands and Climate Change.
Martin-Ortega J., Allott T.E., Glenk K. & Schaafsma M., 2014. Valuing water quality
improvements from peatland restoration: Evidence and challenges. Ecosystem Services 9,
34–43
Martinson H.M. & Fagan W.F., 2014. Trophic disruption: a meta-analysis of how habitat
fragmentation affects resource consumption in terrestrial arthropod systems. Ecology
Letters 17(9), 1178–1189
Marx K., 1906. Capital: a critique of political economy S. Moore & E. Aveling eds. Chicago:
Library
of
Economics
and
Liberty.
Available
at:
http://www.econlib.org/library/YPDBooks/Marx/mrxCpContents.html
Mason N.W.H., Irz P., Lanoiselée C., Mouillot D. & Argillier C., 2008. Evidence that niche
specialization explains species–energy relationships in lake fish communities. Journal of
Animal Ecology 77(2), 285–296
Mason N.W.H., Lanoiselée C., Mouillot D., Irz P. & Argillier C., 2007. Functional characters
combined with null models reveal inconsistency in mechanisms of species turnover in
lacustrine fish communities. Oecologia 153(2), 441–452
Mason N.W.H., Mouillot D., Lee W.G. & Wilson J.B., 2005. Functional richness functional and
functional evenness divergence: the primary of functional components diversity. Oikos
111(1), 112–118
Mason N.W.H. & De Bello F., 2013. Functional diversity: A tool for answering challenging
ecological questions. Journal of Vegetation Science 24(5), 777–780
Máthé I., 2006. Forest edge and carabid diversity in a Carpathian beech forest. Community
Ecology 7(1), 91–97
Mazerolle M.J., Poulin M., Lavoie C., Rochefort L., Desrochers A. & Drolet B., 2006. Animal
and vegetation patterns in natural and man-made bog pools: Implications for restoration.
Freshwater Biology 51(2), 333–350
McAbendroth L., Foggo A., Rundle S.D. & Bilton D.T., 2004. Unravelling nestedness and
spatial pattern in pond assemblages. Journal of Animal Ecology 74(1), 41–49
McArdle B.H. & Anderson M.J., 2001. Fitting multivariate models to community data: A
comment on distance-based redundancy analysis. Ecology 82(1), 290–297

305

McCarter C.P.R. & Price J.S., 2013. The hydrology of the Bois-des-Bel bog peatland
restoration: 10 years post-restoration. Ecological Engineering 55, 73–81
McGeoch M.A., 1998. The selection testing and application of terrestrial insects as
bioindicators. Biological Reviews 73(2), 181–201
McGill B.J.,Enquist B.J., Weiher E. & Westoby M., 2006. Rebuilding community ecology from
functional traits. Trends in Ecology and Evolution 21(4), 178–185
MEA 2005. Millennium Ecosystem Assessment 2005. Ecosystems and Human Well-being.
Synthesis
Washington
D.
C.
Available
at:
http://www.millenniumassessment.org/documents/document.356.aspx.pdf
Melbourne B.A., Gullan P.J. & Su Y.N., 1997. Interpreting data from pitfall-trap surveys:
crickets and slugs in exotic and native grasslands of the Australian Capital Territory.
Memoirs of the Museum of Victoria 56(2) 361–367.
Melbourne B.A., 1999. Bias in the effect of habitat structure on pitfall traps: An experimental
evaluation. Australian Journal of Ecology 24(3) 228–239.
Menotti F. & O'Sullivan A. 2012. The Oxford handbook of wetland archaeology. Oxford
Merckx T., Feber R.E., Dulieu R.L., Townsend M.C., Parsons M.S., Bourn N.A., Riordan P. &
Macdonald D.W., 2009. Effect of field margins on moths depends on species mobility:
Field-based evidence for landscape-scale conservation. Agriculture Ecosystems and
Environment 129, 302–309
Merckx T. & Slade E.M., 2014. Macro-moth families differ in their attraction to light:
Implications for light-trap monitoring programmes. Insect Conservation and Diversity.
Mieczan T., Tarkowska-Kukuryk M., Płaska W. & Rechulicz J., 2014. Abiotic predictors of
faunal communities in an ombrotrophic peatland lagg and an open peat bog. Israel
Journal of Ecology & Evolution 60(2–4), 62–74
Milne R. & Brown T.A., 1997. Carbon in the Vegetation and Soils of Great Britain. Journal of
Environmental Management 49(4), 413–433
Minayeva T., Chultem D., Grootjans A., Yamkhin J., Sirin A., Suvorov G., Batdorj O. & Tsamba
B., 2017. Community based ecological restoration of peatland in Central Mongolia for
climate change mitigation and adaptation. 19th EGU General Assembly EGU2017
proceedings from the conference held 23-28 April 2017 in Vienna, Austria.
Minayeva T. & Sirin, A.A., 2008. Peatlands and Biodiversity. Assessment on Peatlands
Biodiversity and Climate Change, 60–98
Minayeva T.Y., Bragg O.M. & Sirin A.A., 2017. Towards ecosystem-based restoration of
peatland biodiversity. Mires and Peat 19(1), 1–36
Minayeva T.Y. & Sirin A.A., 2012. Peatland biodiversity and climate change. Biology Bulletin
Reviews 2(2), 164–175
Minchin P.R. 1987. An evaluation of the relative robustness of techniques for ecological
ordination. In Theory and models in vegetation science. Springer Netherlands, 89–107
Missa O., Basset Y., Alonso A., Miller S.E., Curletti G., De Meyer M., Eardley C., Mansell M.W.
& Wagner T., 2009. Monitoring arthropods in a tropical landscape: Relative effects of
sampling methods and habitat types on trap catches. Journal of Insect Conservation 13,
103–118
Mitchell B., 1963. Ecology of Two Carabid Beetles Bembidion lampros (Herbst) and Trechus
quadristriatus (Schrank). The Journal of Animal Ecology 32(3), 377
Moffat A., Jones B.M. & Mason B., 2006. Managing Brash on Conifer Clearfell Sites Edinburgh
Moilanen M., Saarinen M. & Silfverberg K., 2010. Foliar nitrogen phosphorus and potassium
concentrations of Scots pine in drained mires in Finland. Silva Fennica 44(4), 583–601
Mommertz S., Schauer C., Kösters N., Lang A. & Filser J., 1996. A comparison of D-Vac suction
fenced and unfenced pitfall trap sampling of epigeal arthropods in agro-ecosystems. Ann.
Zool. Fennici 33, 117–124

306

Money N., 2017. The Moths of Caithness. Available at: http://www.caithnessmoths.org.uk/
[Accessed March 23 2018]
Moors for the Future Partnership 2012. Phase 5 - Increasing Biodiversity. Moors for the
Future Partnership. Available at: http://www.moorsforthefuture.org.uk/phase-5increasing-diversity [Accessed December 19 2017].
Morecroft M.D., Bealey C.E., Beaumont D.A., Benham S., Brooks D.R., Burt T.P., Critchley
C.N.R., Dick J., Littlewood N.A., Monteith D.T. & Scott W.A., 2009. The UK Environmental
Change Network: Emerging trends in the composition of plant and animal communities
and the physical environment. Biological Conservation 142(12), 2814–2832
Moreno-Mateos D., Meli P., Vara‐Rodríguez M.I. & Aronson J., 2015. Ecosystem response to
interventions: Lessons from restored and created wetland ecosystems. Journal of Applied
Ecology 52, 1528–1537
Moreno-Mateos D., Power M.E., Comín F.A. & Yockteng R., 2012. Structural and functional
loss in restored wetland ecosystems. PLoS Biology 10(1), p.e1001247
Moretti M., Dias A.T., De Bello, F., Altermatt F., Chown S.L., Azcárate F.M., Bell J.R., Fournier
B., Hedde M., Hortal J. & Ibanez, S., 2017. Handbook of protocols for standardized
measurement of terrestrial invertebrate functional traits. Functional Ecology 31(3), 558–
567
Mouchet M. A., Villéger S., Mason N.W. & Mouillot D., 2010. Functional diversity measures:
An overview of their redundancy and their ability to discriminate community assembly
rules. Functional Ecology 24(4), 867–876
Mouillot D., Graham N.A., Villéger S., Mason N.W. & Bellwood D.R., 2013. A functional
approach reveals community responses to disturbances. Trends in Ecology & Evolution
28(3), 167–177
Mouillot D., Mason W.N., Dumay O. & Wilson J.B., 2005. Functional regularity: A neglected
aspect of functional diversity. Oecologia 142(3), 353–359
Mouillot D., Villéger S., Scherer-Lorenzen M. & Mason N.W., 2011. Functional structure of
biological communities predicts ecosystem multifunctionality. PLoS ONE 6(3), p.e17476
Mouillot D. Dumay O. & Tomasini J.A., 2007. Limiting similarity niche filtering and functional
diversity in coastal lagoon fish communities. Estuarine Coastal and Shelf Science 71(3–4),
443–456
Moxey A. & Moran D., 2014. UK peatland restoration: Some economic arithmetic. Science of
the Total Environment 484(1), 114–120
Murgatroyd I. & Saunders C., 2005. Protecting the Environment during Mechanised
Harvesting Operations. Technical Note Edinburgh
Nag A. & Nath P., 1991. Effect of moon light and lunar periodicity on the light trap catches of
cutworm Agrotis ipsilon (Hufn.) moths. Journal of Applied Entomology 111(1–5), 358–360
Nakamura A., Catterall C.P., Kitching R.L., House A.P. & Burwell C.J., 2008. Effects of isolation
on the colonisation of restored habitat patches by forest-dependent arthropods of soil
and litter. Insect Conservation and Diversity 1(1), 9–21
Nakamura A., Catterall C.P., Burwell C.J., Kitching R.L. & House A.P., 2009. Effects of shading
and mulch depth on the colonisation of habitat patches by arthropods of rainforest soil
and litter. Insect Conservation and Diversity 2(3), 221–231
Nakamura A., Burwell C.J., Ashton L.A., Laidlaw M.J., Katabuchi M. & Kitching R.L., 2016.
Identifying indicator species of elevation: Comparing the utility of woody plants ants and
moths for long-term monitoring. Austral Ecology 41(2), 179–188
National Museums Northern Ireland 2009. Ground Beetles of Ireland. Elaphrus cupreus.
Available at: http://habitas.org.uk/groundbeetles/species.asp?item=7167 [Accessed
March 6 2018]
Néve G., 1994. Influence of temperature and humidity on the activity of three Carabus
species. In Carabid Beetles: Ecology and Evolution. Kluwer Dordrecht, 189–192

307

New T.R.,Pyle R.M., Thomas J.A., Thomas C.D. & Hammond P.C., 1995. Butterfly
Conservation Management. Annual Review of Entomology 40(1), 57–83
New T.R., 2004. Insects, fire and conservation. Springer.
New T.R., 2004. Moths (Insecta: Lepidoptera) and conservation: background and perspective.
Journal Of Insect Conservation 8(2–3), 79–94
Nichols E., Uriarte M., Bunker D.E., Favila M.E., Slade E.M., Vulinec K., Larsen T., Vaz-deMello F.Z., Louzada J., Naeem S. & Spector S.H., 2013. Trait-dependent response of dung
beetle populations to tropical forest conversion at local and regional scales. Ecology
94(1), 180–189
Nicholson B.J., Gignac L.D. & Bayley S.E., 1996. Peatland distibution along a north-south
transect in the Mackenzie River Basin in relation to climatic and environmental gradients.
Vegetatio 126 (2), 119–133
Niemelä J., 2001. Carabid beetles (Coleoptera: Carabidae) and habitat fragmentation: a
review. European Journal of Entomology 98(2), 127–132
Niemelä J., 1997. Invertebrates and Boreal Forest Management. Conservation Biology 11(3),
601–610
Niemelä J., Spence J.R., Langor D.W., Haila Y. & Tukia H., 1993. Logging and boreal groundbeetle assemblages on two continents: implications for conservation. In Perspectives on
insect conservation.
Niemelä J., Haila Y., Halme E., Pajunen T. & Punttila P., 1992. Small-Scale Heterogeneity in
the Spatial Distribution of Carabid Beetles in the Southern Finnish Small-scale
heterogeneity in the spatial distribution of carabid beetles in the southern Finnish taiga.
Journal of Biogeography 19(19), 173–181
Niemelä J., Haila Y., Halme E., Lahti T., Pajunen T. & Punttila P., 1988. The distribution of
carabid beetles in fragments of old coniferous taiga and adjacent managed forest.
Annales Zoologici Fennici 25, 133–143
Niemelä J., Kotze J., Ashworth A., Brandmayr P., Desender K., New T., Penev L., Samways M.
& Spence J., 2000. The search for common anthropogenic impacts on biodiversity: a
global network. Journal of Insect Conservation 4, 3–9
Niemelä J., Haila Y. & Punttila P., 1996. The Importance of Small-Scale Heterogeneity in
Boreal Forests: Variation in Diversity in Forest-Floor Invertebrates across the Succession
Gradient. Ecography 19(3), 352–368
Niemelä J. & Halme E., 1992. Habitat Associations of Carabid Beetles in Fields and Forests on
the Åland. Ecography 15(1), 3–11
Niemelä J., 1993. Interspecific Competition in Ground-Beetle Assemblages (Carabidae): What
Have We Learned? Oikos 66(2), 325
Niemelä J.K. & Spence J.R., 1994. Distribution of forest dwelling carabids (Coleoptera): spatial
scale and the concept of communities. Ecography 17(2), 166–175
Nietupski M., Ciepielewska D. & Kosewska A., 2008. Zgrupowania Epigeicznych Carabidae
(COL.) Rezerwatu Torfowiskowego Zlokalizowanego w Obrębie Aglomeracji Miejskiej.
Polish Journal of Natural Science 23(3), 611–623
Nilsson S.G., 1986. Are bird communities in small biotope patches random samples from
communities in large patches? Biological Conservation 38(2), 179–204
Nittérus K., Åström M. & Gunnarsson B., 2007. Commercial harvest of logging residue in
clear-cuts affects the diversity and community composition of ground beetles
(Coleoptera: Carabidae). Scandinavian Journal of Forest Research 22(3), 231–240
Nittérus K. & Gunnarsson B., 2006. Effect of Microhabitat Complexity on the Local
Distribution of Arthropods in Clear-Cuts. Environmental Entomology 35(5), 1324–1333
Nittérus K., Gunnarsson B. & Axelsson E., 2004. Insects reared from logging residue on clearcuts. Entomologica Fennica 15, 53:61

308

van Noordwijk A.J., & de Jong G., 1986. Acquisition and Allocation of Resources: Their
Influence on Variation in Life History Tactics. The American Naturalist 128(1), 137–142
Noreika N., Kotiaho J.S., Penttinen J., Punttila P., Vuori A., Pajunen T., Autio O., Loukola O.J. &
Kotze D.J., 2015. Rapid recovery of invertebrate communities after ecological restoration
of boreal mires. Restoration Ecology 23(5), 566–579
Norse E.A., Rosenbaum K.L., Wilcove D.S. & Wilcox B.A., 1986. Conserving biological diversity
in our national forests. The Wilderness Society
Noss R.F., O’Connell M. & Murphy D.D., 1997. The science of conservation planning: Habitat
conservation under the Endangered Species Act. Island Press
Nowinszky L., Szabó S., Tóth G., Ekk I. & Kiss M., 1979. The effect of the moon phases and of
the intensity of polarized moonlight on the light-trap catches. Zeitschrift für Angewandte
Entomologie 88(1–5), 337–353
Nugent C., Kanali C., Owende P.M., Nieuwenhuis M. & Ward S., 2003. Characteristic site
disturbance due to harvesting and extraction machinery traffic on sensitive forest sites
with peat soils. Forest Ecology and Management 180(1–3), 85–98
O’Callaghan C.J, Irwin S., Byrne K.A. & O’Halloran J., 2017. The role of planted forests in the
provision of habitat: an Irish perspective. Biodiversity and Conservation 26(13), 3103–
3124
O’Connell A.M., Grove T.S., Mendham D.S. & Rance S.J., 2004. Impact of harvest residue
management on soil nitrogen dynamics in Eucalyptus globulus plantations in south
western Australia. Soil Biology and Biochemistry 36(1), 39–48
O’Driscoll C., O’Connor M., de Eyto E., Poole R., Rodgers M., Zhan X., Nieminen M. & Xiao L.,
2014. Whole-tree harvesting and grass seeding as potential mitigation methods for
phosphorus export in peatland catchments. Forest Ecology and Management 319, 176–
185
Öckinger E., Schweiger O., Crist T.O., Debinski D.M., Krauss J., Kuussaari M., Petersen J.D.,
Pöyry J., Settele J., Summerville K.S. & Bommarco R., 2010. Life-history traits predict
species responses to habitat area and isolation: A cross-continental synthesis. Ecology
Letters 13(8), 969–979
Ojanen P., Mäkiranta P., Penttilä T. & Minkkinen K., 2017. Do logging residue piles trigger
extra decomposition of soil organic matter?.Forest Ecology and Management 405, 367–
380
Oksanen J., Blanchet F.G., Friendly M., Kindt R., Legendre P., McGlinn D., Minchin P.R.,
O'Hara R.B., Simpson G.L., Solymos P., Stevens M.H.H., Szoecs E., Wagner H., 2007. The
vegan package. Community Ecology Package 10, 631–637
Oksanen J., 2017. Vegan: an introduction to ordination. Available at: https://cran.rproject.org/web/packages/vegan/vignettes/intro-vegan.pdf
Oksanen J., Blanchet F.G., Friendly M., Kindt R., Legendre P., McGlinn D., Minchin P.R.,
O'Hara R.B., Simpson G.L., Solymos P., Stevens M.H.H., Szoecs E., Wagner H., 2017. vegan:
Community Ecology Package. R package version 2.4-3. Available at: https://cran.rproject.org/
Olsson B.A. & Staaf H., 1995. Influence of Harvesting Intensity of Logging Residues on Ground
Vegetation in Coniferous Forests. The Journal of Applied Ecology 32(3), 640
Oosthoek J.K., 2003. The origins and evolution of community forests in Scotland 1919-2002.
2nd Conference of the European Society for Environmental History.
Oosthoek K.J., 2013. Conquering the Highlands. A history of afforestation of the Scottish
uplands
Pais M.P. & Varanda E.M., 2010. Arthropod recolonization in the restoration of a
semideciduous forest in southeastern Brazil. Neotropical Entomology 39(2), 198–206
Pagiola S., 2008. Payments for environmental services in Costa Rica. Ecological Economics 65,
712–724

309

Paje F. & Mossakowski D., 1984. pH-preferences and habitat selection in carabid beetles.
Oecologia 64(1), 41–46
Pakarinen E., 1994. The importance of mucus as a defense against carabid beetles by the
slugs Arion fasciatus and Droceras reticulatum. Journal of Molluscan Studies 60(2), 149–
155
Pakeman R.J., 2011. Functional diversity indices reveal the impacts of land use intensification
on plant community assembly. Journal of Ecology 99(5), 1143–1151
Pakeman R.J., 2014. Functional trait metrics are sensitive to the completeness of the species’
trait data? J. Oksanen ed. Methods in Ecology and Evolution 5(1), 9–15
Palmer M.A., Ambrose R.F. & Poff N.L.R., 1997. Ecological theory and community restoration
ecology. Restoration Ecology 5(4), 291–300
Palviainen M., Finér L., Kurka A.M., Mannerkoski H., Piirainen S. & Starr M., 2004.
Decomposition and nutrient release from logging residues after clear-cutting of mixed
boreal forest. Plant and Soil 263(1), 53–67
Palviainen M. & Finér L., 2015. Decomposition and nutrient release from Norway spruce
coarse roots and stumps – A 40-year chronosequence study. Forest Ecology and
Management 358, 1–11
Palviainen M. & Finér L., 2012. Estimation of nutrient removals in stem-only and whole-tree
harvesting of Scots pine Norway spruce and birch stands with generalized nutrient
equations. European Journal of Forest Research 131(4), 945–964
Pape T., Bickel D.J. & Meier R., 2009. Diptera diversity : status challenges and tools
Parish F., Sirin A.A., Charman D., Joosten H., Minaeva T.Y., Silvius M. & Stringer L., 2008.
Assessment on Peatlands Biodiversity and Climate Change: Main Report. Global
Environment Centre, Kuala Lumpur and Wetlands International, Wageningen.
Paritsis J. & Aizen M.A., 2007. Effects of exotic conifer plantations on the biodiversity of
understory plants epigeal beetles and birds in Nothofagus dombeyi forests. Forest
Ecology and Management 255, 1575–1583
Parr R.A., 1992. Moorland birds and their predators in relation to afforestation. University of
Aberdeen Thesis.
Parry L., Holden J. & Chapman P.J., 2014. Restoration of blanket peatlands. Journal of
Environmental Management 133, 193–205
Patterson B.D. & Atmar W., 2000. Analyzing species composition in fragments. Bonner
Zoologische Monographien 46, 9–24
Patterson G. & Anderson R., 2000. Forests and peatland habitats - Guideline NoteForestry
Commission. Available at: https://www.forestry.gov.uk/pdf/fcgn1.pdf/$file/fcgn1.pdf
[Accessed 28/03/2016]
Pearce-Higgins J.W., Stephen L., Douse A. & Langston R.H., 2012. Greater impacts of wind
farms on bird populations during construction than subsequent operation: results of a
multi-site and multi-species analysis. Journal of Applied Ecology 49(2), 386–394
Pearce-Higgins J.W. & Yalden D.W., 2004. Habitat selection diet arthropod availability and
growth of a moorland wader: The ecology of European Golden Plover Pluvialis apricaria
chicks. Ibis 146(2), 335–346
Pearce J., Venier L.A., McKee J., Pedlar J. & McKenney D., 2003. Influence of habitat and
microhabitat on carabid (Coleoptera: Carabidae) assemblages in four stand types. The
Canadian Entomologist 135, 337–357
Pearce J.L., Venier L.A., Eccles G., Pedlar J. & McKenney D., 2004. Influence of habitat and
microhabitat on epigeal spider (Araneae) assemblages in four stand types. Biodiversity
and Conservation 13(7), 1305–1334
Pearce J.L., Schuurman D., Barber K.N., Larrivée M., Venier L.A., McKee J. & McKenney D.,
2005. Pitfall trap designs to maximize invertebrate captures and minimize captures of
nontarget vertebrates. The Canadian Entomologist 137(2), 233–250

310

Pekár S., 1996. A laboratory study of the efficiency and attractiveness of pitfall traps for
Pardosa agrestis (Aranea). Acta Societatis Zoologicae Bohemicae 60, 191–197
Pekár S., 2002. Differential effects of formaldehyde concentration and detergent on the
catching efficiency of surface active arthropods by pitfall traps. Pedobiologia 46, 539–547
Pellerin S. & Lavoie C., 2000. Peatland fragments of southern Quebec: recent evolution of
their vegetation structure. Canadian Journal of Botany 78(2), 255–265
Peres-Neto P.R., Dray S. & ter Braak C.J.F., 2017. Linking trait variation to the environment:
critical issues with community-weighted mean correlation resolved by the fourth-corner
approach. Ecography 40(7), 806–816
Perry K.I., Wallin K.F., Wenzel J.W. & Herms D.A., 2017. Characterizing Movement of GroundDwelling Arthropods with a Novel Mark-Capture Method Using Fluorescent Powder.
Journal of Insect Behavior 30(1), 32–47
Petchey O.L., Evans K.L., Fishburn I.S. & Gaston K.J., 2007. Low functional diversity and no
redundancy in British avian assemblages. Journal of Animal Ecology 76(5), 977–985
Petchey O.L. & Gaston K.J., 2002. Extinction and the loss of functional diversity. Proceedings
of the Royal Society of London B: Biological Sciences 269(1501), 1721–1727
Petchey O.L. & Gaston K.J., 2006. Functional diversity: Back to basics and looking forward.
Ecology Letters 9(6), 741–758
Peterson M.J., Hall D.M., Feldpausch-Parker A.M. & Peterson T.R., 2010. Obscuring
Ecosystem Function with Application of the Ecosystem Services Concept. Conservation
Biology 24(1), 113–119
Petit S. Boursault A. & Bohan D.A., 2014. Weed seed choice by carabid beetles (Coleoptera:
Carabidae): Linking field measurements with laboratory diet assessments. Journal of
Entomology 111(5), 615–620
Peus F., 1928. Beiträge zur kenntnis der tierwelt Nordwestdeutscher Hochmoore. Eine
ökologische studie. Insekten spinnentiere (Teilw.) Wirbeltiere. Zeitschrift für Morphologie
und Ökologie der Tiere 12(3–4), 533–683
Pey B., Nahmani J., Auclerc A., Capowiez Y., Cluzeau D., Cortet J., Decaens T., Deharveng L.,
Dubs F., Joimel S. & Briard C., 2014. Current use of and future needs for soil invertebrate
functional traits in community ecology. Basic and Applied Ecology 15, 194–206
Phillips I.D., Cobb T.P., Spence J.R. & Brigham R.M., 2006. Salvage Logging Edge Effects and
Carabid Beetles: Connections to Conservation and Sustainable Forest Management.
Environmental Entomology 35(4), 950–957
Phillips I.D. & Cobb T.P., 2005. Effects of Habitat Structure and Lid Transparency on Pitfall
Catches. Environmental Entomology 34(4), 875–882
Pielou E.C., 1969. An introduction to mathematical ecology. Wiley Interscience
Pires A.C. & Marinoni L., 2010. DNA barcoding and traditional taxonomy unified through
Integrative Taxonomy: a view that challenges the debate questioning both
methodologies. Biota Neotropica 10(2), 339–346
Platen R., 2003. Spider assemblages (Arachnida: Araneae) as indicators for degraded
oligotrophic moors in north-east Germany. European Arachnology, 249–260
Podani J., 1999. Extending Gower’s General Coefficient of Similarity to Ordinal Characters.
Source: Taxon 48(2), 331–340
Podgaiski L.R., Joner F., Lavorel S., Moretti M., Ibanez S., Mendonça Jr M.D.S., Pillar V.D.,
2013. Spider Trait Assembly Patterns and Resilience under Fire-Induced Vegetation
Change in South Brazilian Grasslands. PLoS ONE 8(3), p.e60207
Pollet M. & Desender K., 1987. Feeding ecology of grassland-inhabiting carabid beetles
(Carabidae Coleoptera) in relation to the availability of some prey groups. Acta
Phytopathologica et Entomologica Hungarica 22(1–4), 223–246

311

Pöyry J., Lindgren S., Salminen J. & Kuussaari M., 2004. Restoration of butterfly and moth
communities in semi-natural grasslands by cattle grazing. Ecological Applications 14(6),
1656–1670
Pozsgai G., Baird J., Littlewood N.A., Pakeman R.J. & Young M.R., 2016. Long-term changes in
ground beetle (Coleoptera: Carabidae) assemblages in Scotland. Ecological Entomology
41(2), 157–167
Pratt H.D. & Stojanovich C.J., 1966. Acarina: Illustrated key to some common adult female
mites and adult ticks. Pictorial keys. Arthropods reptiles birds and mammals of public
health significance, 26–37
Pryke J.S. & Samways M.J., 2014. Conserving natural heterogeneity is crucial for designing
effective ecological networks. Landscape Ecology 30(4), 595–607
Purschke O., Schmid B.C., Sykes M.T., Poschlod P., Michalski S.G., Durka W., Kühn I., Winter
M. & Prentice H.C., 2013. Contrasting changes in taxonomic phylogenetic and functional
diversity during a long-term succession: insights into assembly processes. Journal of
Ecology 101(4), 857–866
Purtauf T., Dauber J. & Wolters V., 2005. The response of carabids to landscape simplification
differs between trophic groups. Oecologia 142, 458–464
Pyatt D.G. & John A.L., 1989. Modelling volume changes in peat under conifer plantations.
Journal of Soil Science 40(4), 695–706
Raeymaekers G., Sundseth K. & Gazenbeek A., 1999. Conserving mires in the European
Union. Office for Official Publications of the European Communities 216
Rainio J. & Niemelä J., 2003. Ground beetles (Coleoptera: Carabidae) as bioindicators.
Biodiversity and Conservation 12, 487–506
Rainio J. & Niemelä J.K., 2003. Ground beetles ( Coleoptera : Carabidae ) as bioindicators.
Biodiversity and Conservation 12, 487–506
Rákosy L. & Schmitt T., 2011. Are butterflies and moths suitable ecological indicator systems
for restoration measures of semi-natural calcareous grassland habitats? Ecological
Indicators 11, 1040–1045
Ramchunder S.J., Brown L.E. & Holden J., 2012. Catchment-scale peatland restoration
benefits stream ecosystem biodiversity. Journal of Applied Ecology 49(1), 182–191
Ramchunder S.J., Brown L.E. & Holden J., 2009. Environmental effects of drainage drainblocking and prescribed vegetation burning in UK upland peatlands. Progress in Physical
Geography 33(1), 49–79
Ramsar Convention 2013. The Ramsar Convention Manual: a guide to the Convention on
Wetlands
(Ramsar
Iran
1971)
Gland.
Available
at:
https://www.ramsar.org/sites/default/files/documents/library/manual6-2013-e.pdf
[Accessed April 16 2018].
Ratcliffe D.A., 1986. The effects of afforestation on the wildlife of open habitats. In Jenkins
D..Trees and Wildlife in the Scottish Uplands. Banchory: Institute of Terrestrial Ecology
Raupach M.J., Astrin J.J., Hanni, K., Peters M.K., Stoeckle M.Y. & Wägele J.W., 2010.
Molecular species identification of Central European ground beetles (Coleoptera:
Carabidae) using nuclear rDNA expansion segments and DNA barcodes. Frontiers in
Zoology 7, 26
Reardon B.J., Sumerford D.V. & Sappington T.W., 2006. Impact of trap design windbreaks
and weather on captures of European corn borer (Lepidoptera: Crambidae) in
pheromone-baited traps. Journal of Economic Entomology 99(6), 2002–2009
Reed M.S., Buckmaster S., Moxey A., Keenleyside C., Fazey I., Scott A., Thomson K., Thorp S.,
Anderson R., Bateman I., Bryce R., Christie M., Glass J., Hubacek K., Quinn C., Maffey G.,
Midgely A., Robinson G., Stringer L., Lowe P., Slee B., 2010. Policy Options for Sustainable
Management of UK Peatlands. IUCN UK Commission of Inquiry on Peatlands

312

Reed M.S., Bonn A., Evans C., Glenk K. & Hansjurgens B., 2014. Assessing and valuing
peatland ecosystem services for sustainable management. Ecosystem Services 9, 1–4
Relys V., Koponen S. & Dapkus D., 2002. Annual differences and species turnover in peat bog
spider communities. The Journal of Arachnology 30, 416–424
Remm L., Lõhmus P., Leis M. & Lõhmus A., 2013. Long-Term Impacts of Forest Ditching on
Non-Aquatic Biodiversity: Conservation Perspectives for a Novel Ecosystem. PLoS ONE
8(4), p.e63086
Renöfält B.M., Nilsson C. & Jansson R., 2005. Spatial and temporal patterns of species
richness in a riparian landscape. Journal of Biogeography 32(11), 2025–2037
Rey Benayas J.M.R.,Newton A.C., Diaz A. & Bullock J.M., 2009. Enhancement of biodiversity
and ecosystem services by ecological restoration: a meta-analysis. Science 325(5944),
1121–1124
Ribera I.,Foster G.N., Downie I.S., McCracken D.I. & Abernethy V.J., 1999. A comparative
study of the morphology and life traits of Scottish ground beetles (Coleoptera Carabidae).
Annales Zoologici Fennici 36(1), 21–37
Ribera I., Dolédec S., Downie I.S. & Foster G.N., 2001. Effect of land disturbance and stress on
species traits of ground beetle assemblages. Ecology 82(4), 1112–1119
Rich C. & Longcore T., 2006. Ecological consequences of artificial night lighting. Island Press.
Ricketts T.H., Daily G.C. & Ehrlich P.R., 2002. Does butterfly diversity predict moth diversity?
Testing a popular indicator taxon at local scales. Biological Conservation 103(3), 361–370
Riemann J.C., Ndriantsoa S.H., Rödel M.O. & Glos J., 2017. Functional diversity in a
fragmented landscape — Habitat alterations affect functional trait composition of frog
assemblages in Madagascar. Global Ecology and Conservation 10, 173–183
Rink M. & Sinsch U., 2007. Radio-telemetric monitoring of dispersing stag beetles:
implications for conservation. Journal of Zoology 272(3), 235–243
Roberts S.D., Harrington C.A. & Terry T.A., 2005. Harvest residue and competing vegetation
affect soil moisture soil temperature N availability and Douglas-fir seedling growth. Forest
Ecology and Management 205, 333–350
Robinson G.S., Ackery P.R., Kitching I.J., Beccaloni G.W. & Hernandez L.M., 2010. HOSTS - A
database of the World’s Lepidopteran Hostplants. Natural History Museum London.
Available at: http://www.nhm.ac.uk/hosts [Accessed August 18 2010]
Robinson S.K. & Holmes R.T., 1982. Foraging Behavior of Forest Birds: The Relationships
Among Search Tactics Diet and Habitat Structure. Ecology 63(6), 1918
Robroek B.J.M., Jassey V.E., Payne R.J., Martí M., Bragazza L., Bleeker A., Buttler A., Caporn
S.J., Dise N.B., Kattge J. & Zając K., 2017. Taxonomic and functional turnover are
decoupled in European peat bogs. Nature Communications 8(1), 1161
Rochefort L., 2000. Sphagnum-A keystone genus in habitat restoration. The Bryologist 103(3),
503–508
Rochefort L. & Andersen R., 2017. Global Peatland Restoration after 30 years: where are we
in this mossy world? Restoration Ecology 25(2), 269–270
Rochefort L. & Lode E., 2006. Boreal Peatland Ecosystems: Restoration of Degraded Boreal
Peatlands. Ecological Studies 188, 382–423
Rodríguez-Gironés M.A. & Santamaría L., 2006. A new algorithm to calculate the nestedness
temperature of presence-absence matrices. Journal of Biogeography 33(5), 924–935
Rosenberg D.M., Danks H.V. & Lehmkuhl D.M., 1986. Importance of insects in environmental
impact assessment. Environmental Management 10(6), 773–783
Roulet N.T., Lafleur P.M., Richard P.J., Moore T.R., Humphreys E.R. & Bubier J.I.L.L., 2007.
Contemporary carbon balance and late Holocene carbon accumulation in a northern
peatland. Global Change Biology 13(2), 397–411
Roulet N.T., 2000. Peatlands carbon storage greenhouse gases and the Kyoto Protocol:
Prospects and significance for Canada. Wetlands 20(4), 605–615

313

Roume A., Deconchat M., Raison L., Balent G. & Ouin A., 2011. Edge effects on ground
beetles at the woodlot-field interface are short-range and asymmetrical. Agricultural and
Forest Entomology 13(4), 395–403
Rowell T.A., 1988. The peatland management handbook Available at:
http://jncc.defra.gov.uk/pdf/Pub88_Peatland_management_handbook_PRINT.pdf
[Accessed April 12 2018]
RSPB 2009. Acquisition and management of Forsinain & Dyke Forest Blocks Available at:
http://scotland.forestry.gov.uk/images/corporate/pdf/RSPBProjectBusinessplan.pdf
RSPB 2011a. Bringing life back to the bogs. Royal Society for the Protection of Birds. Available
at: https://www.rspb.org.uk/Images/flowcountry_tcm9-286460.pdf [Accessed October
12 2017]
RSPB 2011b. Realising the Benefits of Peatlands Overcoming policy barriers to peatland
restoration Edinburgh
RSPB-IUCN 2011. RSPB Forsinard Flows nature reserve - Summary of restoration work &
monitoring. Available at: http://www.iucn-uk-peatlandprogramme.org/sites/www.iucnuk-peatlandprogramme.org/files/RSPB Forsinard Flows Research and Monitoring Feb
2011.pdf [Accessed November 21 2017]
Rudolphi J. & Gustafsson L., 2005. Effects of forest-fuel harvesting on the amount of
deadwood on clear-cuts. Scandinavian Journal of Forest Research 20(3), 235–242
Ruiz-Jaen M.C. & Aide T.M., 2005. Restoration success: How is it being measured?
Restoration Ecology 13(3), 569–577
Runtz M.W.P. & Peck S.B., 1994. The beetle fauna of a mature spruce-Sphagnum bog
Algonquin Oark Ontario; Ecological implications of the species composition. Memoirs of
the Entomological Society of Canada 126(169), 161–171
Russell N., 2015. NE Dyke Forest to Bog Acquisition and management Available at:
http://scotland.forestry.gov.uk/images/corporate/nfls/rspb-business-plan.pdf [Accessed
January 8 2018]
Rykken J.J., Capen D.E. & Mahabir S.P., 1997. Ground Beetles as Indicators of Land Type
Diversity in the Green Mountains of Vermont. Conservation Biology 11(2), 522–530
Rykken J.J., Jepson P.C. & Moldenke A.R., 2011. Ground-dwelling arthropod distribution and
movement across a fragmented riparian forest. Northwest Science 85(4), 527–541
Samu F., Kádár F., Onodi G., Kertész M., Szirányi A., Szita É., Fetykó K., Neidert D., Botos E. &
Altbäcker V., 2010. Differential ecological responses of two generalist arthropod groups
spiders and carabid beetles (Araneae Carabidae) to the effects of wildfire. Community
Ecology 11(2), 129–139
Samways M.J., 2006. Insect Conservation: A Synthetic Management Approach. Annual review
of entomology 52, 465–487
Sanderson R.A., Rushton S.P., Cherrill A.J. & Byrne J.P., 1995. Soil Vegetation and Space: An
Analysis of Their Effects on the Invertebrate Communities of a Moorland in North-East
England. The Journal of Applied Ecology 32(3), 506
Sapia M., Lövei G.L. & Elek Z., 2006. Effects of varying sampling effort on the observed
diversity of carabid (Coleoptera: Carabidae) assemblages in the Danglobe Project
Denmark. Entomologica Fennica 17, 345–350
Schägner J.P. & Schaller L., 2008. Is peatland restoration a cost-effective measure for climate
protection? An ecologically extended cost-benefit-analysis. In After Wise Use – The Future
of Peatlands Proceedings of the 13th International Peat Congress: Peatland After-Use.
International Peatland Society
Schikora H.B., 1994. Changes in the terrestrial spider fauna (Arachnida: Araneae) of a North
German raised bog disturbed by human influence. 1964-195 and 1986-1987: A
comparison. Memoirs of the Entomological Society of Canada 126(169), 61–71

314

Schleuter D., Daufresne M., Massol F. & Argillier C., 2010. A user’s guide to functional
diversity indices. Ecological Monographs 80(3), 469–484
Schwarz H.H., Starrach M. & Koulianos S., 1998. Host specificity and permanence of
associations between mesostigmatic mites (Acari: Anactinotrichida) and burying beetles
(Coleoptera: Silphidae: Nicrophorus). Journal of Natural History 32(2), 159–172
Schweiger O., Maelfait J.P., Van Wingerden W.K.R.E., Hendrickx F., Billeter R., Speelmans M.,
Augenstein I., Aukema B., Aviron S., Bailey D. & Bukacek R., 2005. Quantifying the impact
of environmental factors on arthropod communities in agricultural landscapes across
organizational levels and spatial scales. Journal of Applied Ecology 42(6), 1129–1139
Scott A.G., Oxford G.S. & Selden P.A., 2006. Epigeic spiders as ecological indicators of
conservation value for peat bogs. Biological Conservation 127(4), 420–428
Scottish Executive 2004. Scotland’s Biodiversity: It’s in your Hands Edinburgh. Available at:
http://www.gov.scot/Resource/Doc/25954/0014583.pdf [Accessed April 24 2018]
Scottish Government 2009. Climate Change (Scotland) Act 2009 (asp 12) Edinburgh Available
at: http://www.legislation.gov.uk/asp/2009/12/pdfs/asp_20090012_en.pdf [Accessed
March 27 2018]
Scottish Government 2011. Wildlife and Nature Environment (Scotland) Act 2011. Edinburgh.
Available at: http://www.legislation.gov.uk/asp/2011/6/contents [Accessed March 27
2018]
Scottish Government 2016. Getting the best from our land. A land use strategy for Scotland
2016-2021 Edinburgh. Available at: http://www.gov.scot/Resource/0050/00505253.pdf
[Accessed March 27 2018]
Seifert B., 1988. A taxonomic revision of the Myrmica species of Europe Asia minor and
Caucasus
(Hymenoptera
Formicidae).
Abhandlungen
und
Berichte
des
Naturkundemuseums Görlitz 62, 1–75
Sekar S., 2012. A meta-analysis of the traits affecting dispersal ability in butterflies: Can
wingspan be used as a proxy? Journal of Animal Ecology 81(1), 174–184
Seniczak A., Seniczak S., Mistrzak M., Nowicka A. & Krasicka-Korczyoska E.,2013. Moss mites
(Acari Oribatida) at the edges of bog lakes and pools in Brodnica Lakeland and Orawa–
Nowy-Targ Basin (Poland). Biological Letters 50(2), 105–112
Seniczak A., 2011. Oribatid mites (Acari Oribatida) and their seasonal dynamics in a floating
bog mat in Jeziorka Kozie Reserve Tuchola Forest (Poland). Biological Letters 48(1), 3–11
SER 2002. The SER Primer on Ecological Restoration 1st Editio. Available at:
https://nau.edu/uploadedFiles/Centers-Institutes/ERI/_Forms/Resources/ser-primer.pdf
Shannon E.C. 1948. A mathematical theory of communication Part I Part II. Bell Syst. Tech. J.
27 623–656
Shantz M.A. & Price J.S., 2006. Hydrological changes following restoration of the Bois-des-Bel
Peatland Quebec 1999-2002. Journal of Hydrology 331(3–4), 543–553
Shevlin K.D., Hennessy R., Dillon A.B., O'Dea P., Griffin C.T. & Williams C.D., 2017. Stumpharvesting for bioenergy probably has transient impacts on abundance richness and
community structure of beetle assemblages. Agricultural and Forest Entomology 19(4),
388–399
Shibuya S., Kubota K., Ohsawa M. & Kikvidze Z., 2011. Assembly rules for ground beetle
communities: What determines community structure environmental factors or
competition?. European Journal of Entomology 108, 456-459
Shotbolt L., Anderson A.R. & Townend J., 1998. Changes to blanket bog adjoining forest
plots at Bad a Cheo Rumster Forest Caithness. Forestry 71(4), 311–324
Siegel D.I., 1988. The Recharge-Discharge Function of Wetlands Near Juneau Alaska: Part II.
Geochemical Investigations. Ground Water 26(5), 580–586
Silvan N., Laiho R. & Vasander H., 2000. Changes in mesofauna abundance in peat soils
drained for forestry. Forest Ecology and Management 133(1–2), 127–133

315

Similä M., Aapala K. & Penttinen J., 2014. Ecological restoration in drained peatlands - best
practices from Finland. Available at: http://julkaisut.metsa.fi/julkaisut/show/1733
[Accessed 06/03/2016]
Simpson E.H., 1949. Measurement of Diversity. Nature 163(4148), 688–688
Skalski T., Kedzior R. & Radecki-Pawlik A., 2012. Riverine ground beetles as indicators of
inundation frequency of mountain stream: a case study of the Ochotnica Stream
Southern Poland. Baltic Journal of Coleopterology 12(2), 117–126
Slade E.M., Mann, D.J., Villanueva, J.F. and Lewis, O.T.,2007. Experimental evidence for the
effects of dung beetle functional group richness and composition on ecosystem function
in a tropical forest. Journal of Animal Ecology 76(6), 1094–1104
Slade E.M., Merckx T., Riutta T., Bebber D.P., Redhead D., Riordan P. & Macdonald D.W.,
2013. Life-history traits and landscape characteristics predict macro-moth responses to
forest fragmentation. Ecology 94(7), 1519–1530
Slade E.M., Mann D.J. & Lewis O.T., 2011. Biodiversity and ecosystem function of tropical
forest dung beetles under contrasting logging regimes. Biological Conservation 144(1),
166–174
Slingsby J.A. & Verboom G.A., 2006. Phylogenetic relatedness limits co-occurrence at fine
spatial scales: evidence from the schoenoid sedges (Cyperaceae: Schoeneae) of the Cape
Floristic Region South Africa. The American naturalist 168(1), 14–27
Smethurst P.J. & Nambiar E.K.S., 1990. Effects of slash and litter management on fluxes of
nitrogen and tree growth in a young Pinus radiata plantation. Canadian Journal of Forest
Research 20(9), 1498–1507
Smith C., Lowe A.T., Skinner M.F., Beets P.N., Schoenholtz S.H. & Fang S., 2000. Response of
radiata pine forests to residue management and fertilisation across a fertility gradient in
New Zealand. Forest Ecology and Management 138(1–3), 203–223
Smith J., Nayak D.R. & Smith P., 2014. Wind farms on undegraded peatlands are unlikely to
reduce future carbon emissions. Energy Policy 66, 585–591
Smolander A., Kitunen V., Kukkola M. & Tamminen P., 2013. Response of soil organic layer
characteristics to logging residues in three Scots pine thinning stands. Soil Biology and
Biochemistry 66, 51–59
SNH 2006. A Proposal to declare a new Flows National Nature Reserve with approved body
status for the Royal Society for the Protection of Birds Available at:
http://www.snh.org.uk/data/boards_and_committees/main_board_papers/2006May16/Flows.pdf [Accessed March 16 2018]
SNH 2001. Boglands Scotland’s Living Landscapes Scottish Natural Heritage ed. Scottish
Natural Heritage. Available at: https://www.nature.scot/sites/default/files/Publication
2003 - Scotland%27s Living Landscapes - Boglands.pdf [Accessed March 18 2018]
SNH 2015a. Making space for natural processes: forest to bog restoration at RSPB Forsinard
Flows Reserve Climate change adaptation case study #2 Available at:
https://www.nature.scot/sites/default/files/2017-07/Make space for natural processes Forsinard Flows - Flows final web draft 3.pdf [Accessed March 16 2018]
SNH 2015b. Scotland’s National Peatland Plan Available at: http://www.snh.gov.uk/climatechange/taking-action/carbon-management/peatland-action/national-peatland-plan/
SNH 2014. Scotland’s Wild Deer - A National Approach. Including 2015-2020 Priorities
Edinburgh.
Available
at:
https://www.nature.scot/sites/default/files/201706/A1594721.pdf [Accessed March 27 2018]
Soga M., Kanno N., Yamaura Y. & Koike S., 2013. Patch size determines the strength of edge
effects on carabid beetle assemblages in urban remnant forests. Journal of Insect
Conservation 17(2), 421–428
Soudzilovskaia N.A., van Bodegom P.M. & Cornelissen J.H.C., 2013. Dominant bryophyte
control over high-latitude soil temperature fluctuations predicted by heat transfer traits

316

field moisture regime and laws of thermal insulation. Functional Ecology 27(6), 1442–
1454
Southwood T.R.E., 1977. Habitat the Templet for Ecological Strategies? The Journal of Animal
Ecology 46(2), 337-365
Southwood T.R.E., 1988. Tactics Strategies and Templets. Oikos 52(1), 3-18
Southwood T.R.E. & Henderson P.A., 2000. Ecological Methods Third. Blackwell Publishing.
Spake R., Barsoum N., Newton A.C. & Doncaster C.P., 2016. Drivers of the composition and
diversity of carabid functional traits in UK coniferous plantations. Forest Ecology and
Management 359,300–308
Sparks T.H., Roy D.B. & Dennis R.L.H., 2005. The influence of temperature on migration of
Lepidoptera into Britain. Global Change Biology 11(3), 507–514
Spasojevic M.J. & Suding K.N., 2012. Inferring community assembly mechanisms from
functional diversity patterns: the importance of multiple assembly processes. Journal of
Ecology 100(3), 652–661
Speight M.C.D. & Castella E., 2001. An approach to interpretation of lists of insects using
digitised biological information about the species. Journal of Insect Conservation 5(2),
131–139
Spence J.R. & Niemelä J.K., 1994. Sampling carabid assemblages with pitfall traps: The
madness and the method. The Canadian Entomologist 126(3), 881–894
Spitzer K. & Jaros J., 1993. Lepidoptera associated with the Cervene Blato bog (Central
Europe): Conservation implications. European Journal of Entomology 90(3), 323–336
Spitzer K., Bezděk A. & Jaroš J., 1999. Ecological succession of a relict Central European peat
bog and variability of its insect biodiversity. Journal of Insect Conservation 3(2), 97–106
Spitzer K. & Danks H.V., 2006. Insect biodiversity of boreal peat bogs. Annual review of
entomology 51, 137–161
Squire T. & Newman R.A., 2009. Fine-scale population structure in the wood frog (Rana
sylvatica) in a northern woodland. Herpetologica 58(1), 119–130
Srivastava D.S. & Vellend M., 2005. Biodiversity-Ecosystem Function Research: Is It Relevant
to Conservation? Annual Review of Ecology Evolution and Systematics 36(1), 267–294
Štambuk A. & Erben R., 2002. Wolf spiders (Araneae: Lycosidae) on the overgrowing peat
bog in Dubravica (north-western Croatia). Arachnologische Mitteilungen 24, 19–34
Stancic Z., Brigic A. & Vujcic-Karlo S., 2010. The carabid beetle fauna (Coleoptera Carabidae)
of a traditional garden in the Hrvatsko Zagorje region. Periodicum Biologorum 112(2),
193–199
Standen V., 1999. abundance in open and forested pool complexes in the Sutherland Flows.
217(1998), 209–217
State of Nature 2013. State of Nature 2013. The State of Nature partnership 1–92. Available
at: www.rspb.org.uk/stateofnature.
State
of
Nature
2016.
State
of
Nature
2016
Available
at:
https://www.bto.org/sites/default/files/publications/state-of-nature-report-2016-uk.pdf
[Accessed February 16 2018].
Stevens V.M., Trochet A., Van Dyck H., Clobert J. & Baguette M., 2012. How is dispersal
integrated in life histories: a quantitative analysis using butterflies. Ecology Letters 15(1),
74–86
Stewart J.A., 2001. Some spiders of Flanders Moss. The Forth Naturalist and Historian 24.
Available at: http://www.stir.ac.uk/departments/naturalsciences/Forth_naturalist
Stork N.E., 1988. Insect diversity: facts fiction and speculation. Biological Journal of the
Linnean Society 35(January), 321–337
Stroud D.A., Reed T.M., Pienkowski M.W. & Lindsay R.A. 1987. Birds bogs and forestry. The
peatlands of Caithness and Sutherland. Nature Conservancy Council.Available
at:http://www.jncc.gov.uk/page-4322

317

Sudduth E.B., Hassett B.A., Cada P. & Bernhardt E.S., 2011. Testing the Field of Dreams
Hypothesis: functional responses to urbanization and restoration in stream ecosystems.
Ecological Applications 21(6), 1972–1988
Suding K.N., Gross K.L. & Houseman G.R., 2004. Alternative states and positive feedbacks in
restoration ecology. Trends in Ecology and Evolution 19(1), 46–53
Summerville K.S., 2014. Do seasonal temperatures species traits and nearby timber harvest
predict variation in moth species richness and abundance in unlogged deciduous forests?
Agricultural and Forest Entomology 16(1), 80–86
Summerville K.S., 2013. Forest lepidopteran communities are more resilient to shelterwood
harvests compared to more intensive logging regimes. Ecological Applications 23(5),
1101–1112
Summerville K.S. & Crist T.O., 2004. Contrasting effects of habitat quantity and quality on
moth communities in fragmented landscapes. Ecography 27(1), 3–12
Summerville K.S. & Crist T.O., 2001. Effects of experimental habitat fragmentation on patch
size by butterflies and skippers (Lepidoptera). Ecology 82(5), 1360–1370
Summerville K.S. & Crist T.O., 2002. Effects of timber harvest on forest Lepidoptera:
community guild and species responses. Ecological Applications 12(3), 820–835
Summerville K.S., Ritter L.M. & Crist T.O., 2004. Forest moth taxa as indicators of
lepidopteran richness and habitat disturbance: A preliminary assessment. Biological
Conservation 116, 9–18
Sunderland K.D., 1995. Density estimation for invertebrate predators in agroecosystems.
Acta Jutlandica 70(2), 133–164
Sunderland K.D., 1975. The Diet of some Predatory Arthropods in Cereal Crops. The Journal
of Applied Ecology 12(2), 507
Sushko G., 2014. Spatial distribution of epigeic beetles (Insecta Coleoptera) in the Yelnia
peat bog. 14(2), 151–162
Swain N. & Usher M., 2004. Harvestmen associated with the restoration of habitats at
Flanders Moss. The Forth Naturalist and Historian 27. Available at:
http://www.stir.ac.uk/departments/naturalsciences/Forth_naturalist
Swart R.C., Pryke J.S. & Roets F., 2017. Arthropod assemblages deep in natural forests show
different responses to surrounding land use. Biodiversity and Conservation 27(3), 583–
606
Swenson N.G., 2014. Functional and Phylogenetic Ecology in R. Springer.
Swindles G.T., Green S.M., Brown L., Holden J., Raby C.L., Turner T.E., Smart R., Peacock M. &
Baird A.J., 2016. Evaluating the use of dominant microbial consumers (testate amoebae)
as indicators of blanket peatland restoration. Ecological Indicators 69, 318–330
Symondson W.O.C., 2004. Coleoptera (Carabidae Staphylinidae Lampyridae Drilidae and
Silphidae) as predators of terrestrial gastropods. Natural enemies of terrestrial molluscs,
37-84
Taillefer A.G. & Wheeler T.A., 2013. Animal Colonization of Restored Peatlands: Inoculation
of Plant Material as a Source of Insects. Restoration Ecology 21(1), 140–144
Taillefer A.G. & Wheeler T. A., 2012. Community assembly of Diptera following restoration of
mined boreal bogs: Taxonomic and functional diversity. Journal of Insect Conservation
16(2), 165–176
Tallis J.H. & Livett E.A., 1994. Pool-and-Hummock Patterning in a Southern Pennine Blanket
Mire I. Stratigraphic Profiles for the Last 2800 Years. The Journal of Ecology 82(4), 775-788
Taylor C.M., 1984. The return of nursing mixtures. Forestry and British Timber 14(5), 18–19
Temperton V., Hobbs R.J., Nuttle T. & Halle S., 2004. Assembly rules and restoration ecology:
bridging the gap between theory and practice (Vol. 5). Island Press

318

Tenenhaus M. & Young F.W., 1985. An analysis and synthesis of multiple correspondence
analysis optimal scaling dual scaling homogeneity analysis and other methods for
quantifying categorical multivariate data. Psychometrika 50(1), 91–119
Tews J., Brose U., Grimm V., Tielbörger K., Wichmann M.C., Schwager M. & Jeltsch F., 2004.
Animal species diversity driven by habitat heterogeneity/diversity: the importance of
keystone structures. Journal of Biogeography 31(1), 79–92
The Scottish Government 2013. 2020 Challenge for Scotland’s Biodiversity.
Thiele H.U., 2012. Carabid beetles in their environments: a study on habitat selection by
adaptations in physiology and behaviour. Springer Science & Business Media.
Thiffault E.A. & Samuel L., 2015. Forest Biomass Harvesting: Best Practices and Ecological
Issues in the Canadian Boreal Forest. Canadian Forest Service Nature Québec.
Thomas C.F.G., Parkinson L., Griffiths G.J.K., Garcia A.F. & Marshall E.J.P., 2001. Aggregation
and temporal stability of carabid beetle distributions in field and hedgerow habitats.
Journal of Applied Ecology 38(1), 100–116
Thomas C.F.G., Parkinson L. & Marshall E.J.P., 1998. Isolating the Components of ActivityDensity for the Carabid Beetle Pterostichus melanarius in Isolating the components of
activity-density for the carabid beetle Pterostichus melanarius in farmland. Oecologia
1162(116), 103–112
Thompson K., Hillier S.H., Grime J.P., Bossard C.C. & Band S.R., 1996. A functional analysis of
a limestone grassland community. Journal of Vegetation Science 7(3), 371–380
Tikoca S., Hodge S., Tuiwawa M., Brodie G., Pene S. & Clayton J., 2016. An appraisal of
sampling methods and effort for investigating moth assemblages in a Fijian forest. Austral
Entomology 55(4), 455–462
Tilling S.M., 1987. A key to major groups of British terrestrial invertebrates. In ADIGAP
Project. Field Studies Council, 695–766
Tilman D., 2000. Causes consequences and ethics of biodiversity. Nature 405(6783), 208–211
Tilman D., 2001. Functional Diversity. In S. A. Levin ed. Enciclopedia of Biodiversity Volume 3.
Academic Press, 109–120
Tilman D., Knops J., Wedin D., Reich P., Ritchie M. & Siemann E., 1997. The Influence of
Functional Diversity and Composition on Ecosystem Processes. Science 277(5330), 1300–
1302
Timmermann T., Margóczi K., Takács G. & Vegelin K., 2006. Restoration of peat-forming
vegetation by rewetting species-poor fen grasslands. Applied Vegetation Science 9(2),
241–250
Tischendorf L., Irmler U. & Hingst R., 1998. A simulation experiment on the potential of
hedgerows as movement corridors for forest carabids. Ecological Modelling 106(2–3),
107–118
Tjiurutue M.C., Sandler H.A., Kersch-Becker M.F., Theis N. & Adler L.S., 2017. Gypsy moth
herbivory induced volatiles and reduced parasite attachment to cranberry hosts.
Oecologia 185(1), 133–145
Tod M.E., 1973. Notes on beetle predators of molluscs. Entomologist 106(1324), 196–201
Topping C.J. & Sunderland K.D., 1992. Limitations to the Use of Pitfall Traps in Ecological
Studies Exemplified by a Study of Spiders in a Field of Winter Wheat. The Journal of
Applied Ecology 29(2), 485-491
Towers N.M., 2004. Invertebrate community structure along a habitat-patch size gradient
within a bog pool complex. University of Edinburgh Thesis. Available at:
http://hdl.handle.net/1842/435
Townsend M., Clifton J. & Goodey B., 2010. British and Irish moths: an illustrated guide to
selected difficult species (covering the use of genitalia characters and other features)
Butterfly Conservation

319

Truxa C. & Fiedler K., 2012. Attraction to light - from how far do moths (Lepidoptera) return
to weak artificial sources of light? European Journal of Entomology 109(1), 77–84
Tscharntke T., Steffan-Dewenter I., Kruess A. & Thies C., 2002. Characteristics of insect
populations on habitat fragments: A mini review. Ecological Research 17(2), 229–239
Tuner R.K. & Daily G.C., 2008. The ecosystem services framework and natural capital
conservation. Environmental and Resource Economics 39, 25-35
Turetsky M.R. & Louis V.S., 2006. Disturbance in Boreal Peatlands. Boreal Peatland
Ecosystems 188, 359–379
Turin H. & den Boer P.J., 1988. Changes in the distribution of carabid beetles in The
Netherlands since 1880. II. Isolation of habitats and long-term time trends in the
occurence of carabid species with different powers of dispersal (Coleoptera Carabidae).
Biological Conservation 44(3), 179–200
Uetz G.W., 1979. The influence of variation in litter habitats on spider communities.
Oecologia 40(1), 29–42
Uetz G.W. & Unzicker J.D., 1979. Pitfall Trapping in Ecological Studies of Wandering Spiders.
The Journal of Arachnology 3, 101–111
UK CCC 2011. How well is Scotland preparing for Cli mate Change? London. Available at:
https://www.theccc.org.uk/wp-content/uploads/2011/11/ASC-ScotlandReport_INTERACTIVE.pdf [Accessed February 20 2018]
UK National Ecosystem Assessment 2011. UK National Ecosystem Assessment Synthesis of
the
Key
Findings.
Unepwcmc
Cambridge
p.87.
Available
at:
http://www.mendeley.com/research/uk-national-ecosystem-assessment-synthesis-keyfindings/
UK Parliament 1988. HANSARD 1803-2005. Lords Sitting of 17 February 1988 (Hansard).
654–666.
Available
at:
https://api.parliament.uk/historichansard/lords/1988/feb/17/nature-conservancy-council [Accessed April 12 2018]
Ulrich W., Almeida-Neto M. & Gotelli N.J., 2009. A consumer’s guide to nestedness analysis.
Oikos 118(1), 3–17
United Nations 1992. Convention on Biological Diversity Rio de Janeiro. Available at:
https://www.cbd.int/doc/legal/cbd-en.pdf [Accessed March 27 2018]
Unwin D.M., 2001. A key to the families of British Bugs (Insecta Hemiptera). In ADIGAP
Project. Field Studies Council, 1–35
Unwin D.M., 1988. key to the families of British beetles. Field Studies (1984). In Field Studies
Council, 149–197
Usher M.B., Field J.P. & Bedford S.E., 1993. Biogeography and Diversity of Ground-Dwelling
Arthropods in Farm Woodlands. Biodiversity Letters 1(2), 54-62
Vanbergen A.J., Woodcock B.A., Watt A.D. & Niemelä J., 2005. Effect of land-use
heterogeneity on carabid communities at the landscape scale. Ecography 28(1), 3–16
Vance E.D., 2000. Agricultural site productivity: principles derived from long-term
experiments and their implications for intensively managed forests. Forest Ecology and
Management 138(1–3), 369–396
Vasander H., 1982. Plant biomass and production in virgin drained and fertilized sites in a
raised bog in southern Finland. Annales Botanici Fennici 19(2), 103–125
Vasander H., Tuittila E.S., Lode E., Lundin L., Ilomets M., Sallantaus T., Heikkilä R., Pitkänen
M.L. & Laine J., 2003. Status and restoration of peatlands in northern Europe. Wetlands
Ecology and Management 11(1–2), 51–63
Vaughan N., 1997. The diets of British bats (Chiroptera). Mammal Review 27(2), 77–94
Vennila S. & Rajagopal D., 1999. Optimum sampling effort for study of tropical ground
beetles (Carabidae: Coleoptera) using pitfall traps. Curr. Sci 77(2), 281–283

320

Vepsäläinen K., Savolainen R., Tiainen J. & Vilén J., 2000. Successional changes of ant
assemblages: from virgin and ditched bogs to forests. Annales Zoologici Fennici 37, 135–
149
Villéger S., Miranda J.R., Hernández D.F. & Mouillot D., 2010. Contrasting changes in
taxonomic vs. functional diversity of tropical fish communities after habitat degradation.
Ecological Applications 20(6), 1512–1522
Villéger S., Mason N.W.H. & Mouillot D., 2008. New multidimensional functional diversity
indices for a multifaceted framework in functional ecology. Ecology 89(8), 2290–2301
Violle C., Navas M.L., Vile D., Kazakou E., Fortunel C., Hummel I. & Garnier E., 2007. Let the
concept of trait be functional! Oikos 116(5), 882–892
Vitt D.H., Li Y. & Belland R.J., 1995. Patterns of Bryophyte Diversity in Peatlands of
Continental Western Canada. The Bryologist 98(2), 218-227
Vitt D.H.& Belland R.J., 1997. Attributes of Rarity among Alberta Mosses: Patterns and
Prediction of Species Diversity. The Bryologist 100(1), 1-12
De Vries H.H., Den Boer P.J. & Van Dijk T.S., 1996. Ground beetle species in heathland
fragments in relation to survival dispersal and habitat preference. Oecologia 107(3), 332–
342
De Vries H.H., 1994. Size of habitat and presence of ground beetle species. Ecology and
evolution 51, 253–259
De Vries H.H. & Den Boer P.J., 1989. Survival of Populations of Agonum ericeti Panz.
(Coleoptera Carabidae) in Relation to Fragmentation of Habitats. Netherlands Journal of
Zoology 40(3), 484–498
Waddington J.M. & Warner K., 2001. Atmospheric CO2 sequestration in restored mined
peatlands. Écoscience 8(3), 359–368
Wallin H., 1986. Habitat choice of some field-inhabiting carabid beetles (Coleoptera:
Carabidae) studied by recapture of marked individuals. Ecological Entomology 11(4), 457–
466
Wallin H. & Ekbom B., 1994. Influence of Hunger Level and Prey Densities on Movement
Patterns in Three Species of Pterostichus Beetles (Coleoptera: Carabidae). Environmental
Entomology 23(5), 1171–1181
Wamser S., Diekötter T.I.M., Boldt L., Wolters V. & Dauber J., 2012. Trait-specific effects of
habitat isolation on carabid species richness and community composition in managed
grasslands. Insect Conservation and Diversity 5(1), 9–18
Waring P. & Townsend M., 2013. Field guide to the Moths of Great Britain and Ireland. British
Wildlife Publishing
Warren C., 2000. “Birds bogs and forestry” revisited: The significance of the flow country
controversy. Scottish Geographical Journal 116(4), 315–337
Waser N.M. & Ollerton J., 2006. Plant-Pollinator interactions: From specialization to
generalization. University of Chicago Press
Watts C.H., Vojvodic-Vukovic M., Arnold G.C. & Didham R.K., 2008. A comparison of
restoration techniques to accelerate recovery of litter decomposition and microbial
activity in an experimental peat bog restoration trial. Wetlands Ecology and Management
16(3), 199–217
Watts C.H., Clarkson B.R. & Didham R.K., 2008. Rapid beetle community convergence
following experimental habitat restoration in a mined peat bog. Biological Conservation
141(2), 568–579
Watts C.H. & Didham R.K., 2006. Rapid recovery of an insect-plant interaction following
habitat loss and experimental wetland restoration. Oecologia 148(1), 61–69
Watts C.H. & Mason N.W.H., 2015. If we build - they mostly come: Partial functional recovery
but persistent compositional differences in wetland beetle community restoration.
Restoration Ecology 23(5), 555–565

321

Webb C.O., Ackerly D.D., McPeek M.A. & Donoghue M.J., 2002. Phylogenies and Community
Ecology. Annual Review of Ecology and Systematics 33(1), 475–505
Webster P. & Ireland D., 2003. Brash Management on Habitat Restoration Sites Available at:
http://www.forestry.gov.uk/website/oldsite.nsf/byunique/GGAE-5L3KEE
[Accessed
January 8 2018]
Weeks R.D. & McIntyre N.E., 1997. A comparison of live versus kill pitfall trapping techniques
using various killing agents. Entomologia Experimentalis et Applicata 82(3), 267–273
Weiher E., Clarke P. & Keddy P.A. 1998. Community assembly rules morphological dispersion
of plant species the coexistence. Oikos 81(2), 309–322
Weiher E. & Keddy P.A., 1995. Assembly Rules Null Models and Trait Dispersion: New
Questions from Old Patterns. Oikos 74(1), 159-164
Weisser W.W.& Siemann E., 2007. Insects and ecosystem function. Springer.
Weller B. & Ganzhorn J.U., 2004. Carabid beetle community composition body size and
fluctuating asymmetry along an urban-rural gradient. Basic and Applied Ecology 5(2),
193–201
Whisenant S.G., 1999. Repairing damaged wildlands: A process-orientated landscape-scale
approach. Cambridge University Press
White C.R. & Kearney M.R., 2013. Determinants of inter-specific variation in basal metabolic
rate. Journal of Comparative Physiology B 183(1), 1–26
Whitehouse N.J., Langdon P.G., Bustin R. & Galsworthy S., 2008. Fossil insects and ecosystem
dynamics in wetlands: Implications for biodiversity and conservation. Biodiversity and
Conservation 17(9), 2055–2078
Whitmee S. & Orme C.D.L., 2013. Predicting dispersal distance in mammals: a trait-based
approach. Journal of Animal Ecology 82(1), 211–221
Więcek M., Martin P. & Lipinski A., 2013. Water mites as potential long-term bioindicators in
formerly drained and rewetted raised bogs. Ecological Indicators 34, 332–335
Wieder R.K. & Vitt D.H., 2006. Boreal peatland ecosystems. Springer Science & Business
Media
Wilkie N.M. & Mayhew P.W., 2003. The management and restoration of damaged blanket
bog in the north of Scotland. Botanical Journal of Scotland 55(1), 125–133
Wilson E.O. & MacArthur R.H., 1967. The theory of island biogeography. Princeton NJ.
Wilson J.D., Anderson R., Bailey S., Chetcuti J., Cowie N.R., Hancock M.H., Quine C.P., Russell
N., Stephen L. & Thompson D.B., 2014. Modelling edge effects of mature forest
plantations on peatland waders informs landscape-scale conservation. Journal of Applied
Ecology 51(1), 204–213
Wilson L., Wilson J., Holden J., Johnstone I., Armstrong A. & Morris M., 2010. Recovery of
water tables in Welsh blanket bog after drain blocking: discharge rates time scales and
the influence of local conditions. Journal of Hydrology 391(3–4), 377–386
Wilson M.W., Gittings T., Pithon J., Kelly T.C., Irwin S. & O'Halloran J., 2012. Bird diversisty of
afforestation habitats in Ireland: current trends and likely impacts. Biology and
Environment: Proceedings of the Royal Irish Academy 112, 55–68
Wolda H., Spitzer K. & Lepš J., 1992. Stability of Environment and of Insect Populations.
Researches on Population Ecology 34(2), 213–225
Wolf A.A. & Zavaleta E.S., 2015. Species traits outweigh nested structure in driving the
effects of realistic biodiversity loss on productivity. Ecology 96(1), 90–98
Wölfling M., Becker M.C., Uhl B., Traub A. & Fiedler K., 2016. How differences in the settling
behaviour of moths (Lepidoptera) may contribute to sampling bias when using automated
light traps. European Journal of Entomology 113, 502–506
Woodcock B.A., Bullock J.M., Mortimer S.R., Brereton T., Redhead J.W., Thomas J.A. & Pywell
R.F., 2012a. Identifying time lags in the restoration of grassland butterfly communities: A
multi-site assessment. Biological Conservation 155, 50–58

322

Woodcock B.A.,Bullock J.M., Mortimer S.R. & Pywell R.F., 2012b. Limiting factors in the
restoration of UK grassland beetle assemblages. Biological Conservation 146(1), 136–143
Woodcock B.A., 2005. Pitfall trapping in ecological studies. In S. R. Leather ed. Insect
sampling in forest ecosystems. Blackwell Publishing
Woodcock B.A., Redhead J., Vanbergen A.J., Hulmes L., Hulmes S., Peyton J., Nowakowski M.,
Pywell R.F. & Heard M.S., 2010. Impact of habitat type and landscape structure on
biomass species richness and functional diversity of ground beetles. Agriculture
Ecosystems and Environment 139(1–2), 181–186
Work T.T., Buddle C.M., Korinus L.M. & Spence J.R., 2002. Pitfall Trap Size and Capture of
Three Taxa of Litter-Dwelling Arthropods: Implications for Biodiversity Studies.
Environmental Entomology 31(3), 438–448
Work T.T., Shorthouse D.P., Spence J.R., Volney W.J.A. & Langor D., 2004. Stand composition
and structure of the boreal mixedwood and epigaeic arthropods of the Ecosystem
Management Emulating Natural Disturbance (EMEND) landbase in northwestern Alberta.
Canadian Journal of Forest Research 34(2), 417–430
Work T.T. & Hibbert A., 2011. Estimating species loss of saproxylic insects under scenarios of
reduced coarse woody material in eastern boreal forests. Ecosphere 2(4), 1–11
World Energy Council 2001. Survey of Energy Resources London. Available at:
https://www.worldenergy.org/wp-content/uploads/2012/10/PUB_Survey-of-EnergyResources_2001_WEC.pdf [Accessed February 20 2018]
Worrall F., Burt T.P., Rowson J.G., Warburton J. & Adamson J.K., 2009. The multi-annual
carbon budget of a peat-covered catchment. Science of the Total Environment 407(13),
4084–4094
Wortley L., Hero J.M. & Howes M., 2013. Evaluating Ecological Restoration Success: A Review
of the Literature. Restoration Ecology 21(5), 537–543
Wright D.H., Patterson B.D., Mikkelson G.M., Cutler A. & Atmar W., 1997. A comparative
analysis of nested subset patterns of species composition. Oecologia 113(1), 1–20
Yekwayo I.,Pryke J.S., Roets F. & Samways M.J., 2017. Responses of ground living arthropods
to landscape contrast and context in a forest-grassland mosaic. Biodiversity and
Conservation 26(3), 631–651
Yela J.L. & Holyoak M., 1997. Effects of Moonlight and Meteorological Factors on Light and
Bait Trap Catches of Noctuid Moths (Lepidoptera: Noctuidae). Environmental Entomology
26(6), 1283–1290
Yoder J.A., Ark J.T., Benoit J.B., Rellinger E.J. & Gribbins K.M., 2009. Water Balance
Components in Adults of Terrestrial Red Mite Balaustium sp. (Acarina: Erythraeidae).
Annals of the Entomological Society of America 99, 560–566
Young M., 2002. The natural history of moths. T & AD Poyser.
Young T.P., 2000. Restoration ecology and conservation biology. Biological Conservation
92(1), 73–83
Young T.P., Petersen D.A. & Clary J.J., 2005. The ecology of restoration: Historical links
emerging issues and unexplored realms. Ecology Letters 8(6), 662–673
Vander Zanden J.M., Olden J.D. & Gratton C., 2006. Food-web approaches in restoration
ecology. Foundations of restoration ecology. Island Press
Zedler J.B. & Kercher S., 2005. Wetland Resources: Status Trends Ecosystem Services and
Restorability. Annual Review of Environment and Resources 30(1), 39–74
Zerva A. & Mencuccini M., 2005. Short-term effects of clearfelling on soil CO2 CH4 and N2O
fluxes in a Sitka spruce plantation. Soil Biology and Biochemistry 37(11), 2025–2036
Zirbel C.R., Bassett T., Grman E. & Brudvig L.A., 2017. Plant functional traits and
environmental conditions shape community assembly and ecosystem functioning during
restoration. Journal of Applied Ecology 54(4), 1070–1079

323

